Assessing and improving the removal of contaminants of emerging concern in intensified constructed wetlands by Auvinen, Hannele

Promoters: Prof. dr. ir. Diederik Rousseau
Department of Industrial Biological Sciences
Laboratory of Industrial Water and Ecotechnology
Prof. dr. ir. Gijs Du Laing
Department of Applied Analytical and Physical Chemistry
Laboratory of Analytical Chemistry and Applied Ecochemistry
Dean: Prof. dr. ir. Marc Van Meirvenne
Rector: Prof. dr. Anne De Paepe
Assessing and improving the removal
of contaminants of emerging concern in
intensified constructed wetlands
Hannele Auvinen
Thesis submitted in fulfillment of the requirements for the degree of
Doctor (PhD) in Applied Biological Sciences
~ 
1111111 
GHENT 
UNIVERSITY 
/T,.O., FACULTY OF 
~ BIOSCIENCE ENGINEERING 
Dutch translation of the title: Evalueren en verbeteren van de verwijdering van opkomende
micropolluenten in ge¨ıntensifieerde rietvelden
Cover illustration: Detail of an intensified full-scale constructed wetland at Huize Walden, Malle,
Belgium (by Hannele Auvinen)
Printed by: University Press, Zelzate, Belgium
Please refer to this thesis as follows:
Auvinen, H. (2017). Assessing and improving the removal of contaminants of emerging concern in
intensified constructed wetlands. PhD thesis, Faculty of Bioscience Engineering, Ghent University,
Ghent, Belgium, pp. 150.
ISBN: 978-90-5989-985-8
The author and the promoters give the authorisation to consult and to copy parts of this work for
personal use only. Every other use is subject to the copyright laws. Permission to reproduce any
material contained in this work should be obtained from the author.
Preface
Four years ago the thought of writing this preface seemed something very distant and even impossible
to imagine. I am in gratitude to many people for supporting me and for sharing their knowledge with
me. All that help has gotten me until the end of this PhD.
First of all, I would like to thank my promoters Prof. Diederik Rousseau and Prof. Gijs Du
Laing for giving me the opportunity to do my research independently and for the guidance during
these years. I am also very grateful to the members of the examination committee, Prof. Mieke
Uyttendaele, Prof. Stijn Van Hulle, Dr. Ralf Kaegi and Prof. Peter Goethals for their encouragement
and valuable comments.
In the daily work at the office and the laboratory I met many people who had an important
role in this thesis. Thank you Ann, Ellen, Joachim and Roseline for your help in the laboratory with
the analyses. Also thank you Katharina, Volker and Wilhelm for the good co-operation. My sincere
thanks go also to the master thesis students, Bryan, Iva, Laura, Laurens, Lize, Pieter-Jan and Viviana,
for the dedication you showed to our work. I would also like to thank the colleagues in the offices in
Kortrijk and at the Coupure - Bjorge, Caroline, Dave, Frederik, Han, Isabel, Ivona, Joe¨l, Lies, Mark,
Michael, Natalia, Veerle, Wim, Yannick and Yoann - for the nice talks and for all your help with the
experiments and lessons.
I also got a lot of support from the participants of the European COST action ES1205 (Engi-
neered nanomaterials from wastewater treatment & stormwater to rivers) regarding my research on
the nanoparticles. I would especially like to thank Lars and Lena, Ralf, Karen, Geert and Kela. Also,
thank you Vincent for the good and fun co-operation on our presentations.
Special thanks go to Dion for helping me with the pilot, for sharing his knowledge and especially
for being available for any questions at any time.
I would also like to thank the personnel at A.Z. Groeninge and Huize Walden, especially Jo
Dendauw, Joyce De Cokere and the technical personnel, for the co-operation and their help during
the experiments. I am also thankful to Ann-Sofie Vandendriessche and Filip Dewaele from Aquafin
for giving the opportunity to set up my experiment on Aquafin site.
Last but not least, my warmest thanks go to my families in Finland and Belgium for their
support and for being the listening ear during these years. Wouter, in the end we could say it was
a bit of a team work finishing this thesis. While I did the writing, you organized the catering, the
child care, checked my statistics, spelling and so much more. I am really honored to have you by
my side and I do not think there is a challenge we would not tackle. Nea ja Max, teita¨ haluaisin
kiitta¨a¨ kaikkein eniten. Te muistutatte aina minua siita¨ mika¨ ela¨ma¨ssa¨ oikeasti on ta¨rkea¨a¨.
Hannele
Ha¨meenlinna, 9th April 2017
i

Contents
Preface i
Contents iii
List of abbreviations vii
1 Scope and aim of this thesis 1
2 Assessing the transformations and removal of metallic nanoparticles and pharma-
ceuticals in constructed wetlands - a review 5
2.1 Introduction . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . 5
2.2 Predicted environmental concentrations of engineered nanomaterials . . . . . . . . . . 6
2.3 Possible transformation processes affecting the fate of engineered nanomaterials in con-
structed wetlands . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . 7
2.3.1 Aggregation and sedimentation . . . . . . . . . . . . . . . . . . . . . . . . . . . 7
2.3.2 Dissolution . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . 9
2.3.3 Sulfidation . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . 10
2.3.4 Attachment to solids . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . 12
2.3.5 Plant uptake . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . 14
2.4 Possible toxic effects of ENMs on the wastewater treatment process in constructed
wetlands . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . 15
2.5 Possible release of engineered nanomaterials from constructed wetlands . . . . . . . . . 17
2.6 Removal mechanisms of pharmaceuticals in constructed wetlands . . . . . . . . . . . . 18
2.6.1 Biotransformation and -degradation . . . . . . . . . . . . . . . . . . . . . . . . 19
2.6.2 Photolytic transformation and degradation . . . . . . . . . . . . . . . . . . . . 19
2.6.3 Plant uptake and phytotransformation and -degradation . . . . . . . . . . . . . 19
2.6.4 Sorption . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . 20
2.7 Description of the pharmaceuticals studied in this work . . . . . . . . . . . . . . . . . 20
2.8 Removal efficiency of pharmaceuticals in constructed wetlands . . . . . . . . . . . . . . 24
2.9 Environmental impact of pharmaceuticals in surface waters . . . . . . . . . . . . . . . 28
2.9.1 Possible adverse effects in the ecosystem . . . . . . . . . . . . . . . . . . . . . . 28
2.9.2 Effective concentrations vs. measured environmental concentrations . . . . . . 28
2.10 Conclusions . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . 32
3 Fate of citrate-coated silver nanoparticles in constructed wetlands - a microcosm
study 35
3.1 Introduction . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . 35
iii
3.2 Materials and methods . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . 36
3.2.1 Experimental design . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . 36
3.2.2 Nanoparticle suspension . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . 37
3.2.3 Total silver analysis . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . 38
3.2.4 Total organic carbon, total suspended solids, dissolved oxygen and pH . . . . . 39
3.2.5 Scanning transmission electron microscopy and energy-dispersive X-ray analysis
(STEM-EDX) . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . 39
3.2.6 Data analysis . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . 40
3.3 Results . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . 40
3.3.1 Characterization of Ag-NPs . . . . . . . . . . . . . . . . . . . . . . . . . . . . . 40
3.3.2 Dissolved oxygen (DO) and pH . . . . . . . . . . . . . . . . . . . . . . . . . . . 41
3.3.3 Total Ag mass and removal of the Ag-NPs in CWs . . . . . . . . . . . . . . . . 41
3.3.4 Distribution of Ag within the microcosms . . . . . . . . . . . . . . . . . . . . . 41
3.3.5 Correlation of TSS/TOC and total Ag content . . . . . . . . . . . . . . . . . . 43
3.3.6 Morphology and elemental composition of Ag-NP in the biofilm . . . . . . . . . 43
3.4 Discussion . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . 44
3.5 Conclusions . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . 45
4 Substrate- and plant-mediated removal of citrate-coated silver nanoparticles in
constructed wetlands 47
4.1 Introduction . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . 47
4.2 Materials and Methods . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . 48
4.2.1 Batch experiments . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . 48
4.2.2 Characterization of the nanoparticle stock suspension . . . . . . . . . . . . . . 49
4.2.3 Characterization of the substrates . . . . . . . . . . . . . . . . . . . . . . . . . 49
4.2.4 Total Ag analysis . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . 50
4.2.5 Data analysis . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . 50
4.3 Results . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . 51
4.3.1 Characterization of the nanoparticle stock suspension . . . . . . . . . . . . . . 51
4.3.2 Characterization of the solid matrices . . . . . . . . . . . . . . . . . . . . . . . 51
4.3.3 Effect of type of substrate and presence of biofilm on the removal of Ag grom
the water phase . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . 51
4.3.4 Removal of Ag-NPs in a hydroponic culture of Phragmites australis . . . . . . 52
4.4 Discussion . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . 54
4.5 Conclusions . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . 55
5 Susceptibility of constructed wetland microbial communities to silver nanoparti-
cles: a microcosm study 57
5.1 Introduction . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . 57
5.2 Materials and methods . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . 59
5.2.1 Experimental design . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . 59
5.2.2 Nanoparticle stock solutions . . . . . . . . . . . . . . . . . . . . . . . . . . . . . 60
5.2.3 Nanoparticle characterization . . . . . . . . . . . . . . . . . . . . . . . . . . . . 60
5.2.4 Water chemistry measurements . . . . . . . . . . . . . . . . . . . . . . . . . . . 62
5.2.5 Microbial community analysis . . . . . . . . . . . . . . . . . . . . . . . . . . . . 62
iv
5.3 Results and discussion . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . 64
5.3.1 Water quality . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . 64
5.3.2 Nanoparticle characterization . . . . . . . . . . . . . . . . . . . . . . . . . . . . 65
5.3.3 Microcosm microbial community impacts . . . . . . . . . . . . . . . . . . . . . 67
5.3.4 Microbial community Ag resistance . . . . . . . . . . . . . . . . . . . . . . . . . 70
5.4 Conclusions . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . 72
6 Treatment of domestic and hospital wastewater in an aerated sub-surface flow
constructed wetland 73
6.1 Introduction . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . 73
6.2 Materials and methods . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . 74
6.2.1 Experimental setup and location . . . . . . . . . . . . . . . . . . . . . . . . . . 74
6.2.2 Sampling . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . 75
6.2.3 Analysis methods . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . 76
6.2.4 Data analysis . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . 77
6.3 Results and discussion . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . 77
6.3.1 Common water quality parameters . . . . . . . . . . . . . . . . . . . . . . . . . 77
6.3.2 Occurrence of pharmaceuticals in wastewater . . . . . . . . . . . . . . . . . . . 78
6.3.3 Removal efficiency of pharmaceuticals . . . . . . . . . . . . . . . . . . . . . . . 79
6.3.4 Effect of aeration on the removal efficiency of pharmaceuticals . . . . . . . . . 82
6.4 Conclusions . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . 83
7 Pharmaceutical removal in an aerated full-scale constructed wetland and assess-
ment of its aquatic risk 85
7.1 Introduction . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . 85
7.2 Materials and methods . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . 86
7.2.1 Full-scale constructed wetland . . . . . . . . . . . . . . . . . . . . . . . . . . . 86
7.2.2 Batch experiment . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . 87
7.2.3 Analysis methods . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . 87
7.2.4 Data analysis . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . 87
7.2.5 Aquatic risk assessment . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . 88
7.3 Results . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . 88
7.3.1 Water quality based on conventional parameters during full-scale treatment . . 88
7.3.2 Dissolved oxygen concentration and pH during the batch experiment . . . . . . 88
7.3.3 Occurrence of pharmaceuticals in the influent . . . . . . . . . . . . . . . . . . . 89
7.3.4 Removal of selected pharmaceuticals during full-scale treatment . . . . . . . . . 90
7.3.5 Effect of active aeration and hydraulic retention time on the removal efficiency 90
7.3.6 Aquatic risk assessment . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . 91
7.4 Discussion . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . 91
7.5 Conclusions . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . 93
8 Synthesis 95
8.1 General discussion . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . 95
8.1.1 Engineered nanomaterials . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . 95
8.1.2 Pharmaceuticals . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . 98
v
8.2 General conclusions . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . 100
8.2.1 Engineered nanomaterials . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . 100
8.2.2 Pharmaceuticals . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . 101
8.3 Perspectives . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . 101
8.3.1 Engineered nanomaterials . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . 101
8.3.2 Pharmaceuticals . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . 102
Bibliography 103
Summary 129
Samenvatting 133
Tiivistelma¨ 137
Curriculum vitae 141
Appendix A 145
Appendix B 147
Appendix C 149
vi
List of abbreviations
ACWD Average well color development
API Active pharmaceutical ingredient
ATL Atenolol
BPEI Branched polyethyleneimine
BSP Bisoprolol
BOD5 Biological oxygen demand
CBZ Carbamazepine
CEC Contaminant of emerging concern
CEC Cation exchange capacity
CLLP Community-level physiological profiling
COD Chemical oxygen demand
CSUP Carbon source utilization pattern
CW Constructed wetland
DCF Diclofenac
DF Darf field
DGGE Denaturing gradient-gel electrophoresis
DLS Dynamic light scattering
DZP Diazepam
DNA Deoxyribonucleic acid
DO Dissolved oxygen
DOC Dissolved organic carbon
DOM Dissolved organic matter
EC50 Half maximal effective concentration
EDTA Ethylenediaminetetraacetic acid
EDX Energy-dispersive X-ray spectroscopy
ENM Engineered metallic nanomaterial
EPS Extracellular polymeric substance
EU European Union
FWS Free water-surface
GA Gum arabic
GBP Gabapentin
HAADF High-angle annular dark field
HRT Hydraulic retention time
HSSF Horizontal sub-surface flow
HQ Hazard quotient
vii
ICP-MS Inductively coupled plasma mass spectrometry
ICP-OES Inductively coupled plasma optical emission spectrometry
I.E. Inhabitant equivalent
IS Internal standard
LC-MSMS Liquid chromatography tandem mass spectrometry
LOD Limit of detection
LOEC Lowest observed effective concentration
MEC Measured environmental concentration
MFM Metformin
MTP Metoprolol
MWCO Molecular weight cut-off
n.a. Not available
NOEC No-effect concentration
NOM Natural organic matter
NP Nanoparticle
OM Organic matter
PC Principal component
PCA Principal component analysis
PCR Polymerase chain reaction
PCS Photon correlation spectroscopy
PEC Predicted environmental concentration
PNEC Predicted no-effctive concentration
PVA Polyvinyl alcohol
PVP Polyvinylpyrrolidone
RNA Ribonucleic acid
SBR Sequencing batch reactor
SF Surface flow
SDS Sodium dodecyl sulfate
SD Standard deviation
SMX Sulfamethoxazole
SPE Solid phase extraction
STL Sotalol
SRHA Suwannee river humic acid
SS Suspended solids
SSF Sub-surface flow
STEM Scanning transmission electron microscopy
TEC Trace element composition
TEM Transmission electron microscopy
TMD Tramadol
TOC Total organic carbon
TSS Total suspended solids
TST Telmisartan
UF Ultra filtration
VMM Vlaamse milieumaatschappij
viii
VSSF Vertical sub-surface flow
VST Valsartan
WWTP Wastewater treatment plant
ix

Chapter 1
Scope and aim of this thesis
Wastewater contains a wide variety of micropollutants, such as pharmaceuticals, pesticides, nanoma-
terials, fire retardants and plasticizers, in addition to the common contaminants, i.e. organic matter,
suspended solids and nutrients. The development of sensitive analytical instrumentation in the last
20 years has increased our awareness about the presence of these micropollutants in the environment,
their transformations and fate and also, about their alarming and often unforeseen environmental
effects (Noguera-Oviedo, Aga, 2016). These “new” pollutants are measured in environmental samples
mostly at very low concentrations (ng/L - µg/L) and are collectively named contaminants of emerging
concern (CECs). In this work, focus is laid on pharmaceuticals and metallic engineered nanomaterials
(ENMs). Pharmaceuticals were chosen for this study because of their widespread presence in domestic
and hospital wastewater, the two types of urban wastewater investigated in this work. Among ENMs,
silver nanoparticles (Ag-NPs) were targeted due to their various applications in household products.
Also, due to the toxicity of pharmaceuticals and Ag-NPs in the environment, it is important to study
their removal during wastewater treatment.
The Water Framework Directive (2000/60/EC and its amendments) is the corner stone of
European water policy. It aims to prevent the deterioration of the quality of surface waters, to protect
them and, where necessary, to improve the quality (European Parliament, 2000). In 2001, the first
list of so called priority substances, i.e. substances which pose a significant risk to or via the aquatic
environment, was established and environmental quality standards in surface waters were set for these
substances (European Parliament, 2001). The list includes e.g. heavy metals, industrial chemicals,
herbicides and pesticides. The priority substances list has been updated at several occasions and
in 2013, an additional watch list was established (European Parliament, 2013) and updated in 2015
(European Commission, 2015a). Although no regulations are yet applied to the substances on the
watch list, more information about the presence of these substances in European surface waters is
gathered. Several pharmaceutical compounds (diclofenac, three hormones and three antibiotics) are
on this list.
Research has shown that wastewater treatment plants are an important point source of CECs
into the environment because common wastewater treatment systems are not designed to remove these
contaminants (Carballa et al., 2004). Advanced oxidation techniques, such as ozonation, are often
brought forward as solutions to mitigate the discharge of pharmaceuticals (Audenaert et al., 2014).
However, due to their high start-up and maintenance costs and requirement for technical personnel
for operation, they cannot be considered as an option for small-scale treatment systems and remote
locations. Metallic ENMs are nowadays widely used because of their specific properties arising from
1
their small particle size and are even incorporated in many general household products (Brar et al.,
2010). The increasing production and use of these materials increases the risk of them being released
into the environment. The removal of metallic ENMs during wastewater treatment does not follow
the same principles as that of pharmaceuticals because metal contamination can only be relocated.
Pharmaceuticals are organic compounds and their biodegradation is at least theoretically possible. The
biodegradation of different pharmaceuticals is not equally efficient because of their various chemical
structures. The structure may be non-biodegradable as is for many compounds comprising polycyclic
structures and halogens. The degradation pathways of certain structures can also be incomplete and
hence, result in the production of non-biodegradable transformation products. Both pharmaceuticals
and ENMs can undergo further chemical and physical removal processes in CWs, such as attachment
of these compounds onto surfaces. Plants can also play a role in retaining these compounds.
Constructed wetlands (CWs) are man-made ecosystems in which natural processes take place
to treat wastewater. CWs are mainly used as small-scale decentralized treatment systems at single
households, small communities or industries which are remotely located. They can also be utilized as
tertiary treatment when placed after e.g. activated sludge treatment or rotating biological contactor.
In Flanders, CWs are applied as a (partial) treatment system at approximately only 10% of Flemish
wastewater treatment systems owned by Aquafin NV. In other European countries (perhaps due
to the less dense population) CWs are more common. For example, in France, most wastewater
treatment systems (>85%) have the treatment capacity of less than 5000 I.E and currently some 20%
of these systems are CWs (Millot, 2017). In the future, the refurbishment of existing ponds and sand
filters can increase the proportion of CWs to 50% of all treatments plants smaller than 5000 I.E. The
importance of CWs as individual treatment systems is rising also in Flanders, because European Union
member states need to organize wastewater treatment of small communities and plan implementation
of individual treatment systems for single households to meet the environmental quality standards
stated in the EU Water Framework Directive (2000/60/EC) (Auvinen et al., 2016a).
CWs are an attractive option in remote locations in comparison to conventional wastewater
treatment systems because they can be less costly to build and maintain and because of their green
appearance they are better integrated with the rural landscape. Their maintenance does not require
special technical skills, although lack of proper maintenance can cause malfunctions such as clogging.
Perhaps the most important challenge of CWs is that they have a large footprint and CWs are therefore
rarely suitable for urban locations. CWs come in various configurations which are categorized based
on two main design parameters: hydrology and flow path. As a consequence, the pollutant removal
mechanisms as well as the ambient conditions, such as dissolved oxygen concentration, inside the CW
affecting the pollutant removal efficiency can be different depending on the type of CW (Vymazal,
2011).
In terms of CECs, it is important to study the removal processes in CWs for several reasons:
Firstly, CWs are a common wastewater treatment system in Europe (Vymazal, 2002; Rousseau et al.,
2004; Puigagut et al., 2007) and their use is rising. Secondly, the CWs which are located in remote
areas discharge their effluent in small water ways where low or even negligible dilution occurs. In the
rural areas these streams can have high biodiversity which is put at risk by the pollutant emissions
from the wastewater treatment system. Thirdly, when CWs are located near the wastewater source,
as is usual, the sewer system is short and low dilution is expected to occur (unless combined sewer
systems are used) possibly inducing high concentrations of pollutants in the influent. Finally, according
to literature further information is needed on factors affecting pharmaceutical removal. Furthermore,
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little is known about the processes ENMs undergo in CWs and their removal efficiency in these systems.
The specific research questions are selected to address these concerns. What is the fate of
Ag-NPs in CWs? Do CWs function as sinks for these particles similarly to activated sludge treatment
systems and which transformations do they undergo during treatment? Is it possible that the aging of
the CW or active aeration increases the release of ENMs from CWs? A lot of research has already been
conducted on the removal of pharmaceuticals in CWs. From literature it appears that redox potential
and dissolved oxygen concentration have an effect on the pharmaceutical removal efficiency (e.g. Zhang
et al. (2012b)) but as the effect of active aeration, i.e. intensification, is inadequately studied, it is the
main research line of the second part of this thesis. Can the removal of selected pharmaceuticals be
improved by applying active aeration and/or by lengthening the hydraulic retention time? How does
an intensified CW perform when the influent has a high concentration of pharmaceuticals? What is
the ecological effect of the pharmaceutical discharge from a full-scale intensified CW?
This thesis begins with a literature overview on possible transformation and removal processes of
the selected CECs in CWs (Chapter 2 ). Chapter 2 also discusses the possible release routes of ENMs
from CWs and the potential toxicity of metallic ENMs on CW microbial communities. Chapter 2
further reviews scientific literature on the removal efficiency of selected pharmaceuticals in different
types of CWs and evaluates the risks involved in the discharge of pharmaceuticals via wastewater
effluent.
The main objective of the research chapters is to contribute to the understanding of the fate of
CECs in constructed wetlands. Two types of CECs, pharmaceuticals and Ag-NPs, were chosen as the
target components in this thesis because of their known toxic properties and ubiquitous presence in
domestic and hospital wastewater. Figure 1.1 illustrates the interplay between the research chapters.
Different types of setups are used to comprehensively understand their fate and behavior in
intensified CWs. The fate of Ag-NPs is studied using microcosms simulating CWs. It is necessary to
apply such small-scale setups to be able to investigate the effect of different parameters on the fate of
Ag-NPs (Chapter 3 ). Aeration and increasing organic matter, are chosen as the target parameters.
Intensified (i.e. aerated) CWs are the newest development in wetland technology. They offer more
efficient treatment than conventional CWs and require only about one third of the land area needed
for a conventional system. The aeration brings along extra costs but these costs are remarkably lower
(∼50%) than by an activated sludge treatment. During the lifetime of a CW, which is some 20 years,
organic and inorganic matter builds up in the substrate bed. Earlier research has shown that ENMs
are efficiently attached onto surfaces and especially to organic matter. It is thus investigated how the
increasing of organic matter (leaf litter), simulating aging, affects the Ag-NP fate.
ENMs can undergo different processes inside a constructed wetland. In Chapter 4 some of these
processes are studied in detail to fill up the knowledge gained in the microcosm experiments. Hence
in this chapter, the effect of different types of substrates on the Ag-NP removal from water phase and
the role of wetland plants (typical CW helophyte Phragmites australis) are investigated.
The known toxicity of Ag-NPs and their affinity for organic matter were the incentives for the
investigations in Chapter 5. In this chapter the impact of Ag-NPs on microorganisms habiting the
microcosm biofilm is investigated and compared to the effects caused by Ag ions.
In Chapters 6 and 7, the removal of pharmaceuticals in pilot- and full-scale CWs is studied.
A pilot-scale CW was chosen for the first investigations because the operation of such a system can
easily be adjusted and it can easily be transported which then again allows comparing between different
types of wastewater. The removal of various types of pharmaceuticals is already widely studied in
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different types of CWs. However, little is known about the performance of actively aerated (intensified)
CWs. Therefore, a pilot-scale CW was built to investigate the suitability of such a system to treat
the pharmaceutical load in domestic and hospital wastewater (Chapter 6 ). It is likely that hydraulic
retention time (HRT) also plays an important role in defining the removal efficiency of pharmaceuticals.
This is because pharmaceuticals often have complex chemical structures and their biodegradation can
be increased by longer contact time between the organism and pollutant. The interplay of aeration and
HRT in improving the removal efficiency of a certain pharmaceutical is studied in batch experiments
(Chapter 7 ).
CWs often discharge their effluent in small water courses and hereby possibly pose a risk to
the local biodiversity. The removal efficiency of pharmaceuticals in a full-scale CW is investigated in
Chapter 7 and the risk posed by effluent discharge from this CW into an effluent-dominated stream
is analyzed based on hazard quotients.
Figure 1.1: Schematic representation of the interplay between the research chapters. The fate of two
different types of CECs is investigated, and the combining factor for these experiments is constucted
wetlands.
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Chapter 2
Assessing the transformations and
removal of metallic nanoparticles and
pharmaceuticals in constructed
wetlands - a review
This chapter is partly based on Auvinen H., Gagnon V., Rousseau D.P.L., Du Laing G. 2017. Fate of
metallic nanoparticles in constructed wetlands: prospection and future research perspectives. Reviews
in Environmental Science and Bio/Technology (in press).
2.1 Introduction
A typical constructed wetland (CW) for wastewater treatment is a sub-surface flow CW, where water
flows either vertically or horizontally through a gravel or sand bed. CWs are planted to increase
the microbial activity in the bed, to increase nutrient removal and for aesthetic reasons. CWs are
commonly used as decentralized wastewater treatment systems in rural areas because, on one hand, of
their robust treatment and low maintenance requirement and, on the other hand, because of their large
land area requirement, which restricts their use in urban areas. In addition to domestic wastewater,
also industrial wastewater, stormwater and landfill leachate are treated in CWs (Kadlec, Wallace,
2009). When used for the treatment of domestic wastewater, CWs are most often used as a secondary
treatment for settled wastewater but in some cases also as tertiary treatment after activated sludge
treatment or rotating biological contactor. In France, CWs are often designed to treat domestic
wastewater without primary settling (Molle et al., 2005). This creates a sludge layer on top of the
wetland which is disposed of about every 10 years. The chemical content of this sludge may restrict its
use as soil amendment. Both types of CECs, engineered nanomaterials (ENMs) and pharmaceuticals
are likely to occur in the wastewater that is treated in CWs.
ENMs can be discharged to the wastewater via the production, usage and disposal phases
(Figure 2.1). For example, silver nanoparticles (Ag-NPs) and titanium dioxide nanoparticles (TiO2-
NPs) are used in common household products. As they are used in textiles, plastics and cosmetics,
they can be released from the product during washing and end up in wastewater (e.g. Benn, Westerhoff
(2008)). Also, ENMs can be released from (weathered) materials, e.g. from painted facades during
rainfall and then be transported with runoff (Kaegi et al., 2008). A large amount of ENM containing
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materials are disposed of in landfills (Keller, Lazareva, 2013) and leaching could occur (Gottschalk,
Nowack, 2011).
Pharmaceuticals and more precisely their active pharmaceutical ingredients (APIs) are a group
of compounds with very different functional and chemical properties (Ku¨mmerer, 2010). Many APIs
can be partially metabolized by the (human) body resulting in the excretion of both parent com-
pound and its metabolite(s). These compounds, named collectively pharmaceutical residues, reach
the wastewater treatment plant where they can undergo further abiotic and biotic transformations.
In this chapter, we provide an overview of transformation and removal processes of ENMs and
pharmaceuticals. Based on literature data we discuss the probable fate of ENMs in CWs and evaluate
the removal efficiency of the selected pharmaceuticals in CWs. We also discuss the likelihood of ENMs
being released from CWs, assess the potential toxicity of ENMs on the wastewater treatment processes
in CWs and analyze the environmental impact posed by the discharged pharmaceuticals.
Figure 2.1: Possible release of ENM to the environment during their life cycle
2.2 Predicted environmental concentrations of engineered nanoma-
terials
At the moment, little is known about the environmental concentrations of ENMs because current
analytical methodologies do not allow distinguishing between naturally occurring nanoscale materials
and ENMs (Von der Kammer et al., 2012). However, several calculations of predicted environmental
concentrations (PEC) based on a probabilistic material flow analysis from a life-cycle perspective of
ENM containing products have been performed. Blaser et al. (2008) estimated that the concentration
of Ag-NPs in wastewater influent ranges between 2 to 18 µg/L which is somewhat higher than measured
for nanosized Ag in real wastewater influent (<1.5 µg/L; Li et al. (2013)). TiO2-NPs and ZnO-NPs are
frequently used in sun screens and can be released from the skin in the shower. Considering TiO2-NPs
in a typical sun screen (containing ∼5% TiO2 w/v), it can be calculated that approximately 0.45 mg
Ti (0.05 g/L * 15 mL * 48 mol/(48+2*16 mol) = 0.45 mg Ti) is washed off from the skin in the shower
after using some 15 mL of sun screen on a sunny day. The concentration of Ti in the grey water can
be estimated to ∼10 µg/L.
Li et al. (2013) showed that the concentration of the nanosized Ag decrease considerably during
wastewater treatment, to <12 ng/L. This is in agreement with modeling studies: Sun et al. (2014)
predicted concentrations of 0.06 - 16 ng/L, 13 - 110 µg/L and 0.05 - 0.29 µg/L for Ag-NPs, TiO2-
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NPs and zinc oxide NPs (ZnO-NPs) in wastewater effluent, respectively. The concentrations further
decrease upon discharge to surface water due to dilution. The concentrations of Ag-NPs, TiO2-NPs
and ZnO-NPs in European surface water were estimated to be very low, on average 0.66 ng/L, 0.53
µg/L and 0.09 µg/L, respectively (Sun et al., 2014). Although Markus et al. (2013) predicted that
the contribution of Ag-NPs, TiO2-NPs and ZnO-NPs in the current total load of these metals in the
rivers Rhine and Meuse is very low, the toxic effects of these particles in small streams and especially
very locally in the sediments at the discharge point need to be considered carefully. Furthermore, the
accuracy of such model estimates has not yet been verified. The models are based on estimations and
approximations on e.g. production volumes and concentrations leaching from a product during its life
cycle, which bring along (currently still) large uncertainties.
2.3 Possible transformation processes affecting the fate of engineered
nanomaterials in constructed wetlands
When ENMs are released to an aquatic medium they can undergo physical, chemical and biological
transformations which affect their fate and behavior in the environment. These transformations in-
clude primarily processes such as dissolution, aggregation, sedimentation, sorption onto particulate
matter and other solid surfaces and interaction with dissolved ions. The transformation processes are
dependent on both the properties of the ENM (e.g. type, coating, size) and the prevailing environ-
mental conditions (e.g. natural organic matter and dissolved oxygen). In the following sections, the
main transformation processes of different ENMs reported in earlier literature are reviewed and the
environmental factors affecting these processes are discussed in relation to their possible fate in CWs.
2.3.1 Aggregation and sedimentation
Aggregation and subsequent sedimentation of ENMs decrease their mobility and bioavailability by re-
stricting their distribution in the aquatic environment. Also, the surface area of the particles decreases
due to aggregation which in turn decreases their reactivity, affecting the release of ions for instance
(see further Section 2.3.2).
Nanosized dispersed particles are not likely to settle. They move about in the dispersion by
Brownian motion and along the streaming water. When this movement brings particle surfaces in
contact, thermodynamic interactions allow aggregation to occur (Zhang, 2014). ENMs can undergo
two forms of aggregation in the environment, homo- and heteroaggregation. Whereas in homoaggre-
gation particles of the same type collide and form aggregates, in heteroaggregation ENM aggregates
with another kind of particulate or colloidal matter (Quik et al., 2014). When ENMs are scarcely
present, as in most environmental media, the likelihood of homoaggregation is low (Hotze et al.,
2010). In wastewater heterogenic particulate matter is ubiquitous and hence, aggregates formed with
this matter and ENMs are much more likely to be formed than aggregates composed of only ENMs.
Because the properties of ENMs are related to their small size, the ENMs are mostly coated
to enhance their dispersion stability, i.e. to prevent aggregation (Hotze et al., 2010). The mechanism
of stabilization, electrostatic or steric, can have an impact on the behavior of the ENM in the envi-
ronment (Christian et al., 2008). Electrostatically stabilized ENMs are kept in dispersion through the
repulsion of similar surface charges and are thus more susceptible to changes in ionic concentrations
in the media than sterically stabilized particles having an isolating polymer coating to keep them in
dispersion. Several studies have investigated the effect of ionic strength on the aggregation behavior
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of different types of ENMs. Huynh, Chen (2011) and Li et al. (2010) studied the effects of NaCl,
MgCl2 and CaCl2 on Ag-NPs with different coatings. The common conclusion that can be drawn
from these studies is that the type of ion is more determinant of the aggregation than the mechanism
of stabilization. For example, complete aggregation of citrate-coated (i.e. electrostatic stabilization)
or polyvinylpyrrolidone (PVP)-coated (i.e. steric stabilization) Ag-NPs is achieved by >10 mM of
monovalent ions, while only >1 mM of divalent ions is needed for complete aggregation. Divalent
ions, such as e.g. Ca2+, have a stronger charge neutralizing ability than monovalent ions, e.g. Na+ (El
Badawy et al., 2012). Also TiO2-NPs, cerium dioxide NPs (CeO2-NPs), copper oxide nanoparticles
(CuO-NPs), copper nanoparticles (Cu-NPs) and ZnO-NPs have been observed to undergo aggregation
and sedimentation at elevated ionic strength (Zhang et al., 2009; Zhou, Keller, 2010; Gallego-Urrea
et al., 2014). Although the natural concentrations of the ions are somewhat lower (in the range of 0.5
- 5 mM; Verbanck et al. (1989)) than in the studies on synthetic waters, a cumulative effect can be
expected in real freshwater and wastewater samples.
Similarly to coating, natural dissolved organic matter (DOM) which attaches on the surface
of the ENMs has a stabilizing effect on the ENMs due to which the ENMs are more persistent to
aggregation (Gallego-Urrea et al., 2014). DOM has been shown to cause disaggregation and subsequent
decrease in Ag-NP size distribution at concentrations 5 - 20 mg/L total organic carbon (TOC) as
Suwannee river humic acid (SRHA) and up to 15 mg Ag/L (Kanel et al., 2015; Fabrega et al., 2009;
Metreveli et al., 2015). Similarly, the presence of DOM has been shown to have a stabilizing effect
on TiO2-NPs (Zhang et al., 2009), CeO2-NPs (Van Hoecke et al., 2011), CuO-NPs (Ben-Moshe et al.,
2010) ZnO-NPs (Zhang et al., 2009), iron trioxide NPs (Fe2O3) (Ben-Moshe et al., 2010; Zhang et al.,
2009); Zhang et al. 2009), gold NPs (Au-NPs) (Stankus et al., 2011) and nickel oxide NPs (NiO-NPs)
(Zhang et al., 2009). However, there are also contradictory results showing no significant impact of
SRHA (2.5 - 10 mg TOC/L) on the aggregation state of carbonate-coated Ag-NPs or disaggregation
of pre-agglomerated Ag-NPs (Piccapietra et al., 2012).
The dissolved fraction of the total natural organic carbon is some 20 – 30% in wastewater
influent but in effluent nearly 100% (Dignac et al., 2000). Studies on dissolved organic carbon (DOC)
removal in activated sludge treatment plants have reported concentrations of 10 – 20 mg DOC/L in
wastewater effluent (Katsoyiannis, Samara, 2007; Dignac et al., 2000) proving the relevance of the
above mentioned studies in the context of wastewater treatment. In CWs similar removal of the
particulate fraction is expected due to efficient removal of total suspended solids (TSS) (Vymazal,
2009) but the composition and concentration of DOM may differ from that in an activated sludge
treatment system. A study of Barber et al. (2001) on tertiary surface-flow CWs treating domestic
wastewater, pulp mill and dairy effluent showed that CWs receiving treated wastewater can even
produce an increase in DOC. The autochthonous DOM in CWs originates primarily from microbial
activity (Quanrud et al., 2004), plant debris (Pinney et al., 2000) and plant root exudates (Glatzel
et al., 2003). This indicates that the DOM discharged from CWs differs probably greatly from that of
activated sludge treatment systems and may have a different impact on the stability of ENMs. How-
ever, in wastewater the ionic strength, especially the presence of Ca2+, is probably more determinant
of aggregation than DOM. Metreveli et al. (2015) showed that above a relatively low concentration
of Ca2+ (∼20 mg/L; moderately soft water) Ag-NPs aggregated until sedimentation independently of
the presence or absence of SRHA.
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Figure 2.2: The aggregation process of ENMs in environmental samples.
2.3.2 Dissolution
When an ENM is dissolved, metal ions are released from its surface. The dissolution process of ENMs
has environmental relevance from the risk analysis perspective because ions are often more toxic than
ENMs (Levard et al., 2013a; Sotiriou, Pratsinis, 2010; Li et al., 2011; Moore et al., 2016). However,
dissolution can possibly reduce the mobility as Ag+ and Ce2+ appear to be more efficiently bound to
soil/sediment than their nanoparticle counterparts (Cornelis et al., 2012; Van Koetsem et al., 2015).
Odzak et al. (2014) compared the dissolution tendencies of four different types of ENMs in
artificial aqueous media chemically similar to environmental waters, and found clear differences in the
dissolution rates of the ENMs. While citrate, gelatin, PVP and chitosan coated Ag-NPs were very
poorly soluble (only some %), ZnO-NPs were very rapidly largely dissolved. The dissolution of CuO-
NPs was found to be incomplete and faster than that of carbon-coated Cu-NPs but both dissolved
to a smaller extent than ZnO-NPs. Quik et al. (2014) studied the environmental transformations of
CeO2-NPs in different surface waters and observed only minor dissolution (<0.4%).
The dissolution rate is also related to particle size; small ENMs being dissolved faster than
larger ones due to their greater surface-to-volume ratio and subsequent increased reactivity (Zhang
et al., 2011b). As a consequence, the dissolution rate of aggregated ENMs is reduced (Li, Lenhart,
2012).
Odzak et al. (2014) observed that the dissolution tendency is to some extent also dependent on
the coating of the ENM. The presence of NOM in the water also inhibits the dissolution of ENMs and
this is a dose dependent manner (Liu, Hurt, 2010). The inhibition is likely caused by NOM attaching
onto the surface of the ENM which results in steric stabilization analogue to a coating (Delay et al.,
2011).
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Ions dissolved in the water can affect the dissolution rate of ENMs. The reaction with sulfide,
i.e. sulfidation, can either decrease or increase the dissolution process (Levard et al., 2011; Ma et al.,
2013, 2014) (see Section 2.3.3). ZnO-NPs can react with phosphates to form precipitates which have
lower solubility than the ZnO-NPs themselves (Rathnayake et al., 2014). The reaction between Ag-
NPs and chloride ions can decrease the release of Ag+ by formation of a solid AgCl precipitate on
the outer layer of the ENM (Li et al., 2010) if the molar Cl/Ag ratio is ≤535) (Levard et al., 2013b).
However, at environmentally relevant (low) concentrations of Ag-NPs (see Section 2.2) in wastewater
the Cl/Ag molar ratio is much higher (in the range of 105 if 1 µg Ag/L and 100 mg Cl/L is assumed)
and this promotes the formation of readily soluble Ag-Cl complexes instead (Levard et al., 2013b).
The dissolution tendency of some ENMs depends also on the solution pH. For example, the
dissolution of Ag-NPs is promoted in acidic pH (Peretyazhko et al., 2014). However, the pH in
domestic wastewater is between 7 and 8 (Henze, Comeau, 2008) and therefore, the effect of pH on
dissolution of ENMs is not further considered for CWs treating domestic wastewater. Ag-NPs are
more easily dissolved if there is oxygen present in the environment because oxygen causes the Ag-
NPs to oxidize to silver oxides (Ag2O) which easily dissolve upon contact with water (Levard et al.,
2012). In CWs the dissolved oxygen concentration depends on the type (vertical sub-surface (VSSF)
or horizontal sub-surface flow (HSSF)) and possible application of active aeration. Higher dissolved
oxygen concentrations are usually measured in VSSF CWs than in HSSF CWs because the batch
feeding mode applied in VF CWs allows the pores to be filled with air between feeding events.
2.3.3 Sulfidation
The reaction of ENMs with sulfides is interesting because sulfidation of Ag-NPs has been shown to
decrease their toxicity (Reinsch et al., 2012; Levard et al., 2013a). When sulfide concentration is
low, e.g. in surface water, sulfidation of Ag-NPs occurs via oxidative dissolution and subsequent
precipitation (Figure 2.3; Liu et al. (2011)). First, Ag+ is formed via oxidative dissolution in the
presence of dissolved oxygen, after which these ions precipitate with sulfides to form silver sulfide
(Ag2S). For the reaction to occur, sulfide can be either free or in the form of metal sulfides (e.g. CuS,
ZnS) (Thalmann et al., 2014). When sulfide concentration is high, e.g. within HSSF CWs, sulfidation
of Ag-NPs occurs via a direct particle-fluid reaction where the Ag phase is converted to Ag2S phase
(Figure 2.3; Liu et al. (2011)).
Figure 2.3: Sulfidation pathways of Ag-NPs. Reprinted with permission from Liu et al. (2011):
Kinetics and mechanisms of nanosilver oxysulfidation. Environmental Science and Technology 45
(17), 7345-7353. Copyright 2017 American Chemical Society.
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Ma et al. (2013) studied the sulfidation mechanism of ZnO-NPs in the laboratory. While
a solid Ag2S phase is formed during the sulfidation of Ag-NPs, the ZnO core becomes covered by
nanocrystalline zinc sulfide (ZnS). The ZnS shell does not quench the leaching of Zn2+ as efficiently as
the Ag2S phase (Levard et al., 2011). In contrast to Ag- and ZnO-NPs, the sulfides formed of CuO-NPs
are more prone to dissolution than the original NP (Ma et al., 2014). The main reason is proposed
to be the formation of poorly ordered easily soluble CuxSy phases instead of poorly soluble CuS.
The reaction occurs through both dissolution and reaction with sulfide as well as a direct solid-fluid
sulfidation.
Sulfidation has been identified as one of the primary transformation mechanisms of Ag-NPs in
the sewer systems (Kaegi et al., 2013) as well as in pilot- and full-scale activated sludge treatment
systems (Kaegi et al., 2013; Kent et al., 2014) and in terrestrial and freshwater wetland mesocosms
(Moore et al., 2016; Lowry et al., 2012a). Lombi et al. (2013) showed that Ag-NPs were sulfidized
also in laboratory-scale anaerobic digestors fed with real sludge and wastewater and that the reaction
occurred irrespective of surface functionalities or core composition (Ag or AgCl) of the NP. Lowry
et al. (2012a) noticed however that sulfidation in the freshwater wetland mesocosms was slower than
expected based on laboratory studies and that the sulfidation had occurred only partially after 18
months and leaching of Ag+ was still possible. In sewers and during primary treatment sulfidation is
expected to be rather fast. Kaegi et al. (2011) reported nearly complete sulfidation after 2 h during
wastewater treatment and Brunetti et al. (2015) showed that 60 - 80% of the spiked Ag-NPs underwent
sulfidation in the sewer system. Once fully sulfidized, Ag2S is very stable as it does not oxidize during
prolonged aeration (Choi et al., 2009) and remains stable in wastewater sludge over more than 50
years (Donner et al., 2015).
ZnO-NPs are also prone to sulfidation in environmental matrices although they may not be
equally persistent as sulfidized Ag-NPs. In short-term, the sulfidation of ZnO-NPs seems to be ef-
ficient as Brunetti et al. (2015) showed that the spiked ZnO-NPs nearly completely sulfidized in
a full-scale sewer experiment. Lombi et al. (2012) studied the fate of ZnO-NPs during anaerobic
digestion of sewage sludge and in conditions simulating the post-processing of digested sludge in
composting/stockpiling. First, the ZnO-NPs underwent sulfidation which represented 67 - 96% of
the total Zn. The Zn speciation was affected by the long (two months) incubation simulating com-
posting/stockpiling and during this phase, ZnS was oxidized and Zn became associated with iron
precipitates and complexed by phosphates.
The sulfide concentration of the wastewater (in sewer ∼4 mg S/L; Kaegi et al. (2013)) is ex-
pected to increase in CWs due to microbial sulfate reduction, where sulfate-reducing bacteria catalyze
the production of sulfide from sulfate in the absence of dissolved oxygen (Wu et al., 2013). If we
assume the sulfate removal efficiency to be 30% (based to laboratory-scale experiments of Wiessner
et al. (2005)) and an average sulfate concentration of ∼30 mg S/L for domestic wastewater influent
(Yoda et al., 1987), an increase of ∼9 mg S/L can be expected in CWs. Bearing in mind the low
predicted environmental concentrations of ENMs (see section 2.2), the S:Ag and S:ZnO molar ratio’s
would be in the range of 104. Since the molar ratios necessary for the sulfidation of Ag-NPs and
ZnO-NPs is much lower (in the range of 0.5 - 1; Levard et al. (2011)), (partial) sulfidation of these
ENMs in CWs seems unavoidable.
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2.3.4 Attachment to solids
In general, adsorption of molecules onto surfaces can result from three types of interactions, physical,
chemical and electrostatic interactions (Voice, Weber, 1983). In the environment, these interactions are
usually involved in the sorption process simultaneously at varying degrees because of the heterogeneous
chemical structure of natural (suspended) solids. In case of ENMs, their surface properties, such as
surface charge and hydrophobicity/hydrophilicity, are likely to affect the adsorption efficiency (Lin
et al., 2010). Hence, the coating of the ENM plays an important role in defining its sorption tendency.
Song et al. (2011) investigated the effects of organic coatings of different hydrophobicity on Ag-NP
adsorption onto chemically heterogeneous collector surfaces. The study indicated that ENM coatings
with higher hydrophobicity (PVP and gum arabic (GA)) had greater attachment to hydrophobic
surfaces than particles with a less hydrophobic coating (citrate). However, it is crucial to note that the
surface properties of ENMs are affected by molecules present in the environmental matrix and hence,
to predict the adsorption tendency of the ENMs based on their pristine structure is not possible.
In the environment ENMs are subjected to interactions with ions (e.g. sulfides, phosphates) and
macromolecules (e.g. humic acids, proteins) which are likely to result in modifications in the (surface)
structure and charge of the ENMs and hence, affect their fate in the environment (Lowry et al., 2012b;
Lin et al., 2010).
ENMs are, in general, shown to efficiently attach to soil and sediment, especially to the organic
fraction present (Cleveland et al., 2012; Coutris et al., 2012), although Ag-NPs and CeO2-NPs have
been shown to be less prone to adsorption than their ions, indicating that these ENMs have a higher
mobility than their ions (Van Koetsem et al., 2015; Cornelis et al., 2012). In wastewater treatment,
the organic matter functions as a sink for the ENMs (Table 2.1). The results in Table 2.1 showing
that ENMs partition to great extent to organic matter, support the hypothesis that organic matter,
when suspended, is likely to be a major transport medium for ENMs. Thus, enhancing the removal
of TSS during wastewater treatment is likely to result in improved removal of ENMs (Kaegi et al.,
2013).
The removal of TSS is mostly very efficient in CWs. The long-term monitoring of 10 Czech
HSSF CWs treating domestic wastewater showed that the CWs reliably decreased the TSS con-
centration to mostly under 20 mg/L independent of the influent concentration (maximum reported
concentration 1457 mg/L) (Vymazal, 2011). During the life time of the CW, solids are building up
within the substrate, especially at the inlet of the CW. Although the fraction of organic matter in
these solids can vary greatly (5 – 82%; Caselles-Osorio et al. (2007)) since it is dependent on the type
of wastewater and loading rate, these solids can form a sink for ENMs. The sludge layer on top of the
French type VSSF CWs can function similarly reducing the amount of ENMs reaching the actual CW
substrate. The surface of the substrate is habited by micro-organisms which form a biofilm in all SSF
CWs. Extracellular polymeric substance (EPS) present in the biofilm efficiently adsorbs ENMs (Puay
et al., 2015). In mature CWs plant roots form a large surface area which likely serves as a binding site
for ENMs (Jacob et al., 2013), possibly (at least partly) due to biofilm formation on top of the root
surface. In addition, metal retention in the roots can improve if iron plaque is formed on the roots
(Jiang et al., 2009). This iron precipitate is caused by oxidation of ferrous iron in anoxic conditions
(Jiang et al., 2009), e.g. upon exposure to wastewater from metallurgical industry or landfill leachate.
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Table 2.1: Retention of ENMs during wastewater treatment. The experimental influent concentrations were between 0.3 - 10 mg/L.
Type of
ENM
Process description Coating
Retention
(%)
Observations Reference
Ag
Pilot-scale WWTP consisting of
non-aerated tank and settler
average sludge age of 14 days
Polyethylene fatty
acid ester
85
Based on mass balance suggests
5% of Ag left the WWTP with
the effluent
Kaegi et al. (2011)
Batch-tests on activated sludge;
contact time 24 h
Citrate, PVP 99 Kaegi et al. (2013)
Batch-tests on activated sludge;
contact time 3 h
Carboxyl 39 Kiser et al. (2010)
None 97 Kiser et al. (2010)
Simulated WWTP with primary settler,
and SBR
Citrate 100
>90% of Ag-NPs remained
in the water stream
after primary clarification;
complete removal after
aeration and secondary
clarification
Hou et al. (2012)
TiO2
Batch-tests on activated sludge;
contact time 3 h
None 23 Kiser et al. (2010)
CeO2
Model WWTP with aeration tank and settler;
sludge age not reported
None/surfactant >94 Limbach et al. (2008)
Cu
Batch-tests on activated sludge (filtrates);
contact time 20 h
n.a. 95
Mainly removed by aggregation
and settling rather than
biosorption
Ganesh et al. (2010)
ZnO
Simulated WWTP with primary settler
and SBR.
None 100
Simulated primary settler
removed 70% ZnO-NPs.
Further removal in SBR.
Hou et al. (2012)
Au
Batch-tests on activated sludge;
contact time 24 h
Citrate, PVP 99 Kaegi et al. (2013)
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2.3.5 Plant uptake
Some plant species are known to be able to take up metals and when the metals are principally
accumulated in the aboveground biomass at high concentrations, one speaks of hyperaccumulators
(for review see Kra¨mer (2010)). There is no one species which can accumulate different metals at
equal amounts (Weiss et al., 2006). Generally, only free metal ions, soluble metal complexes and
metal ions occupying exchangeable sites or attached on inorganic soil constituents are bioavailable for
plants (Salt et al., 1995). Metals existing in the environment bound to organics, as precipitates or in
the silicate mineral structure (indigenously present) are not bioavailable for plants. Also ENMs have
been shown to be bioavailable to plants to some extent. Their bioavailability to plants is restricted
by their size as particles up to only about 5 nm in diameter can traverse an undamaged cell wall
efficiently (Dietz, Herth, 2011). Also, the surface charge and hence, the coating, can affect the uptake
efficiency and transport within the plant. Zhu et al. (2012), who studied the fate of Au-NPs with
different surface functionalization, observed that the Au-NPs with a negatively charged coating were
the least efficiently attached onto the root surface prior to uptake but more efficiently transported to
leaves once inside the plant, compared to positively charged Au-NPs.
Van Koetsem et al. (2016b) studied the uptake of citrate-coated Ag-NPs in a hydroponic
culture of Elodea canadensis and observed a dose-dependent reduction of 20 – 57% in the total Ag
concentration in the growth medium within 72 h resulting in the accumulation of 25 – 110 mg Ag/kg
in plant biomass. The uptake of Ag+ was approximately 4 and 8 times higher than the uptake of
Ag-NPs at the highest initial Ag doses tested (0.5 – 1 mg/L) (no significant difference at initial doses
0.05 – 0.25 mg/L). Lowry et al. (2012a) investigated the fate of PVP-coated Ag-NPs in a freshwater
emergent wetland and found that only a few percent of the spiked Ag ended up in plant tissue of
Juncus effuses, Carex lurida, Panicum virgatum and Lobelia cardinalis. Furthermore, the majority of
the accumulated Ag was found in the roots. Low translocation of Ag-NPs to aboveground biomass
has also been observed in other rooted plants, such as Vigna unguiculata and Triticum aestivum in
terrestrial environments (Wang et al., 2015). In the same study of Wang et al. (2015), they observed
that Ag2S was taken up by the plant roots to a somewhat larger extent than Ag-NPs. Also CuO- and
ZnO-NPs are both mainly accumulated in the root zone of wetland plants Phragmites australis and
Schoenoplectus tabernaemontani (Zhang et al., 2015a, 2014b).
Jacob et al. (2013) showed that high phosphorus concentration can limit the uptake of TiO2-NPs
in Elodea Canadensis. Van Koetsem et al. (2016b) found no link between the uptake of Ag-NPs and
phosphorus concentration but reported correlation between the uptake efficiency and conductivity and
specific ion content. This likely evidences that the ENM uptake efficiency is dependent of occurring
environmental transformations which are determined by the ambient conditions. In CWs, adsorption
to organic matter will restrict plant uptake of ENMs as metal species bound to organics are unavailable
to plants. Also, aggregation (occurring e.g. due to high ionic strength (conductivity)) for example
can restrict plant uptake efficiency by increasing the particle size of ENMs.
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Figure 2.4: Schematic illustration of the uptake of ENMs and metallic ions by plants. The translocation
efficiency of the different species is indicated with the thickness of the arrows. The uptake and
translocation of ENMs is restricted by their size and hence, it is likely that larger particles are less
efficiently taken up by the plant and translocated within the plant than smaller ones.
2.4 Possible toxic effects of ENMs on the wastewater treatment
process in constructed wetlands
The toxicity of ENMs is undoubtedly related to the toxicity of the metal it is composed of. There are
thus ENMs which are composed of an element ubiquitous in nature (e.g. Ti), ENMs which contain
elements essential for cell structures (e.g. Cu and Zn) and ENMs composed of metals toxic at low
concentrations (e.g. Ag). It is thus logical that the toxic concentrations of the different ENMs vary
greatly and that low concentrations of certain ENMs could even have positive effects on e.g. bacterial
growth due to supplementation of essential elements. Several researchers have compared the toxicities
of different types of ENMs. Luo et al. (2014) compared the toxicities of Au- and Ag-NPs on ammonia-
oxidizing bacteria at concentrations 0.05 – 2 mg/L, and found no adverse effects of Au-NPs on the
bacterial community. Instead, Ag-NPs decreased the bacterial abundance and diversity resulting in 19
and 46% reduction in the ammoxidation activity at concentrations 0.05 and 2 mg Ag/L, respectively.
Shah et al. (2014) observed adverse effects on the richness of a mixed soil microbial community when
exposed to Ag- and TiO2-NPs at a concentration of 0.0625 mg NPs/kg soil but ZnO- and Cu-NPs
did not affect the bacterial community structure. Ma et al. (2015), who studied the effect of Ag (ion
and NP), zero-valent Fe-NPs, TiO2-NPs and CeO2-NPs on the nitrification function and bacterial
community structure, observed decreased nitrification efficiency and shifts in community structure
only at prolonged exposure to high concentrations (20 mg/L) of Ag-species. In the study of Moore
et al. (2016), the impacts on sediment microbial consortia exposed to pulse Ag- or Cu-NPs were rather
short-term and evidenced of environmental resilience.
The actual mechanism causing the toxicity is not entirely clear. Although many studies show
that the release of free ions from the particles is the main cause of toxicity, there are also studies
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showing that the toxic effects cannot be explained only by the amount of ions leaching from the
ENMs and hence, there are likely to be particle specific effects as well (Yuan et al., 2013).
Hence, the properties of an ENM can influence its toxicity. For example, El Badawy et al.
(2011) showed that the toxicity of Ag-NP on Bacillus sp. is dependent on the surface charge of
the ENM because the chances for cell-particle interactions increase with decreasing magnitude of
the negative zeta-potential. As a consequence, the most negatively charged Ag-NPs (uncoated and
citrate-coated) exhibited complete growth inhibition at 75 and 600 µg/L, the less negative PVP-coated
Ag-NPs at 13 µg/L and the positively charged branched polyethyleneimine (BPEI)-coated Ag-NPs
at 3 µg/L. Also the size of the ENM could be significant in defining its toxicity. Choi, Hu (2008)
found that the fraction of Ag-NPs less than 5 nm in the suspension correlated with the inhibition of
nitrifying bacteria. However, Levard et al. (2013b), who studied the transformations of Ag-NPs and
their toxicity to higher organisms, found little correlation between the size of the aggregates and the
observed toxicity and suggested that the reduction in Ag+ due to AgCl formation had the dominant
toxicity decreasing effect.
When ENMs undergo transformations in the environment, it is likely that their toxicity is
altered. Sulfidation has been observed to be an important mechanism at decreasing the toxicity of
Ag-NPs to bacteria (Reinsch et al., 2012). Moreover, Choi et al. (2009) showed that sulfide had the
most pronounced effect on relieving the toxicity of Ag-NPs among the tested ligands (SO2−4 , Cl
−,
PO3−4 , EDTA). In this study, the inhibition of nitrification was reduced by 80% in the presence of 0.5
mg/L sulfide and 1 mg/L Ag (as Ag-NPs). In addition, other environmental factors such as dissolved
oxygen concentration and ionic strength, can affect the dissolution/aggregation behavior of ENMs and
thereby, affect their toxicity on organisms (see Sections 2.3.1 and 2.3.2).
It should be noted that comparing the toxicities of ENMs and their transformation products is
not straightforward since their toxicities can depend on the target organism among other factors. Choi
et al. (2008) observed that AgCl colloids and Ag-NPs were less toxic to Escherichia coli than Ag+
but nitrifying bacteria were especially susceptible to Ag-NPs, more than to Ag+ and AgCl colloids:
1 mg Ag/L as Ag-NPs inhibited the microbial respiration by 86% while in the case of Ag+ and AgCl
colloids the inhibitory effect was only approximately 45%. In a similar experiment, Choi, Hu (2008)
observed that the presence of 0.14 mg Ag/L of polyvinyl alcohol (PVA) coated Ag-NPs, 0.27 mg Ag/L
of Ag+ and 0.25 mg Ag/L of AgCl colloids inhibited the growth of nitrifiers by 50%.
There are some studies where the effects of ENMs on actual wastewater treatment processes
have been investigated. Alito, Gunsch (2014) studied COD and ammonium removal efficiencies in
laboratory-scale sequencing batch reactors (SBRs) which were spiked with citrate- and GA-coated
Ag-NPs (0.2 mg/L). Although the treatment efficiency was recovered within 24 h, the COD and
ammonium removal efficiencies were initially affected by 20 – 30% and by 1 – 15%, respectively.
When the effect of CeO2-NPs on the nitrogen removal process in an SBR was studied by Hou et al.
(2015), they observed no significant effect on total nitrogen removal at 1 mg/L but at 10 and 50 mg/L
the total nitrogen removal efficiency reduced by approximately 30%. The resilience of the bacterial
communities in sludge is probably related to the protection by the EPS matrix which accounts for
the floc formation in activated sludge (Henriques, Love, 2007). The adsorption of ENMs by EPS
can decrease the diffusive transportation through the EPS (Choi et al., 2010) and thus, protect the
bacteria from the ENMs.
In CWs, the cells habiting the biofilm are better protected against toxins than planktonic cells
due to EPS (Choi et al., 2010), similarly to sludge flocs. A study on wastewater dwelling bacteria
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showing that the community profile of a biofilm culture did not change after exposure to 200 mg/L of
Ag-NPs, while nearly all planktonic bacteria died at 1 mg/L illustrates the protective effects of EPS
(Sheng, Liu, 2011). However, the biofilm bacteria can still experience stress due to the presence of
ENMs (Hou et al., 2015). Under stress, bacteria are unable to protect themselves from intracellular
reactive oxygen species which can damage cellular structures when accumulating in the cell (Choi,
Hu, 2008). The concentrations of ENMs in the biofilm increases during the lifetime of a CW. Lesage
et al. (2007) studied the accumulation of Zn and other bulk metals in a HSSF CW and measured
concentrations reaching 1400 mg Zn/kg dry matter in the wetland substrate after 6 years of operation.
During the sampling they measured an average Zn concentration of 120 µg/L in in the influent. As this
is more than 100 times higher than the concentration predicted for ZnO-NPs in domestic wastewater
(1 µg/L; calculated with a conservative 70% removal efficiency (Markus et al., 2013) from a modeled
value for wastewater effluent 0.29 µg/L (Sun et al., 2014)), the likelihood of NP induced toxicity seems
irrelevant at current production volumes.
2.5 Possible release of engineered nanomaterials from constructed
wetlands
Effluent, harvested plant material and removed sludge (French type CW) can be regarded as potential
routes for ENMs to be released from CWs. Also, in cases where the CW is restored due to e.g. clogging,
by removing the gravel, washing it and returning it back to the CW, ENM containing wastewater can
be produced.
Due to the affinity of ENMs for organic matter as discussed earlier (see section 2.3.4) and
the efficient removal of suspended solids in CWs (e.g. Vymazal (2009)) the concentrations of ENMs
released from CWs are during normal operation likely to be low and comparable to activated sludge
treatment systems. The results from a study investigating the release of Ag-NPs from CW microcosms
support this theory (See Chapter 3). Over the years the CW bed becomes more filled with SS and
plant roots and this can result in topographic and vegetative heterogeneities creating faster and slower
flow paths through the wetland substrate (Dierberg et al., 2005). Fast flow of influent through the CW
(i.e. short-circuiting) may decrease the removal efficiency of ENMs similarly to other contaminants.
Also, active aeration may cause mixing of a fraction of influent with effluent especially in systems with
a small length-to-width ratio. In addition, sudden changes in the influent flow rate or aeration may
cause detachment of biofilm and subsequent increased discharge of ENMs embedded in the biofilm.
In conventional CWs sludge is not needed to be removed during operation. In French type
VF CWs, where unsettled wastewater is treated, the sludge layer is occasionally removed, and in this
case, if the sludge is applied to (agricultural) land, contamination of the soil by ENMs may occur
(Deng et al., 2014). The mass of the sludge deposit corresponds to approximately 40% of the SS
introduced with the wastewater (Molle et al., 2005) and due to the mineralization of organic matter
over the years, the metal concentration in the sludge deposit layer is bound to increase. Molle (2003)
measured concentrations of e.g. Cu and Zn in a sludge deposit collected after 11 years of operation
and stored since collection for 5 years. The concentrations found (196 mg Cu/kg dry matter and
221 mg Zn/kg dry matter) would not have restricted the application of the sludge on agricultural
land (European Commission, 1986). However, the European sewage sludge directive does not directly
concern ENMs in sludge. Additional toxicity and bioavailability data should be gathered to allow
the establishment of environmental quality standards although it should be taken into account ha
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Figure 2.5: Possible transformation processes of pharmaceutical active ingredients (APIs) in CWs
measuring the concentration of ENMs in sludge can currently not be required because of the lack of
reliable techniques to detect ENMs in environmental samples (Ganzleben et al., 2011).
Plants which are harvested at regular intervals from the CW may also contain ENMs which
can be released upon composting. Vymazal et al. (2010) studied the accumulation of metals in the
aboveground tissue of Phalaris arundinacea growing in a HSSF CW treating domestic wastewater.
The values for annual accumulated mass in the aboveground tissue per given area (so called standing
stock) were for e.g. Zn and Cu 28.5 g Zn/m2/a and 8.8 g Cu/m2/a. If we assume similar uptake
efficiency for ZnO-NPs as for Zn2+ and estimate the ZnO-NP:Zn ratio in domestic wastewater to be
0.008 (120 µg Zn/L (Lesage et al., 2007) and 1 µg ZnO-NPs/L; the latter calculated with a conservative
70% removal efficiency (Markus et al., 2013) from a modeled value for wastewater effluent 0.29 µg/L
(Sun et al., 2014)), the standing stock for ZnO-NP in P. arundinacea would be 0.2 g Zn/m2/a. In
comparison to the bulk metal counterpart, the mass of ENMs is thus predicted to be low and the risk
posed by the ENM containing plant material from CWs seems insignificant.
2.6 Removal mechanisms of pharmaceuticals in constructed wet-
lands
CWs are complex systems where the removal of pharmaceutical residues can occur by several mech-
anisms (Garcia-Rodr´ıguez et al., 2014)(Figure 2.5). Biotransformation or -degradation is the main
process leading to partial or complete transformation of these compounds. Other mechanisms capable
of transforming pharmaceutical compounds are phototransformation or -degradation, where trans-
formation occurs by exposure to sunlight, and phytotransformation or -degradation, where plants
metabolize the pharmaceutical compound. In sorption and plant uptake the chemical structure of the
contaminant is not altered and thus, these processes only relocate the contamination. The relative
importance of a particular removal mechanism depends on the chemical structure and properties of
the pharmaceutical being treated, the wetland type (e.g. surface flow (SF), sub-surface flow (SSF)),
design (e.g. type of plants and substrate) and operational parameters (e.g. hydraulic retention time
(HRT), aeration) as well as environmental conditions at the treatment site (e.g. temperature) (Imfeld
et al., 2009).
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2.6.1 Biotransformation and -degradation
Microorganisms (mainly bacteria in CWs) can transform many pharmaceuticals and their metabolites
(Ku¨mmerer, 2010). It is likely that the extent of biodegradation depends on the chemical structure of
the contaminant and recalcitrance can be ascribed to the presence of certain structures in the molecule
such as the chlorine atom (Kimura et al., 2005). Because of the complex structure of these compounds,
their biodegradation is often incomplete (biotransformation). The transformation products, which
are products of microbial metabolism and thus the result of incomplete degradation, have different
properties than the parent compound, and this affects their toxicity and persistence in the environment
(Trautwein, Ku¨mmerer, 2011). Also, the prevailing environmental conditions play an important role
in defining the transformation rate.
It seems that the redox potential in the environment affects the degradation of pharmaceuticals
through promoting aerobic/anoxic/anaerobic degradation by bacteria. Therefore, while e.g. ibuprofen
is better degraded in the presence of oxygen (i.e. high redox potential) (A´vila et al., 2013), carba-
mazepine is shown to be better degraded in anoxic/anaerobic conditions (i.e. low redox potential)
(Matamoros et al., 2005). This highlights the importance of applying both oxidative and reductive
processes in CW systems to reach efficient removal of pollutants requiring differing redox conditions
for degradation.
2.6.2 Photolytic transformation and degradation
Photolytic transformation/degradation can occur directly or indirectly: pharmaceutical compounds
which contain e.g. aromatic rings or heteroatoms can either absorb solar radiation and undergo a
chemical reaction leading to their transformation (direct reaction) or be transformed by photosensitized
strong oxidant species such as hydroxyl radicals generated from humic acids (indirect reaction) (Boreen
et al., 2003; Zepp et al., 1981). Photolytic transformation is only likely to occur in SF CWs where
the water is exposed to sunlight. Even then the coverage of plants can decrease the efficiency of
photolysis (Matamoros et al., 2012). Examples of pharmaceuticals which have been shown to be prone
to photolytic transformation are diclofenac, ibuprofen, sulfamethoxazole, sulfapyridine, triclosan and
naproxen (Anderson et al., 2013; Matamoros et al., 2012; Zhang et al., 2013). In some cases the human
metabolism/microbial transformation of the pharmaceutical can result in altered photodegradability,
as is shown for tramadol which is less susceptible to photolysis than its O-demethylated transformation
product (Ru¨hmland et al., 2015).
2.6.3 Plant uptake and phytotransformation and -degradation
Translocation of pharmaceuticals to plant tissue occurs via diffusion (Dietz, Schnoor, 2001) and it
is mainly dependent on the lipophilicity of the contaminant (Trapp, Karlson, 2001). Moderately
lipophilic compounds (log Kow 0.5 – 3) are taken up best while highly lipophilic compounds are sorbed
by the roots or the soil and very polar compounds are poorly transported through biomembranes. It
seems, however, that the uptake efficiency is also dependent on the type of plant. Zhang et al. (2013)
reported that Scirpus validus was able to remove 28 – 62% of clofibric acid from the water phase when
grown hydroponically and similarly, Dordio et al. (2009b) found a removal of clofibric acid of more
than 50% with Typha spp. In contrast to these studies, the concentration of clofibric acid did not
decrease in an experimental system with duckweed (Reinhold et al., 2010).
In the plant tissue the pharmaceutical compound can be subjected to metabolic processes,
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i.e. phytotransformation and possibly phytodegradation. Plant enzymes degrade the contaminant to
a stable intermediate which is stored in the plant, preferably compartmentized in the vacuole and
apoplast where it can do least harm to the plant (Pilon-Smits, 2005). Before storage the pollutant is
usually also conjugated with glutathione or glucose to further increase the tolerance to plant tissues.
There are only few studies looking into the transformation products of pharmaceuticals in plant
tissue because of the low concentrations of the transformation products and complexity of analysis
in solid matrices. Li et al. (2016) studied the transformation of ibuprofen by T. angustifolia in a
CW mesocosm and observed that ibuprofen in the plant tissue was transformed via carboxylation and
hydroxylation and postulated that the uneven distribution in the plant tissues could be caused by the
compartmentation used by the plant to dispose of harmful substances.
2.6.4 Sorption
In CWs the suspended solids originating from the wastewater influent and accumulated within the
wetland bed, as well as the substrate self, the plant roots, and the biofilm covering the substrate and
the roots, can adsorb pharmaceuticals. The presence of many functional groups in pharmaceuticals
implies that several sorption mechanisms can be involved in the sorption process (Tolls, 2001). Hence,
in addition to hydrophobic partitioning (estimated by water-octanol partitioning coefficient, log Kow),
also cation exchange, cation bridging, surface complexes and hydrogen bonding can play a role in the
sorption of pharmaceuticals on surfaces. This means that not only the properties of the sorbate are
important but also the characteristics of the wetland substrate (e.g. pH, organic matter composition
and reactivity) in defining the adsorption rate. One of the common pharmaceuticals that is widely be-
lieved to be prone to sorption is carbamazepine, (at least partly) due to its hydrophobicity (Matamoros
et al., 2005). Among the studied pharmaceuticals the sartans, telmisartan and valsartan, have the
highest log Kow (8.42 and 4.00, respectively) implicating potential sorption onto solids. Several studies
have investigated the sorption of pharmaceuticals to organic solids, especially activated sludge (Table
2.2). In general, it can be concluded that for compounds having a sorption coefficient (Kd) below 300
L/kg SS, the effect of sorption (to sewage sludge) on the overall removal of the pharmaceuticals is
irrelevant (Joss et al., 2005).
2.7 Description of the pharmaceuticals studied in this work
A selection of pharmaceuticals was made based on the following criteria: a) to have a wide spectrum
of pharmaceuticals with different properties (i.e. biodegradability) and b) to target pharmaceuticals
with high (expected) occurrence in the wastewater to be treated. In addition, diclofenac was selected
for the study because its presence in surface waters is of increased interest due to the assigned Euro-
pean wide monitoring program for diclofenac (European Parliament, 2013). The target pharmaceu-
ticals (atenolol, bisoprolol, carbamazepine, diazepam, diclofenac, gabapentin, metformin, metoprolol,
sotalol, sulfamethoxazole, telmisartan, tramadol and valsartan) belong to seven therapeutic classes
(Table 2.2).
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Table 2.2: Properties of the selected pharmaceuticals
Therapeutic class Pharmaceutical Acronym Molecular structure Log Kow
1 Kd (L/kg SS) Reference
Beta-blockers Atenolol ATL 0.16
64
38
1-8
Radjenovic´ et al. (2007)
Maurer et al. (2007)
Scheurer et al. (2010)
Bisoprolol BSP 1.87 n.a.
Metoprolol MTP 1.88
1
10-90
Maurer et al. (2007)
Scheurer et al. (2010)
Sotalol STL 0.24
37
10-60
Maurer et al. (2007)
Scheurer et al. (2010)
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Therapeutic class Pharmaceutical Acronym Molecular structure Log Kow
1 Kd (L/kg SS) Reference
Analgesic Diclofenac DCF 4.51
118
1.58
16
151
Radjenovic´ et al. (2007)
Ternes et al. (2004a)
Joss et al. (2006)
Hyland et al. (2012)
Tramadol TMD 3.01 47 Wick et al. (2009)
Anticonvulsant Carbamazepine CBZ 2.46
135
17
89
25.5
10
Radjenovic´ et al. (2007)
Ternes et al. (2004a)
Hyland et al. (2012)
Wick et al. (2009)
Jones et al. (2005)
Gabapentin GBP -1.1 n.a.
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Therapeutic class Pharmaceutical Acronym Molecular structure Log Kow
1 Kd (L/kg SS) Reference
Antibiotic Sulfamethoxazole SMX 0.89
77
160-500
269
10
Radjenovic´ et al. (2007)
Joss et al. (2006)
Hyland et al. (2012)
Jones et al. (2005)
Anti-diabetic Metformin MFM -2.64 3 Jones et al. (2005)
Angiotensin Valsartan VST 4.0 n.a.
Telmisartan TST 8.42 n.a.
Anxiolytic Diazepam DZP 2.82
20
138
53
Ternes et al. (2004a)
Hyland et al. (2012)
Wick et al. (2009)
1Obtained from: SRC PhysProp Database:http://esc.srcinc.com/fatepointer/search.asp
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2.8 Removal efficiency of pharmaceuticals in constructed wetlands
The occurrence of pharmaceuticals in wastewater influents and effluents of CWs has been exten-
sively studied. The removal is a result of simultaneously occurring removal mechanisms (Section 2.6),
although some mechanisms may be more common in some CW configurations than others (e.g. photo-
transformation or oxic/anoxic/anaerobic biodegradation). Table 2.3 gives an overview of the removal
efficiencies of the selected pharmaceuticals in several pilot- and full-scale CWs.
Atenolol, one of the most widely used beta blockers, has been shown to be removed quite
efficiently in SF, HSSF and VSSF CW systems (Table 2.3). A much less pronounced reduction in the
concentration was observed for BSP, MTP and STL which is in agreement with studies on activated
sludge showing that BSP, MTP and STL are less prone to biodegradation than ATL (Gabet-Giraud
et al., 2010; Wick et al., 2009). It has been postulated that the removal of ATL would be more efficient
in the presence of oxic conditions (Burke et al., 2014) but in a recent study it was shown that the
removal efficiency was actually more efficient at low redox conditions (<-100 mV; 99%) than at high
redox conditions (>100 mV; 88%) (Ru¨hmland et al., 2015). However, this result can also be affected
by seasonality (Matamoros, Salvado´, 2012); warm temperatures of summer resulting in more active
biotransformation (99% removal) than in the winter time (88% removal). STL has been categorized
among the most recalcitrant pharmaceutical compounds, together with DCF and CMZ (Oulton et al.,
2010). Therefore, the negative removal efficiencies observed in the SF CW by Breitholtz et al. (2012)
are likely to be caused mainly by the combination of poor removal efficiency and variation in the
influent concentrations.
The removal of DCF has been extensively monitored in various types of CWs (Table 2.3).
Its removal efficiency spans the whole range from 0 to 100% and the actual trigger to its efficient
removal is uncertain. Although DCF is reported to be photolabile (Andreozzi et al., 2003) its removal
reached only maximum 40% in a SF CW while higher removal was reached in SSF systems. It has
been proposed that both oxic and anoxic/anaerobic conditions are needed for removing DCF (A´vila
et al., 2014b) and this can explain why the removal is improved in hybrid systems. A´vila et al. (2015)
obtained a removal of 85% for DCF in a CW system combining VSSF, HSSF and SF CWs in series.
There are only few studies on CWs reporting the removal of TMD. Based on these studies,
it seems that SSF systems are more efficient than SF CWs at decreasing the concentration of TMD
(Table 2.3). However, when Ru¨hmland et al. (2015) studied the removal of TMD and its metabo-
lites/transformation products (O-desmethyl-TMD, N-desmethyl-TMD and N,O-didesmethyl-TMD),
they found that the total concentration of these compounds did not decrease significantly, implying
that TMD is transformed rather than mineralized during HSSF treatment. The transformation of
TMD was found to be more efficient during summer than in the winter.
The removal of CBZ has been extensively studied because of its recalcitrance and subsequent
poor removal in all types of CWs (Table 2.3). CBZ is very poorly biodegradable due to its complex
aromatic structure (Table 2.2). Instead, because of its moderately hydrophobic nature, it can be
removed from the water phase to some extent by sorption (Conkle et al., 2012) and plant uptake
(Zhang et al., 2013).
GBP is similarly to CBZ used in the treatment of epilepsy but its removal in CWs is much less
studied (Table 2.3). Studies on activated sludge treatment have shown very efficient (99.5%) removal
of GBP (Yu et al., 2006) while maximum 88% of GBP was removed in a secondary HSSF CW (Chen
et al., 2016); difference possibly caused by the presence/absence of dissolved oxygen.
The removal efficiency of SMX, a common antibiotic, varies greatly within and between different
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studies without any apparent trend (Table 2.3). One reason for this is expected to be the possible
retransformation of its acetylated human metabolite back to the active parent compound during
wastewater treatment (Go¨bel et al., 2005). When the concentration of both compounds are measured
in the influent and effluent samples, removal efficiencies up to 70 – 87% were obtained (Hijosa-Valsero
et al., 2011; Ru¨hmland et al., 2015). In contrast to other similar studies only targeting SMX, high
average removal efficiency was obtained for SMX in a SF CW (Conkle et al., 2008).
MFM is one of the most prescribed medications worldwide and therefore detected in high
concentrations in wastewater influent (Oosterhuis et al., 2013). Its fate in CWs is, however, not yet
studied. In activated sludge treatment MFM is rapidly aerobically transformed to guanylurea which is
persistent in the environment (Scheurer et al., 2012; Trautwein, Ku¨mmerer, 2011). Similarly to MFM,
there is no explicit data on the transformations of VST and TST in CWs. In activated sludge treatment
the concentration of VST has been reported to decrease by approximately 80% (Kasprzyk-Hordern
et al., 2009).
Many studies report very low (below detection limit) concentrations of DZP in wastewater
influent (Carballa et al., 2004; Reif et al., 2011; Jelic et al., 2011) and therefore, there is only limited
data available on its removal. Jelic et al. (2011) concluded though that sorption to activated sludge
contributes significantly to the removal of DZP.
In general, from the results discussed here it is clear that estimating the removal efficiency of a
certain pharmaceutical compound in a CW is very difficult. The variability in the removal efficiencies
is likely not only affected by the type of CW, but also its operational parameters, such as HRT, among
other factors. There are only a few studies published investigating the effect of HRT on pharmaceutical
removal in CWs, and further research is certainly advisable. Zhang et al. (2012a, 2015b) studied the
effect of HRT on the removal of selected pharmaceuticals, among which DCF and CBZ, in SSF CWs.
They reported that an increase of 1 – 12% in the removal efficiency in the planted systems was achieved
when the HRT of the CWs was increased from 2 d to 4 d. Also, A´vila et al. (2014a) and Matamoros
et al. (2007) found some correlation between removal efficiency and HRT.
In the previous, the removal of pharmaceutical residues has only been discussed in traditional
CW systems. Many different types of CWs have been designed (for a review see: Wu et al. (2015))
to improve their performance and to intensify the treatment to obtain a smaller foot print; a well-
known dilemma of CWs. As oxygen transfer within the CW is one of the crucial problems limiting its
treatment performance (e.g. organic matter removal, nitrification) and making it necessary to apply
long HRT, research has been done on e.g. adapted feeding mode and active aeration to improve the
oxygen transfer in the wetland. Currently, the effect of intensified systems on the pharmaceutical
removal efficiency is only scarcely studied.
A´vila et al. (2013) studied the effect of batch feeding on the removal efficiency of DCF in
a hybrid HSSF CWs and observed an improvement of approximately 20% by using batch feeding
strategy instead of continuous feeding (Table 2.3: control line). They assumed that enhanced removal
was caused by the improved oxygenation of the CW bed between the feeding events. Similar study
was conducted by Zhang et al. (2012b) on single stage HSSF CW. In this study the removal of DCF
was significantly improved by batch feeding in comparison to continuous feeding but no difference was
observed for CBZ.
Active aeration results in more efficient performance which allows higher organic loading of the
CW and results subsequently in a smaller land area requirement, making CWs a possible treatment
option for locations where a conventional CW would not fit. To date there is only one study looking
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into the effects of active aeration on pharmaceutical removal efficiency. A´vila et al. (2014b) compared
unsaturated VSSF CWs with different substrates (gravel and sand) to actively aerated VSSF CW
with saturated gravel bed. They found that the overall performance of the aerated CW was better
than that of the unsaturated gravel-bed CW, but that the best results (also pharmaceutical removal)
were reached by the unsaturated sand-bed CW. However, in this study only two pharmaceuticals were
targeted (diclofenac, ibuprofen). Therefore, further research on various pharmaceuticals and aeration
regimes is necessary.
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Table 2.3: Removal efficiencies of selected pharmaceuticals in CWs
Influent (ng/L) Effluent (ng/L) Removal (%) Type of CW Reference
ATL
1442
137
734
1100-2000
20-210
400-1100
284
31
383
530-1000
-
-
80
77
48
29-54
88-99
58-99
I:Full-scale SF
III:Full-scale HSSF
III:Full-scale HSSF
III:Full-scale SF
III:Pilot-scale VSSF
II:Full-scale HSSF
1
2
3
6
10
11
BSP 97-160 76-100 22-38 III:Full-scale SF 6
MTP
211
182
600-1500
25
162
620-1100
88
11
-3-33
I:Full-scale SF
III:Full-scale HSSF
III:Full-scale SF
1
3
6
STL
174
323
520-1000
148
306
550-1200
15
5
-21-23
I:Full-scale SF
III:Full-scale HSSF
III:Full-scale SF
1
3
6
DCF
131
284
3200
2800
380-670
670-2730
820
2200
1100
51
271
3
1400 (control line)
290-390
<230-600
-
-
-
53
5
>99
50
24-40
>46-86
73
20-35
17-95
III:Full-scale HSSF
III:Full-scale HSSF
H:Pilot-scale HSSF
H:Pilot-scale HSSF
III:Full-scale SF
H:Full-scale SF:HSSF
II:Pilot-scale VSSF
III:Pilot-scale VSSF
II:Full-scale HSSF
2
3
4
5
6
7
9
10
11
TMD
410-740
930-1200
700-800
460-600
-
-
-12-31
16-80
54-85
III:Full-scale SF
III:Pilot-scale VSSF
II:Full-scale HSSF
6
10
11
CBZ
173
372
290-1000
2060
2200-4970
154
387
340-850
-
-
11
-4
-17-15
20-26
<0-13
III:Full-scale HSSF
III:Full-scale HSSF
III:Full-scale SF
II:Pilot-scale VSSF
III:Pilot-scale VSSF
2
3
6
9
10
GBP 20-200 - -53-88 II:Full-scale HSSF 11
SMX
4090
61
214
49-140
620a
320-490a
918
64
180
85-140
83-250a
-
78
-7
16
-104-15
59-97a
-38-70a
I:Full-scale SF
III:Full-scale HSSF
III:Full-scaleSHQSF
III:Full-scale SF
II:Pilot-scale SF/HSSF
III:Pilot-scale VSSF
1
2
3
6
8
10
MFM n.a.
VST n.a.
TST n.a.
DZP n.a.
aSum of SMX and its metabolite N-acetyl-SMX
[1]Conkle et al. (2008); [2]Lee et al. (2011); [3]Verlicchi et al. (2013); [4]A´vila et al. (2010); [5]A´vila et al. (2013);
[6]Breitholtz et al. (2012); [7]Hijosa-Valsero et al. (2010a); [8]Hijosa-Valsero et al. (2011); [9]Matamoros et al. (2007);
[10]Ru¨hmland et al. (2015); [11]Chen et al. (2016)
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2.9 Environmental impact of pharmaceuticals in surface waters
2.9.1 Possible adverse effects in the ecosystem
Pharmaceuticals are designed to have specific pharmacological and physiological functions and they
can have significant (cumulative) effect on the metabolism of non-target organisms and the ecosystem
as a whole (Bendz et al., 2005). Because the environmental concentrations of pharmaceuticals are
very low, acute toxicity to aquatic organisms is mostly not observed and hence, the adverse effects
are caused by chronic exposure (Pe´ry et al., 2008). One remarkable example of such effects is the
feminization of fish in rivers receiving wastewater effluent. The role of steroid estrogens is implicit
in the development of intersex conditions, altered mating behavior, skewed sex ratios and reduced
reproduction (Gross-Sorokin et al., 2006).
The concerns related to antibiotics in the environment are caused by the potent formation of
antibiotic resistant bacteria and subsequent human health threat (Boxall et al., 2003). Moreover,
antibiotics can select for resistant bacteria even at lower concentrations than the levels considered
safe according to accepted environmental quality standards (Berendonk et al., 2015). However, it
is not confirmed whether the discharge of antibiotics into the environment is the major source of
resistant bacteria in the environment or is it rather the transfer of already resistant bacteria present
in wastewater (Ku¨mmerer, 2009).
Pharmaceuticals which are poorly biodegradable and hydrophobic tend to adsorb onto soil and
sediment. In particular, river biofilms have been shown to accumulate pharmaceuticals (Aubertheau
et al., 2016). River biofilms represent a major primary production source and hence, the contamination
of these biofilms may cause bioaccumulation and biomagnification problems. However, the risk for
humans to be exposed to pharmaceuticals via food has been estimated low (Schulman et al., 2002;
McEneff et al., 2014).
2.9.2 Effective concentrations vs. measured environmental concentrations
In this section, the data on toxicity of the selected pharmaceuticals is reviewed. Table 2.4 summarizes
observed effects of the selected pharmaceuticals on different species. The extent of the toxic effects is
dependent on the non-target species (i.e. species not intentionally receiving treatment) and the type
and concentration of the pharmaceutical in question (Crane et al., 2006). In wastewater effluent the
concentration of single pharmaceuticals varies from some ng/L to tens of µg/L (Verlicchi, Zambello,
2014) and the toxic concentrations listed in Table 2.4 are clearly higher than this. The table 2.4
illustrates examples of toxicity tests conducted in the laboratory using typical end points such as
mortality and decreased growth. Although these experiments were defined as chronic (to distinguish
them from even shorter acute tests of some hours) the exposure periods applied were still rather short.
The effects can also be much more subtle (e.g. on genetic level).
However, in wastewater effluent the pharmaceutical residues appear as a mixture which can even
have a higher toxicity than what is assumed based on the effects of the single substances (Cleuvers,
2003). Studies have shown that the initial estimation of environmental risk posed by a multicomponent
mixture can be based on the toxicity data of the single components and their predicted environmental
concentration (PEC) / predicted non-effect concentration (PNEC) ratio (Backhaus, Faust, 2012).
Only if environmental risk is increased based on this initial estimation, more elaborate analyses on
the mixture effects (either antagonistic or synergistic) are required.
CWs discharge their effluents often in small streams where limited dilution takes place. In
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the effluent dominated streams the concentration of pharmaceuticals can be high and therefore, it is
of the essence to assess the effect of the discharged pharmaceutical residues on aquatic organisms.
Furthermore, little is known about the long-term effects of low concentrations of pharmaceuticals
mixtures on aquatic organisms.
It is difficult to define the concentration of pharmaceuticals that can be regarded as safe in the
environment in a straightforward manner. The exact effects in aquatic systems upon chronic exposure
are currently not yet known. Also, a high variability in toxic effects caused by single and different
combinations of pharmaceuticals can be expected as discussed earlier. The European Joint Research
Center has conducted experiments on European rivers and proposed 100 ng/L as a warning limit for
most investigated pharmaceutical substances (Loos et al., 2009). However, this limit is not based on
toxicity testing, but it rather reflects a “normal” level of pharmaceutical pollution in European rivers.
Approximately ∼90% of all measured concentrations were below this level. In the future, it is probably
advisable to set limitations for pharmaceutical discharge based on the sensitivity of waterway.
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Table 2.4: Toxicity data on the effects of the selected pharmaceuticals on aquatic organisms
Species Organism
Exposure
period (d)
LOEC1
(mg/L)
NOEC2
(mg/L)
EC503
(mg/L)
Adverse
effect
observed on
Reference
ATL
H.vulgaris
P.promelas
P.promelas
L.minor
D.subspicatus
Invertebrate
Fish embryo
Fish
Plant
Algae
17
28
21
7
3
>10
3.2-10
1-10
-
-
-
≥ 10
3.2->10
-
-
-
-
-
>320
620
-
-
Size
-
Growth
Pascoe et al. (2003)
Winter et al. (2008)
Winter et al. (2008)
Cleuvers (2003)
Cleuvers (2003)
BSP n.a.
MTP
L.minor
D.subspicatus
Plant
Algae
7
3
-
-
-
-
>320
7.3
-
-
Cleuvers (2003)
Cleuvers (2003)
STL n.a.
DCF
D.rerio
P.subcapitata
B.calyciforus
C.dubia
L.minor
D.subspicatus
Fish embryo
Algae
Rotifer
Invertebrate
Plant
Algae
10
4
2
7
7
3
4
10
12.5
1
-
-
8
20
25
2
-
-
-
-
-
-
7.5
72
Mortality
Growth
Reproduction
Reproduction
Growth
Growth
Ferrari et al. (2003)
Ferrari et al. (2003)
Ferrari et al. (2003)
Ferrari et al. (2003)
Cleuvers (2003)
Cleuvers (2003)
TMD P.putida Bacterium 0.67 >1000 - - - Bergheim et al. (2012)
Species Organism
Exposure
period (d)
LOEC1
(mg/L)
NOEC2
(mg/L)
EC503
(mg/L)
Adverse
effect
observed on
Reference
CBZ
D.rerio
P.subcapitata
B.calyciforus
C.dubia
L.minor
D.subspicatus
Fish embryo
Algae
Rotifer
Invertebrate
Plant
Algae
10
4
2
7
7
3
25
>100
0.38
0.025
-
-
50
>100
0.75
0.1
-
-
-
-
-
-
25.5
74
Mortality
-
Reproduction
Reproduction
Growth
Growth
Ferrari et al. (2003)
Ferrari et al. (2003)
Ferrari et al. (2003)
Ferrari et al. (2003)
Cleuvers (2003)
Cleuvers (2003)
GBP n.a.
SMX
P.subcapitata
C.meneghiniana
C;leopolensis
B.calyciforus
C.dubia
D.rerio
Algae
Diatom
Blue-green algae
Rotifer
Crustacean
Fish embryo
4
4
4
2
7
10
0.09
1.25
0.006
25
0.25
>8
-
-
-
-
-
-
-
-
-
-
-
-
-
-
-
-
-
-
Ferrari et al. (2004)
Ferrari et al. (2004)
Ferrari et al. (2004)
Ferrari et al. (2004)
Ferrari et al. (2004)
Ferrari et al. (2004)
MFM
L.minor
D.subspicatus
Plant
Algae
7
3
-
-
-
-
110
>320
Growth
-
Cleuvers (2003)
Cleuvers (2003)
VST D.subspicatus Algae 3 - - 72 Growth Bayer et al. (2014)
TST n.a.
DZP H.vulgaris Invertebrate 17 - 0.01 - Polyp regeneration Pascoe et al. (2003)
1NOEC: The highest concentration used in a toxicity test that does not cause a toxic effect that is statistically significantly different from the control.
2LOEC: The lowest tested concentration which produced a statistically significant difference from the control.
3EC50: Concentration at which 50 % of the organisms were observed to be affected.
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2.10 Conclusions
ENMs are present in our everyday household products. The increasing production volumes (Robichaud
et al., 2009) make it important to study the fate of ENMs in wastewater treatment systems to reliably
estimate the environmental risk they pose.
During the usage of an ENM containing product, ENMs can be released to the washing water
(Benn, Westerhoff, 2008; Mitrano et al., 2014) and end up in wastewater. In the sewer system, ENMs
are likely to bind with organic matter and some types may sulfidize but little losses to the sewer
biofilm are expected (Kaegi et al., 2013; Brunetti et al., 2015). The current estimates on the ENM
concentration in wastewater reaching the treatment plant vary from some µg/L to hundreds of µg/L
depending on the type of ENM. Although these values are low and unlikely to cause toxicity to
microbial communities in CWs, caution is warranted due to the expected increase in the production
of ENMs in the future.
The ENMs are expected to further transform in CWs. The type and extent of these trans-
formations depend on the type of the ENM and the prevailing environmental conditions in the CW.
Some differences in the fate of ENMs in HSSF CWs versus VSSF CWs can thus be expected due to
e.g. different dissolved oxygen conditions. In general, important transformations that are likely to
occur in CWs are sulfidation, sorption onto organic matter and other solids and heteroaggregation
with suspended particles. Plant uptake is likely to have a minor role in the removal of ENM from the
water phase, although adsorption of ENMs onto the root surfaces can be substantial. Hence, wetland
plants can play an important role in ENM immobilization in the rhizosphere. Although sulfidation
in CWs seems unavoidable, it is impossible to say to what extent it occurs. This may be important
for the bioavailability of the metal species as ions are better taken up by plants than ENMs or it
may impact the toxicity caused on the biofilm. The biofilm is not predicted to be adversely affected
by the ENMs in the water phase but in long-term the accumulating ENMs may become toxic to the
micro-organisms. The concentrations of ENMs released from a CW with effluent, harvested plant
material and (in some special cases) sludge are expected to be low due to the efficient retention of
ENMs within the substrate.
Pharmaceuticals are chemically complex compounds which even at very low concentration can
have adverse and unforeseen effects in the ecosystem. They are used in large quantities throughout
the world and the consumption is expected to increase due to the aging of the population (UN 2015).
While modern wastewater treatment systems efficiently remove organic carbon and nutrients,
the influent stream contains also a lot of different trace substances, such as pharmaceuticals, for
which these treatment systems are not designed. Hence, the elimination of pharmaceuticals at the
wastewater treatment plant is insufficient and these compounds are detected in wastewater effluent,
receiving waters and even ground water and drinking water. Constructed wetlands (CWs) are mainly
used as small-scale wastewater treatment systems in remote areas. The emissions from a small-scale
treatment system may seem insignificant in comparison to large treatment plants but actually the
contrary is true. CWs often discharge their effluent in water ways which have a rich biodiversity or in
small streams where possibly only little dilution occurs. It is thus likely that the emissions from the
CWs do have an impact on the ecosystem in these streams.
CWs can contribute to the removal of pharmaceuticals via several simultaneously occurring
processes. The combination and extent of the processes involved in the removal of the specific phar-
maceutical depend on the characteristics of the pharmaceutical and on the prevailing environmental
conditions in the CW. The multitude of possible removal mechanisms in a CW is considered an asset
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in comparison to other wastewater treatment systems.
A lot of research on pharmaceutical removal in CWs has already been conducted (for a review
see e.g Verlicchi, Zambello (2014)). Although studies have indicated that improved oxygenation of
the CW can aid the removal of some compounds (Zhang et al., 2012b), no detailed investigations on
the effect of active aeration have yet been performed. Since active aeration enhances the removal of
organics, the CW can be designed with a smaller footprint. This compact design would be beneficiary
for locations where conventional (i.e. larger) CWs do not fit, e.g. hospitals or other urban locations.
Although counteractive to aeration in terms of decreasing the footprint, another possible way to
improve pharmaceutical removal in CWs is to increase the HRT. The effect of HRT has not yet been
studied extensively but indications have been found that e.g. clofibric acid, ketoprofen and salisylic
acid removal correlates with the HRT (Zhang et al., 2015b). In short, the discharge from the CW can
affect the biodiversity of the receiving stream and therefore, it is necessary to explore the possibilities
of adapting the operation of the CW to improve the effluent water quality.
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Chapter 3
Fate of citrate-coated silver
nanoparticles in constructed wetlands -
a microcosm study
This chapter is based on Auvinen H., Kaegi R., Rousseau D.P.L., Du Laing G. 2017. Fate of citrate-
coated silver nanoparticles in constructed wetlands - a microcosm study. Water, Air and Soil Pollution
228:97.
3.1 Introduction
Silver nanoparticles (Ag-NPs) are used in common household products, such as textiles, biocidal
sprays, food packaging material and toys, because of their antimicrobial properties (Vance et al.,
2015). During washing, Ag-NPs can be released from textiles (Benn, Westerhoff, 2008; Mitrano et al.,
2014) and will thus be transported to the wastewater treatment plant through the municipal sewer
system. Even though the concentration of Ag-NPs in the raw wastewater is currently low (Li et al.,
2013), the predicted increase in their production and use may lead to elevated amounts of Ag-NPs
released into the wastewater in the future (Peralta-Videa et al., 2011). The specific use of Ag-NPs
in household products in combination with the toxicity of Ag (Doiron et al., 2012; Ratte, 1999) and
the resulting environmental risk (Colvin, 2004), have led to several scientific publications studying the
removal of Ag-NPs from wastewater streams (Kaegi et al., 2013; Lombi et al., 2013).
These studies revealed that sulfidation of Ag-NPs and attachment of Ag-NPs to sludge biomass
are the most important processes mitigating the toxicity of Ag-NPs (Reinsch et al., 2012) and removing
them from the wastewater stream through sedimentation in a secondary clarifier. According to Kaegi
et al. (2011), sulfidation of Ag-NPs is a fast process and at current Ag concentrations measured
in wastewater, is neither limited by the sulfide availability in the wastewater nor by the hydraulic
retention time in wastewater systems. Due to the efficient removal of Ag-NPs during the wastewater
treatment (sulfidized) Ag-NPs will be accumulated in the sewage sludge. Kim et al. (2010) identified
individual nanosized silver sulfide particles in the sludge of a full-scale wastewater treatment plant.
In a microcosm study simulating emergent freshwater wetland, spiked Ag-NPs quickly settled to the
bottom and transformed into Ag2S (Lowry et al., 2012a), further demonstrating the importance of
the sulfidation of Ag-NPs.
The removal of engineered nanoparticles (NPs) in constructed wetlands (CWs) has received
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little attention to date. CWs are often applied for domestic wastewater treatment, usually in remote
areas and small communities, and can also be used to treat landfill leachate among others types of
wastewater (Kadlec, Wallace, 2009). Different compositions of the influent water, different designs,
operation principles and varying ages of the CWs affect the conditions within the CWs, for example,
oxygen content, redox conditions, retention time, and accumulation of organic matter within the CWs.
Aeration of CWs enhances their treatment efficiency (Fan et al., 2013; Nivala et al., 2007; Zhang et al.,
2010b), but aeration may result in the release of Ag+ due to the oxidative dissolution of Ag-NPs (Liu
et al., 2011). Ag+ may be of even greater environmental concern than Ag in its particulate form
(Behra et al., 2013). Furthermore, the conditions within CWs can change dynamically over the
typical lifetime of CWs (20 – 30 years) owing to changes on a time scale of minutes (e.g. accepting
stormwater overflows) to years (e.g. clogging, vegetation development). Physicochemical conditions of
the surrounding media influence the transformations of NPs, and thus define the persistence, reactivity,
bioavailability and toxicity of (transformed) NPs in the environment (Lowry et al., 2012b). To assess
the risk associated with an increasing use of (Ag)-NPs in consumer products and to better understand
the environmental distribution of (Ag-)NPs, it is therefore of interest to study the removal of (Ag-)NPs
in CWs.
Therefore, we investigated the retention of Ag-NPs in microcosms simulating CWs treating do-
mestic wastewater and studied the distribution and transformation of Ag-NPs (citrate-coated) within
the CW microcosms. Although only one type of Ag-NP was studied, earlier research indicated that
coating (citrate or PVP) does not affect the fate of Ag-NPs during wastewater treatment (Kaegi et al.,
2013). We derived the removal efficiency of the Ag-NPs by comparing the Ag concentration measured
in samples collected from the influent and from the effluent of the CWs. Ag concentrations of the di-
gested biofilm and plant material were used to establish the distribution of Ag within the microcosms
and the transformation (sulfidation) of the Ag-NPs in the biofilm was evaluated by detailed electron
microscopy analyses. By aerating and adding organic matter (OM) to the microcosms we assessed
whether these factors influence the amount of Ag discharged from the microcosms.
3.2 Materials and methods
3.2.1 Experimental design
Microcosms simulating sub-surface flow CWs were monitored during this experiment. The experiment
lasted for 25 weeks including an initial adaptation period during which the plants were allowed to grow
and biofilm to develop before the Ag-NP dosing was initiated. The microcosms were sampled once
a week for 18 weeks. To investigate the effect of aeration and OM on the performance of the CWs,
different microcosms were set up as shown in Table 3.1. Aeration is sometimes applied in CWs to
stimulate the removal of organic carbon (e.g. Fan et al. (2013)), but could also foster the oxidation of
Ag-NPs which may affect their fate in the microcosms. During the lifetime of CWs, there is build-up
of OM and reed leaves were added to simulate the accumulation of OM in an aging CW.
The microcosms were built in polypropylene containers by filling them with 2 L of washed gravel
(∅ 6/8 mm; porosity 36.5%±1.3%; Kranendonk NV, The Netherlands). A similar setup has been used
earlier to assess the effects of ENMs on the microbial community in CW microcosms (Button et al.,
2016). A schematic illustration of the setup can be found in section 5.2.1 (Button et al., 2016). The
chemical composition and the cation exchange capacity and pH of the gravel used is given in section
4.3.2 Table 4.1 (Auvinen et al., 2016b). The depth of the gravel layer was approximately 15 cm.
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Table 3.1: Setup of the different treatments. The microcosms were constructed in triplicate for each
treatment.
Microcosm Aeration applied OM added Ag-NP added
Air X - X
OM - X X
Positive control - - X
Negative control - - -
The microcosms were planted with common reed (Phragmites australis), obtained from a local garden
center. Little amounts of potting soil was still present between the fine roots upon planting. The
setups were fitted with a 32-mm-diameter perforated central sampling tube and a small outlet spout
made of silicone tubing with a plastic stopper for draining. The aeration was provided in the AIR
microcosms with an aquarium air stone and pump (Hozelock 320). The reed leaves added in the OM
microcosms were placed in a rain water tank for one month before the beginning of the experiment
where the leaves partially degraded. Then, the leaves were chopped in small pieces and 100 g was
mixed thoroughly with the gravel.
In total, the influent water of the CWs was spiked 18 times with Ag-NPs (50 µg Ag/week/micro-
cosm). The concentration occurring in the microcosms (100 µg/L) was higher than expected to occur
in real domestic wastewater (Blaser et al., 2008) to be able to detect residual Ag via microscopy and
measure it in plant material where concentrations were predicted to remain low. Synthetic domestic
wastewater (OECD, 2001) was used as influent (490 mL per microcosm). The Ag-NPs were added in
the influent to guarantee their even distribution in the microcosm. The spiking of the influent was done
individually per microcosm and the synthetic wastewater was added to the microcosm immediately
after spiking the wastewater with Ag-NPs to minimize the holding time and possible subsequent
transformations of Ag-NPs. In the study of Button et al. (2016) where also synthetic wastewater and
same Ag-NPs were used, no sulfidation nor chlorination was observed directly after adding the Ag-NPs
to the wastewater solution.
The microcosms were operated in batch mode with weekly draining of the effluent equating to
a hydraulic retention time (HRT) of 7 days. The microcosms were drained top-down via the outlet
spout so that the water was completely replaced by freshly prepared influent. The water was sampled
after draining the complete volume and mixing it well. This procedure differs from the one explained
in chapter 5 to account for the issues observed there. The evaporating water was replaced twice a
week with tap water.
3.2.2 Nanoparticle suspension
Citrate-coated Ag-NPs were obtained from PlasmaChem GmbH (Berlin, Germany) as a colloidal
suspension (pH 6 – 8). The suspension was stored in the dark at 4 – 8◦C. The concentration of the
stock dispersion was measured prior to use by inductively coupled plasma-mass spectrometry (ICP-
MS) as described later in section 3.2.3. The dispersion was digested prior to analysis as described
later in section 3.2.3 for influent and effluent samples. The hydrodynamic diameter (Z-average) of
the particles in the stock solution was determined by using a Photon Correlation Spectrometer (PCS;
100M Malvern Instruments Ltd). All measurements were performed in triplicate at 25◦C using a
helium-neon laser (633 nm) and a scattering angle of 150◦. The average particle size was determined
based on intensity and number. The particles in the stock suspension were additionally investigated by
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a scanning transmission electron microscope (STEM) and the particle size distribution was extracted
from STEM images using the ParticleSizer software (Wagner, 2016).
3.2.3 Total silver analysis
Digestion of the samples
Influent and effluent water samples were digested in the microwave oven (Mars 5 and 6) after adding
4 mL of concentrated HNO3 and 1 mL of H2O2 to 10 mL of sample. The digestion program consisted
of the following steps: 10 min at 55◦C; 10 min at 75◦C; 40 min at 100◦C. The performance of the
digestion method was investigated as a preliminary study prior to another research project studying
the fate of Ag-NPs in natural water samples previously conducted in our lab (Van Koetsem et al.,
2015, 2016a).
At the end of the experiment, total Ag content in the different compartments of the microcosms
was also determined. The gravel was mixed carefully after removing the plants and sub-samples of 100
g were treated with 100 mL of potassium-free phosphate buffer (10 mM Na2HPO4, 8.5 g/L NaCl, pH
7.4) to detach the biofilm and the organic matter from the gravel (Button et al., 2016). The sample
was shaken (orbital shaker) in the buffer solution for 2 h at moderate speed (200 rpm), after which the
buffer was directly decanted. A sub-sample of 10 mL was digested following the protocol described
above and the Ag concentration was measured to assess the fraction of Ag associated with the biofilm
and the organic matter. To the remaining gravel sample 20 mL of 5% HNO3 was added to allow the
determination of Ag firmly attached to the gravel. After shaking the sample for 1 h at moderate speed
(200 rpm), the acidic solution was directly decanted and 10 mL of sample was digested as described
above. These sequential extractions were conducted in duplicate for each microcosm.
To determine the amount of Ag attached to the biofilm on the microcosm walls, 100 mL of 5%
HNO3 and 5 mL H2O2 were added to the empty container after the experiment and shaken vigorously.
10 mL of sample were digested and analyzed for total Ag as described above.
The plant samples were divided in two parts: aboveground tissue (i.e. stems and leaves) and
belowground tissue. Due to the very fine structure of the roots, these samples may still have contained
small amounts of potting soil. Both types of plant samples were dried in an oven overnight (40◦C),
cut into pieces and ground to a fine powder with mortar and pestle. A sub-sample of 1 g of plant
material was digested as described in Du Laing et al. (2003). Minor amounts of particulate matter
were still observed in the digest. This material was left to settle, and only the supernatant was used
for the analysis of total Ag.
Analysis of Ag
Digested samples (<15 mL) were first diluted to 25 mL with Milli-Q water and then diluted (1:10)
with an acidified (1% HNO3) internal standard (10 µg Ga/L and 10 µg Rh/L) solution. Thereafter,
the total silver concentration was measured using ICP-MS (PerkinElmer Sciex Elan DRC-e). The
instrumental parameters and the calibration ranges are given in Appendix A Table A1. External
calibration standards were used for ICP-MS analyses, and recalibrations were performed every 20
samples. Blank samples and reference standards were included at the beginning and the end of each
intra-analysis batch of 20 samples for quality control purposes. The detection limit varied during the
experiment between 0.02 and 0.12 µg Ag/L. The detection limit was defined as the sum of the average
Ag concentration measured in blank samples and 3 times standard deviation of these samples.
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3.2.4 Total organic carbon, total suspended solids, dissolved oxygen and pH
Thirteen weeks after the beginning of the Ag-NP spiking, total organic carbon (TOC) and total sus-
pended solids (TSS) were determined on effluent samples weekly for five weeks. TOC was measured
in non-filtered samples using a TOC-analyzer (TOC-VCPN , Shimadzu). The detection limit of these
measurements varied between 1.2 and 3.9 mg/L. The detection limit was defined as the sum of the av-
erage TOC concentration measured in blank samples and 3 times standard deviation of these samples.
TSS was determined gravimetrically after filtering 100 mL of effluent through a paper filter (Macherey
Nagel 640m). The total Ag concentration in the filtrate was determined twice (analysis according to
sections 3.2.3 and 3.2.3).
The dissolved oxygen (DO) content in the microcosms was measured twice during the exper-
iment (week 4 and 7) by using a portable DO meter (HI9142, Hanna Instruments). The DO was
measured in situ 3 - 4 days after spiking of Ag-NPs by using the perforated sampling tube inside the
microcosm. The pH was measured twice during the experiment (week 4 and 7) from the influent and
drained effluents by using a bench-top pH meter (520A, Orion Research Inc.).
3.2.5 Scanning transmission electron microscopy and energy-dispersive X-ray anal-
ysis (STEM-EDX)
Samples from the stock suspension and from the biofilm extracts were analyzed using a scanning
transmission electron microscope (STEM HD 2700Cs, Hitachi), operated at an acceleration voltage of
200 kV. Individual Ag-NPs, or their transformation products (Ag2S) were localized using a high-angle
annular dark-field (HAADF) detector. Elemental analysis of selected NPs was performed with an
energy-dispersive X-ray (EDX) analysis system (EDAX) attached to the microscope.
A few drops of the stock suspension were pipetted on a holey carbon TEM grid (Plano, GmbH,
Germany) and subsequently drawn through the grid by using a paper towel. After particle deposition,
the grid was washed with a drop of demineralized water. Two preparation protocols were applied to
deposit biofilm samples on TEM grids. The first protocol is very simple and can be applied in any
laboratory, however, it requires high particle concentrations due to the low amount of sample that
is eventually retained on the TEM grid. The second protocol is more sophisticated and requires a
dedicated infrastructure. However, suspension with much lower particle concentrations can successfully
be prepared for STEM analyses, as the centrifugation procedure concentrates the particles from the
suspension on the TEM grid.
In the first protocol, a few drops of the aqueous biofilm extracts obtained after the extraction
with phosphate buffer were drawn through a TEM grid (Plano GmbH, Germany) with a paper towel.
In the second protocol, the liquid samples (approximately 200 mL, duplicate samples from each micro-
cosm were combined) were centrifuged (5 min at 700 x g) and the solid fraction was freeze dried and
stored at -18◦C. The samples were later thawed under a gentle argon flow, packed in moist absorbing
clay and sent for further processing. The samples were ground to a fine powder with mortar and
pestle. The powder was added to a 2.0 mL Eppendorf tube and filled with 1.6 mL of ultrahigh quality
water (NANOpure, Diamond, Barnstead, Thermo Scientific). The dispersion was vortexed for 1 min
and then split into 2 Eppendorf tubes. The two tubes were sonicated with a Hielscher UP200St Vial
tweeter for 2 minutes (amplitude 75%, cycle 50%). Temperature was monitored during sonication in a
separate tube filled with distilled water and the temperature did not rise above 45◦C. The dispersions
were diluted to reach final concentrations of ∼0.3 mg sample/mL and 0.07 mg sample/mL. Two dif-
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ferent concentrations were used to evaluate which one is better suited for the STEM analysis. These
suspensions were centrifuged (1 h at 25,000 x g) on Formvar – Carbon coated TEM grids (Quantifoil
Micro Tools GmbH, Germany). The described treatment was necessary to evenly distribute the NPs
on the TEM grid. Due to the grinding and sonication process, no conclusions can be drawn about the
association between the (transformed) Ag-NPs and other colloids/particles in the original sample but
the speciation of Ag-NPs should not change during sample preparation.
3.2.6 Data analysis
Statistical analyses were performed by using SPSS Statistics 22 software. Firstly, the data were
examined for normal distribution using the Shapiro-Wilk’s test. Because the normality criterion of all
samples was not met, a non-parametric test (Mann-Whitney U) was performed. This test was done
pairwise to determine whether the Ag mass in the effluent and in the different compartments of the
microcosm differed significantly between the treatments. The level of significance was set at p=0.05.
3.3 Results
3.3.1 Characterization of Ag-NPs
The total Ag concentration of the stock Ag-NP suspension determined by ICP-MS was 97±3 mg/L. Re-
sults from PCS measurements showed a number-weighted average particle diameter of 10 nm (11.1±0.2
nm). However, the intensity-weighted average particle diameter was close to 100 nm (90.9±7.9 nm)
indicating that also larger particles (most probably Ag-NP aggregates) were present in the stock sus-
pension. The particle size distribution extracted from STEM images (approximately 150 particles)
revealed an average diameter of approximately 13 nm (Figure 3.1) confirming that intensity-weighted
particle size distributions were biased by the presence of aggregates.
Figure 3.1: Left: STEM image of the Ag-NP from the stock dispersion. Right: particle size distribution
extracted from STEM images. The distribution was fitted to a log-normal distribution.
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3.3.2 Dissolved oxygen (DO) and pH
The influent had a pH of 8.0 whereas the pH of the effluents was slightly lower (7.4 – 7.7). Due to the
similarity of the effluent pH in all treatments, the pH is not considered to have caused differences in
the fate of Ag-NPs between the different treatments. In the aerated treatments, the DO concentration
was 3.2±0.1 mg/L. Without aeration, the DO concentration was below detection limit (detection limit
reported by the manufacturer 0.1 mg/L).
3.3.3 Total Ag mass and removal of the Ag-NPs in CWs
After the initial acclimatization phase, 50 µg of Ag-NPs was spiked weekly during 18 weeks resulting in
a total nominal mass of 900 µg of Ag-NPs added to the microcosms (except for the negative control).
The Ag concentration in the influent water was measured in 15 out of 18 spiking events (due to
technical difficulties) and resulted in an average mass of 52±5 µg of Ag applied per spiking event.
For the mass balance calculations we assumed that an average mass of 52 µg Ag was dosed in the
microcosms in three spiking events where the influent Ag concentration could not be measured. The
total Ag concentration in the effluent (measured at 15 events) and the effluent volume were used to
calculate the mass of total Ag leaving the microcosms. The total Ag mass released from the microcosms
with the effluent was lowest for the positive control and for the aerated microcosms, 90.5±56.8 µg
and 94.4±17.8 µg, respectively (Table 3.2), and there was no significant difference between these
treatments (p>0.05). The highest total mass of Ag was measured in the effluent of the microcosms
with added OM, 190±21.3 µg, which differed significantly from the other two set-ups (p<0.05). For
the three events where no Ag concentrations were available, we used the average Ag concentrations in
the effluent of the individual experiments to complete the mass balance calculations. The Ag fractions
retained in the wetland microcosms, calculated from the difference between integrated influent and
effluent Ag masses, were 0.8 and 0.9. The lowest removal (80%) was obtained for the OM treatment
and in the other two treatments (positive control and air) 90% of the Ag was removed. The Ag
concentrations measured in all samples from the negative controls were below the detection limit.
3.3.4 Distribution of Ag within the microcosms
The largest percentage of Ag that was recovered within the microcosms, was found in the biofilm
extracts (Table 3.2). Independent of the treatment, approximately 95% of the Ag recovered was asso-
ciated with the substrate (sub-samples biofilm and gravel). The large standard deviation associated
with the Ag mass in the gravel of the OM treatment is caused by one of the six sub-samples, where
unusually high Ag concentrations were obtained (Table 3.2). A few % of Ag was lost to the biofilm
that grew on the walls of the microcosms and less than 1% was found in the plant roots. In the leaves
and stems of the plants, the Ag concentrations remained below the detection limits.
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Table 3.2: The mass balance and distribution of total Ag within the microcosms. The total mass (µg Ag) is calculated for water and solid samples based
on the measured concentration in the given medium and the volume or mass of the given medium.
Discharge and overall removal 2Ditribution within the microcosm compartments
Setup Influent Effluent
1Removal
efficiency
Biofilm Gravel Plant roots Plant shoots Microcosm walls
3Total
recovery
µg Ag µg Ag % µg Ag % µg Ag % µg Ag % µg Ag % µg Ag % %
Negative control <LOD <LOD - <LOD - <LOD - <LOD - <LOD - <LOD - -
Positive control 937±6 91±57 90 265±31 77 61±24 18 3.2±1.9 0.9 <LOD - 17±6 4.9 49
OM 922±10 190±21 79 29±16 65 104±104 30 2.8±1.1 0.8 <LOD - 16±1 4.5 61
Air 931±7 94±18 90 248±25 81 44±7 15 1.2±0.5 0.4 <LOD - 11±9 3.7 44
1Calculated from the difference between Ag masses measured in the influent and in the effluent.
2Normalized by the sum of Ag mass recovered in the different microcosm compartments. The percentage represents the proportion of Ag mass
recovered in a given compartment to the sum of Ag mass recovered in all microcosm compartments.
3The percentage represents the proportion of Ag mass recovered in (effluent and all microcosm compartments) to the sum of Ag mass spiked (influent).
LOD:Limit of detection42
3.3.5 Correlation of TSS/TOC and total Ag content
TSS and TOC were measured weekly between weeks 13 – 17 in the effluent samples. TSS concentra-
tions in the effluents of the positive control and the aerated treatments ranged from 3.7 to 178 mg/L,
with the lowest values systematically measured in one of the three replicates of the positive control.
The high TSS concentration in the effluents of the OM setups (121 – 320 mg/L) demonstrates the
effect of OM addition within the substrate. The solids in the effluents of the positive control and the
aerated treatments originate from biofilm, degrading plant roots and potting soil that was still present
between the roots upon planting. Similarly to the TSS values, the TOC concentrations in the effluents
of the positive control, aerated and OM setups ranged from 4.7 to 97.9 mg/L, TOC being highest
in the OM setups. A more detailed overview of the TSS and TOC concentrations in the different
treatments can be found in Table A2 in Appendix A.
The total Ag concentration correlated well with the TSS concentration in the effluent (R2=0.81,
Figure 3.2). Also Ag and TOC concentrations were positively correlated, but the correlation was
considerably less pronounced (R2=0.59) compared to the correlation observed between Ag and TSS.
The Ag concentration in the filtrate from the TSS analysis was analyzed twice during the experiment.
The total Ag concentration in these filtrates was below the detection limit in all samples (data not
shown).
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Figure 3.2: Correlation between TSS or TOC and Ag concentration in microcosm effluents (n=45).
3.3.6 Morphology and elemental composition of Ag-NP in the biofilm
The detected Ag-NPs were of comparable sizes as the pristine particles in the stock suspension (Figure
3.3). EDX analyses of individual particles revealed that Ag was always associated with sulfur (S),
suggesting that Ag-NPs transformed into Ag2S during the treatment. To a first approximation, the
intensity ratio between S(Kα) and Ag(Lα) should reflect the atomic ratio of the transformed Ag-
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NPs. However, due to variable contributions of S from the background (organic matter) to the signal
intensity, a quantitative evaluation of the signal intensities was not performed. Because of the presence
of organic matter in the samples the recording of high resolution phase contrast images and phase
identification based on lattice spacings was not possible. Thus, due to the small size of the particles
and in combination with considerable amounts of S in the biofilms, the presence of minor amounts of
metallic Ag (partially sulfidized Ag-NP) cannot be excluded.
Figure 3.3: STEM images (high angular annular dark field) of (transformed) Ag-NPs detected in the
biofilm of the different microcosms (left: positive control; middle: OM; right: air). Insets show the
EDX spectra of the particles marked with the dashed circle. The varying Ag – S ratios result from
the variable background contribution of S which is present in the biofilm.
3.4 Discussion
Our results revealed an efficient retention of Ag-NPs in the CWs and indicated that most of the
retained Ag-NPs were attached to/incorporated in the biofilm. However, in total only between 40%
and 60% of the total Ag was recovered. The results from the Ag measurements in the influent were
in agreement with the nominal mass applied in the microcosms. In the effluent samples, no residual
materials were observed in the digested samples. We thus assume that results from the influent and
effluent measurements were very robust. However, it is not clear whether the sequential extraction
procedure quantitatively extracted the Ag from the gravel. Also, after the acid treatment of the
emptied microcosms, remaining biofilm material was observed on the walls. In addition, the digestion
protocol did not completely digest the plant material as residual particulate matter was observed in the
digest. Thus, we assume that the poor mass balance closure for Ag resulted from the non-quantitative
recovery of Ag from the different compartments within the microcosm, and thus did not affect the
results of the Ag removal efficiencies calculated for the CWs from measured influent and effluent Ag
concentrations. In similar experiments in the future it is important to apply additional extraction
steps.
The good correlation between the TSS and the Ag content in the effluent observed in all
experiments further suggests that Ag-NPs were dominantly attached to the particles/biomass leaving
the CWs which is in good agreement with earlier laboratory-, pilot- and full-scale studies (e.g. Kaegi
et al. (2011); Kim et al. (2010); Ma et al. (2014)). In these studies it was concluded that the Ag-
NPs mainly accumulate in sludge and are therefore efficiently removed from the water phase. This
hypothesis is supported by the significantly higher Ag fraction that passed the CWs in the OM
treatment and the correspondingly lower fraction found in the biofilm compared to the other treatments
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(Table 3.2). The addition of organic matter probably provided additional surfaces for the attachment
of Ag-NPs but also resulted in a higher fraction of Ag that passed the CWs as more organic matter
also left the CWs. However, the Ag fractions extracted from the microcosm walls at the end of the
experiments were comparable for all three experiments (11 – 17 µg Ag) and may indicate that the
addition of OM did not substantially affect the biofilm, but mainly provided additional surfaces for Ag-
NP attachment. Furthermore, the total recovery of Ag was highest in the OM experiment, which is in
line with our hypothesis that the poor Ag mass closure is related to the incomplete extraction/digestion
of Ag from the compartments within the CWs. The higher Ag fraction passing though the CWs in
the OM experiment therefore resulted in reduced amounts of Ag remaining in the CWs which in turn
improved the mass closure of Ag. In similar experiments in the future it is advisable to apply more
extraction cycles to improve the mass closure. However, in the batch experiments described in the
following chapter (Chapter 4) also show that the Ag-NP removal from the water phase is improved in
the presence of biofilm and that only minor amounts of Ag-NP are taken up by reed, hence confirming
the conclusions made here.
In general, the high retention efficiencies of 80% – 90% of Ag-NPs in combination with the fact
that Ag-NPs are dominantly attached to organic matter are consistent with high annual mean removal
efficiencies (80±15%) of TSS reported from 17 CWs (Vymazal, 2009). The results indicate that the
retention of solids in the wetland becomes essential in limiting the release of Ag (or particulate bound
pollutants in general), which again is in line with the absence of Ag in filtered effluents samples. The
low concentrations detected in the filtrates could be caused by adsorption of free Ag-NPs and Ag+
on the paper filter. However, Van Koetsem et al. (2016a) has studied the recovery of these citrate-
coated Ag-NPs and Ag+ during filtration through the same paper filters as used in this study and
they concluded that approximately 60% and 95% of Ag-NPs and Ag+ were recovered in the filtrates,
respectively. Hence, it is logical to assume that the low concentrations observed in the filtrates of this
study indicate only negligible amounts of free Ag+, and even Ag-NPs, in the samples.
Aeration did not result in an increased concentration of Ag in the water phase although aeration
could have caused Ag+ formation through oxidative dissolution of Ag-NPs (Liu et al., 2011). This can
be well explained by the sulfidation of the Ag-NPs, which was also observed by STEM-EDX in samples
from the aerated microcosms. Sulfidation results in dramatically reduced release of Ag+ (Levard et al.,
2011). As the DO in the aerated microcosms remained rather low (3.2 mg/L), it may well be possible
that anoxic zones were present within the matrix or the biofilm where sulfate reducing bacteria may
have developed.
In this study, we used citrate-coated Ag-NPs and another coating might stabilize Ag-NPs more
efficiently. However, also polyvinylipyrrolidone (PVP) which sterically stabilizes the particles did not
influence the removal efficiencies during activated sludge treatment (Kaegi et al., 2013). Thus, we
assume that our results are also applicable for Ag-NPs with other types of coatings.
3.5 Conclusions
Ag-NPs were very efficiently removed (80 - 90%) from synthetic wastewater in microcosms simulating
CWs. The largest fraction of Ag-NPs was attached to or incorporated in the biofilm developed on the
gravel bed of the CWs. The fraction of Ag-NPs that passed the CWs, was bound to solids present
in the effluent. Thus, an increasing retention of TSS in CWs would lead to a proportional decrease
in Ag being discharged from the CWs. Results from STEM-EDX analyses suggested that Ag-NPs
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were dominantly sulfidized, even in the aerated treatments. Anoxic/anaerobic zones within the biofilm
most likely favored the growth of sulfate reducing bacteria resulting in the sulfidation of the Ag-NPs.
Aeration did not affect the retention efficiency of total Ag in the microcosms and the distribution
of total Ag in the aerated microcosms was similar to that of the positive control. The addition of
OM provided additional surfaces for the attachment of Ag-NPs and resulted in a slightly reduced
retention of Ag-NPs in the microcosms due to increased discharge of TSS with the effluent. Although
this study describes laboratory-scale setups many conclusions and predictions on the fate of ENMs
in full-scale CWs can be made. The biofilm is likely to function as the main sink for the Ag-NPs
due to its high affinity for Ag-NPs. The biofilm thickness and the percentage of substrate covered
by biofilm will increase with operation time and are thus higher in full-scale CWs than the studied
microcosms, hence indicating larger biomass being able to accumulate Ag-NPs in full-scale CWs than
in the microcosms studied. Also, plant roots, occupying a large volume in full-scale CWs, offer an
important attachment site for biofilm and hence for Ag-NPs. As Ag-NPs are mainly accumulating
in biofilm sudden high flow of influent, large fluctuations in aeration force or the presence of toxic
compounds in the influent could induce the detachment of biofilm and hence, cause temporary release
of (transformed) Ag-NPs from the CW. As the CW ages and more organic matter is accumulating
within the CW bed, clogging could occur and lead to short-circuiting and possibly increased discharge
of Ag-NPs. In general, the results obtained in this study implicate that the biofilm in CWs will act
as a sink for Ag-NPs, similarly to activated sludge, and the release of (transformed) Ag-NPs is during
normal operation primarily determined by the discharge of TSS.
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Chapter 4
Substrate- and plant-mediated removal
of citrate-coated silver nanoparticles in
constructed wetlands
This chapter is based on Auvinen H., Va´squez Sepu´lveda V., Rousseau D.P.L., Du Laing G. 2016.
Substrate- and plant-mediated removal of citrate-coated silver nanoparticles in constructed wetlands.
Environmental Science and Pollution Research 23(21), 21920-21926.
4.1 Introduction
Silver nanoparticles (Ag-NPs) are used in a wide range of household products, such as high-performance
clothing, food packaging and wound bandages (Vance et al., 2015), because of the bactericidal prop-
erties of Ag (Doiron et al., 2012; Ratte, 1999). Ag-NPs can be released from these products during
usage (Benn, Westerhoff, 2008; Mitrano et al., 2014), and will therefore be transported to the wastew-
ater treatment plant which acts as a barrier controlling the release of NPs to the environment. The
potential adverse effects on aquatic organisms have raised concerns about the discharge of (Ag-)NPs
with wastewater effluent (Fabrega et al., 2011; Klaine et al., 2008) and thus, understanding the fate
and behavior of (Ag-)NPs in different environmental and biological systems can help improve the risk
assessment (Lowry et al., 2012b).
Although constructed wetlands (CWs) are used to treat wastewater that potentially contains
NPs, such as municipal wastewater and landfill leachate (Kadlec, Wallace, 2009; Keller, Lazareva,
2013), the fate of NPs in CWs has received little attention to date. In activated sludge treatment,
Ag-NPs are likely to precipitate, mainly as sulfides (Ag2S), and attach to sludge biomass, and these
processes result in efficient removal of Ag-NPs in the secondary clarifier (Kaegi et al., 2011; Kim et al.,
2010; Lombi et al., 2013). The formation of Ag2S from polyvinylpyrrolidone (PVP)-coated Ag-NPs
has been reported also in a fresh water emergent wetland (Lowry et al., 2012a). These solids were
found nearby the location where they were dosed indicating rapid formation and low mobility of these
precipitates.
In addition to sulfidation and attachment to biosolids, aggregation, plant uptake, and adsorp-
tion on the surfaces of the substrate and plant roots can play a role in the retention of (Ag-)NPs in
CWs. Sub-surface flow CWs, where the treated water flows through the wetland substrate, have a high
contact surface area and long hydraulic retention time which can improve the attachment of NPs in
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these systems. The surface area is (mainly) created by the (biofilm covered) substrate and plant roots.
The biofilm excretes extracellular polymeric substances (EPS) which are responsible for the adhesion
of bacterial communities onto surfaces (Tsuneda et al., 2003). Its high adhesion capacity makes EPS
also efficient at binding toxicants, such as NPs (Sheng, Liu, 2011). Research on phototrophic biofilm
cultures in rotating angular bioreactors simulating natural aquatic environment showed, however, that
Ag-NPs are not necessarily immobilized by EPS but can move through the EPS structure resulting in
widespread effects in the biofilm ecosystem (Gonza´lez et al., 2015). The specific conditions (e.g. pH,
dissolved organic carbon) within the biofilm define the properties of the Ag-NPs and subsequently
the exposure of the biofilm organisms (Kroll et al., 2014). The tendency of NPs to adsorb onto plant
material is related to the coating of the NP (Sharif et al., 2013). NPs coated with non-polar substances
are more likely to bind onto plant roots than NPs with polar coating because of their hydrophobic
character.
In this study, we investigated the distribution of Ag after supplying citrate-coated Ag-NPs to
the water phase in batch experiments representing partial processes occurring in a CW. By using
citrate-coated Ag-NPs, we focused on studying silver species that are presumed to have high mobility
in the sewer system, enabling them to reach the CW. Although in reality Ag-NPs are prone to
transformations in the sewer system (Brunetti et al., 2015; Kaegi et al., 2013), the resulting less
mobile silver sulfides are assumed to be rapidly removed from the aqueous phase in the sewer, the
settling tank prior to the CW or the first part of the CW.
In the first experiment, the removal of citrate-coated Ag-NPs from the water phase was studied
after bringing the NPs in contact with wetland substrates in synthetic wastewater. The effect of
different (biofilm covered) solid substrates, sand, gravel and zeolite, as well as the effect of synthetic
wastewater on the removal efficiency was investigated. In the second experiment, the distribution of
Ag-NPs was studied in a hydroponic culture of Phragmites australis, a common helophyte in CWs.
Separate experiments were conducted to be able to distinguish between removal induced by substrate-
and plant-mediated processes.
4.2 Materials and Methods
4.2.1 Batch experiments
Constructed wetland substrates and biofilm
The effect of wetland substrates and biofilm on the removal of Ag-NPs from the water phase was studied
in a 24-h batch experiment. Sand (∅ 1/4-1/2 mm), gravel (∅ 8-16 mm) and zeolite (Clinoptilolite,
∅ 5-10 mm) were selected to represent the solid substrates of a wetland system. The matrices were
purchased from local hardware stores and distributors (Hubo, Zottegem, Belgium; Kranendonk N.V.,
Waalwijk, The Netherlands; Benopetr, Zingem, Belgium). They were washed with tap water prior to
use, in order to remove any fine particles present, and dried in the oven at 105◦C overnight. The gravel
samples containing biofilm were obtained from a laboratory-scale horizontal sub-surface flow wetland,
originally inoculated with activated sludge and fed with synthetic wastewater prepared according to
(Weber, Legge, 2011).
The substrates were introduced in Erlenmeyer flasks (300 mL) and 100 mL of spiked synthetic
wastewater (Weber et al., 2011) was added in each flask. The dry weight of substrate was 30 g
except for biofilm samples which had a wet weight of 30 g (29.5±0.1 g dry weight). Additionally,
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the concentration of Ag in the control samples containing spiked synthetic wastewater and spiked
ultrapure water was monitored. Citrate-coated Ag-NPs were spiked at initial concentration of 100
µg/L. The experiment was conducted in triplicate. The Erlenmeyers were shaken in an orbital shaker
at room temperature for 24 h at 100 rpm. The samples for the analysis of total Ag were taken before
shaking as well as directly after shaking was stopped. The total Ag remaining in the empty Erlenmeyer
was also determined.
Hydroponic culture of Phragmites australis
To analyze the Ag uptake capacity of P. australis and to determine the distribution of Ag in the plant
tissues, a hydroponic culture of P. australis was set up. Three strong looking, green reed plants, named
active plants, and three rhizomes without green leaves, named passive plants, were selected for this
experiment. The roots of the active and passive plants differed in structure, the passive plants having
thinner roots than the active plants. As wetland plants can oxidize the root zone by transporting
oxygen to the rhizome from the shoots and thereby cause oxidation of e.g. metals (Allen et al., 2002),
the overall removal of Ag from water phase can be dependent on the activity of the plant.
The plants were obtained from a laboratory-scale sub-surface flow CW fed with synthetic
wastewater (Weber, Legge, 2011) without being exposed to Ag-NPs. During the batch experiment,
the plants were cultivated for 4 weeks under controlled temperature and light conditions (room tem-
perature; light cycle 16 h + 8 h) in synthetic wastewater (190 mL) containing 100 µg Ag/L added
as citrate-coated Ag-NPs. Also, the stability of the Ag concentration in two unplanted controls con-
taining spiked synthetic wastewater was monitored and the Ag content in an unexposed plant was
analyzed. The spiked synthetic wastewater was replaced once a week. At the end of each week, the
culture water was decanted, its volume was recorded for mass balance calculations and a sample was
taken for the total Ag analysis. A fresh synthetic wastewater was prepared and a sample for total Ag
analysis was taken before adding the water to the plant culture. At the end of the experiment the
total Ag content associated with the plant tissues and the glass recipient was determined.
4.2.2 Characterization of the nanoparticle stock suspension
An aqueous suspension of Ag-NPs (as given by the supplier: pH 6-8; z-potential −50±5 mV) stabilized
with citrate was purchased from PlasmaChem GmbH (Berlin, Germany). The size distribution was
determined with a Photon Correlation Spectrometer (PCS; 100M Malvern Instruments Ltd, UK). All
measurements were performed in triplicate, at 25◦C using a helium-neon laser (633 nm) and scattering
angle of 150◦. The average particle size was determined based on both intensity and number. The
concentration of the silver suspension was verified by ICP-MS analysis prior to use in the experiment.
The Ag-NPs used in this experiment were the same ones as used in the experiments described in
the previous chapter (Chapter 3). A STEM image of the particles is shown there. Certified reference
material was not use as it is not available for Ag-NPs. However, the recovery of spiked Ag was checked
and it was above 95%.
4.2.3 Characterization of the substrates
The pure substrates were characterized for pH (520A, Orion Research Inc.), conductivity (LF537,
WTW), organic matter content (loss at ignition), cation exchange capacity (CEC) and trace element
composition (TEC) according to Van Ranst et al. (1999). TEC was determined by ICP-OES (Vista-
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MPX CCD Simultaneous ICP-OES, Varian, Agilent Technologies, Santa Clara, CA, USA) after aqua
regia open vessel microwave digestion.
4.2.4 Total Ag analysis
Digestion of the samples
The water samples (5 mL) were digested with 2 mL of HNO3 (Chem-Lab, Zedelgem, Belgium) by
open vessel microwave digestion (MARS 5, CEM Corp., Matthews, NC, USA). The digestion program
consisted of the following steps: 10 min at 55◦C; 10 min at 75◦C; 40 min at 100◦C. The optimization
of the digestion method was done earlier (Van Koetsem, 2015).
At the end of the hydroponic culture experiment, the plants were divided in three parts: roots
and old and new aboveground tissues. Leaves that were present at the start of the experiment were
defined as old aboveground tissue. In the roots, both the amount of Ag adsorbed and Ag taken up was
determined. For the determination of the mass of Ag adsorbed to the roots, two extraction protocols
were applied. Firstly, the roots were submerged in 50 mL of Milli-Q water and sonicated for 10 min.
Secondly, the roots were submerged in 50 mL of 1% HNO3 and sonicated for 5 min. Both aqueous
samples were digested as described above. The mass of recovered Ag was measured after both steps
and the sum accounted for the total mass adsorbed by plant biomass.
For the determination of the mass taken up by the plant, roots and old and new aboveground
tissues were cut in small pieces and dried for 24 hours at 40◦C. After this, the samples were ground to
smaller size with mortar and pestle. The solid samples (approximately 0.3 g) were acid digested with
5 mL 65% HNO3 and 1 mL H2O2 overnight at room temperature, after which they were digested by
open vessel microwave digestion as described above.
To determine the adsorption to the Erlenmeyer glass, 100 mL 5% HNO3 (Chem-Lab, Zedelgem,
Belgium) and 1 ml H2O2 (Chem-Lab, Zedelgem, Belgium) were added to the empty Erlenmeyer flask
and shaken for 24 hours in an orbital shaker (200 rpm). The aqueous samples were digested as
described above.
ICP-MS
Digested samples (<10 mL) were first diluted to 10 mL with Milli-Q water and then diluted (1:10)
with an acidified (1% HNO3) internal standard solution (10 µg Rh/L and 10 µg Ga/L (Chem-Lab,
Zedelgem, Belgium) in 2% HNO3). All samples were analyzed for total silver content by means of
inductively coupled plasma-mass spectrometry (ICP-MS) (Elan DRC-e, PerkinElmer, Inc., Waltham,
MA, USA). External calibration standards (see Appendix A Table A1) for the applied calibration
range) were used for ICP-MS analyses, and recalibrations were performed every 20 samples. Blank
samples and reference standards were included at the beginning and the end of each intra-analysis
batch of 20 samples for quality control purposes. The detection limit of the ICP-MS was 0.016 µg/L.
4.2.5 Data analysis
The data were first controlled for normality by using the Shapiro-Wilk’s test and for homogeneity of
variances by using the Levene’s test. Thereafter, the data were examined for significant differences by
using One-way ANOVA or Welch test in combination with Tukey Post-Hoc test or the Games-Howell
test. All statistical analyses were performed with the software SPSS Statistics 22.
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4.3 Results
4.3.1 Characterization of the nanoparticle stock suspension
According to the intensity based analysis, the average particle size of the Ag-NP stock suspension was
90.7±7.9 nm and according to the volume based analysis, 11.1±0.2 nm. Although large particles were
present only at a low relative percentage, their presence resulted in high scattering intensity. The
concentration of the stock suspension was 97.03±3.13 mg Ag/L.
4.3.2 Characterization of the solid matrices
The different matrices (sand, gravel and zeolite) were characterized in order to determine how their
physicochemical properties could affect the fate of nanoparticles in wetland systems containing these
matrices. The sand samples had the highest conductivity, whereas the zeolite samples differed from
the others by higher loss at ignition and cation exchange capacity (CEC) (Table 4.1).
Table 4.1: Physicochemical properties of substrates sand, gravel and zeolite
Sand Gravel Zeolite
pH-H2O 7.9 ± 0.1 8.2 ± 0.1 7.9 ± 0.1
Conductivity (µS/cm) 1280 ± 67 30.8 ± 4.6 34.3 ± 3.2
CEC (meq/100 g) 2.3 ± 0.5 1.4 ± 0.3 10.0 ± 0.8
In addition, the concentrations of major and trace elements and silver were analyzed for the
different substrates (Appendix B Table B1). Zeolite contained clearly a higher concentration of K,
Al, Pb and Zn than sand and gravel. On the other hand, a higher concentration of Ca was found in
gravel. The Ag concentration in sand and gravel was below the detection limit of the method, but the
Ag concentration of zeolite was 0.36±0.04 µg/g.
4.3.3 Effect of type of substrate and presence of biofilm on the removal of Ag
grom the water phase
Figure 4.1 shows the percentage Ag removed from the water phase by the different treatments. The
Ag-NPs were not completely stable in solution and a minor fraction (∼10%) of the initial concentration
was lost during 24 h in ultrapure water (C-MQ) and synthetic wastewater (C-WW). Sand induced the
best removal efficiency with 85% in comparison to 55% with zeolite and 20% with gravel. The presence
of biofilm on the gravel (Biofilm) increased the removal efficiency by gravel significantly (p<0.05) to
67%. The mass of biofilm covering the gravel, measured via loss on ignition, was 1.7 mg/g gravel.
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Figure 4.1: The removal efficiency of Ag from the water phase by solid substrates in a batch experiment
of 24 h (average±SD, n=3). Significant differences are marked with differing letters a, b and c.
4.3.4 Removal of Ag-NPs in a hydroponic culture of Phragmites australis
A mass balance was established to identify the distribution of Ag in a hydroponic culture of P.
australis. During the 4-week experiment, the majority of the total Ag recovered was found in the
water phase (Table 4.2). Attachment and uptake by the roots were determined as the most important
plant-mediated processes (13 - 41%) while only small amounts of Ag were measured in the aboveground
tissues (0 - 1%). Attachment to the glass recipient was only substantial in the control samples whereas
only a few % of the recovered Ag was found attached on the glass surface in the planted systems. The
Ag content in the unexposed control plant was below the detection limit. The weight of the roots after
the experiment was similar for both active and passive plants (11.4±3.2 g dry weight and 11.9±5.3 g
dry weight, respectively).
Figure 4.2 shows the concentration of Ag found in the water phase after each week. At week 3
the concentration of Ag in the water phase started to increase in case of the active plants and at week 4
in case of the passive plants. It is necessary to note, however, that the so called passive plants started
to grow leaves as well, making it difficult to differentiate activity levels between the plant types. The
unplanted controls behaved very differently in comparison to each other: in control 1 there was more
adsorption in the glass recipient than in control 2 (Table 4.2) and therefore, the Ag concentration of
the water phase increased more rapidly in control 2 than the control 1 (Figure 4.2).
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Table 4.2: Mass balance of Ag after the 4-week plant experiment (average ± SD, n=3). In the case of
old and new leaves composite samples of the three replicates were analysed because of the low mass
of the material and hence, no SD can be shown. No significant differences observed between the two
types of plants. Asterisk (∗) marks loss of sample.
Control 1 Control 2 Active plant Passive plant
µg Ag % µg Ag % µg Ag % µg Ag %
IN Total 67.3 100 67.0 100 73.1±6.4 100 67.2±0.9 100
OUT Water phase 36.2 54 33.2* 50 43.0±11.2 58 28.1±10.3 42
Attachment onto the
root surface
- - 13.7±1.6 19 27.6±10.3 41
Uptake by the roots - - 13.8±8.2 19 8.7±6.6 13
Translocation to the old
leaves
- - 0.9 1 - -
Translocation to the
new leaves
- - 0.01 0 0.1 0.1
Attachment onto the
glass recipient
30.0 45 11.1 17 2.4±0.5 3 3.1±0.9 5
Total 66.2 98 44.3 66 73.1±11.8 100 67.6±11.4 101
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Figure 4.2: Total Ag concentration found in the water phase during the experiment (average ± SD).
No significant differences observed between the different types of plants.
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4.4 Discussion
The results from the batch experiment with different wetland substrates showed efficient removal of
Ag-NPs from the water phase in 24 h, although the Ag-NPs were added to the system in a mobile,
citrate-coated form. More than 50% of the initial concentration of Ag was removed from the water
phase in the presence of sand and zeolite, in comparison to the removal of ∼20% with gravel present.
The removal by sand and zeolite was significantly different from the control samples where a decrease
in Ag concentration was also observed (∼10%). The process of aggregation and sedimentation is the
likely explanation for the decrease in concentration in the control sample as attachment onto the walls
of the Erlenmeyer was found to be negligible in the time frame of 24 h (data not shown). Indication of
the formation of aggregates was also seen in the PCS measurement where the intensity based analysis
gave a larger particle size than the number based analysis. Additional heteroaggregation between
the Ag-NPs and small particulate matter detached from the substrates has probably occurred in the
batch experiment (Velzeboer et al., 2014) due to the incomplete removal during washing or shear
forces during shaking (especially zeolite). The higher removal efficiencies of sand and zeolite are also
in agreement with the higher CEC and porosity of zeolite (Huang et al., 2000), and smaller particle size
of sand in comparison to gravel, properties improving adsorption capacity. In general, the attachment
of nanoparticles on surfaces is governed by both the surface area and interactions between the particle
and the surface, such as hydrophobic and electrostatic interactions (Chapter 2). Dissolution of the
Ag-NPs can also have taken place before or simultaneously with aggregation/adsorption (Zhang et al.,
2011a). Also, the organic content of the substrates can be linked to the removal of Ag from the water
phase (Colman et al., 2012). In the current study, zeolite presented a high loss on ignition, indicating
a higher organic matter content than sand and gravel, and this can have improved its Ag removal
efficiency. This is also supported by the fact that biofilm-coated gravel was more efficient at removing
Ag(-NPs) from the water phase than clean gravel (67% vs. 20%). It is likely that the removal by
sand and zeolite increases in the presence of a biofilm. This also confirms the conclusion made in the
previous chapter (Chapter 3) that biofilm has a major impact on retaining Ag-NPs. Also, Sheng, Liu
(2011) found that the Ag concentration in the Ag-NP suspension decreased rapidly when incubated in
the presence of biofilm. In case of urban wastewater systems, Ag-NPs have been found to be efficiently
retained by suspended organic matter, but less so by biofilms present in sewer systems (Kaegi et al.,
2013). However, as CWs operate at a long retention time, the concentration of Ag-NPs adsorbed
to the biofilm can increase due to a long contact time between water and biofilm. Microorganisms
habiting the CW biofilm can possibly be adversely affected by the Ag-NP sequestering in the biofilm.
Hence, in the following chapter (Chapter 5) the effects of Ag-NPs and Ag ions on CW biofilm are
investigated.
In the hydroponic culture experiment, the control samples behaved very differently when com-
pared to each other: Control 2 exhibited a lower attachment onto glass than control 1 (17% vs. 45%,
respectively). Subsequently, the percentage of Ag recovered in the water phase of control 2 was 50% at
week 3 while 50% was only reached after 4 weeks in control 1. This is possibly due to one Erlenmeyer
being older than the other and thus having a rougher surface which can enhance NP attachment on
the surface. Although this caused the control samples not being reproducible, we find that it is still
relevant to discuss the distribution in the planted cultures, because this data is only in a minor way
affected by the attachment of Ag on the glass surface (3 and 5% of Ag recovered from glass surface;
Table 4.2).
The Ag associated with the plant biomass was mainly attached on the root surface (19 - 41%
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of total Ag added) and to a smaller extent taken up by the roots (13 – 19% of total Ag added).
Translocation to the aboveground tissues accounted only for 1% of the total Ag added to the system
and more Ag was found in the old tissue than in the new tissue. These findings are in agreement
with results reported earlier in literature. Lowry et al. (2012a) investigated the translocation of Ag
from Ag-NPs in different wetland plants in a long-term simulated freshwater wetland experiment of
18 months, and they found that only 0.2 – 3% of the total Ag added to the system was found in
plant tissue, majority of which in the roots. Jacob et al. (2013) studied the accumulation of Ti from
TiO2-NPs in a wetland species Rumex crispus in which the translocation of Ti was less than 1% of
the total plant associated Ti after hydroponic culturing of 18 days. As was concluded in the review
of Miralles et al. (2012) the translocation of metallic nanoparticles is dependent on the exposure time
and the type of NP with small NPs being more easily transported than large ones. Plants in full-scale
constructed wetlands provide surface also for biofilm attachment (Kadlec, Wallace, 2009), and can
thus possibly sequester larger amounts of (Ag-)NPs because of the high adsorption capacity of biofilm
than assumed based on a short-term study where biofilm is not fully developed. When the amount of
Ag present in the water phase was studied after each week, a rising trend was observed in all samples.
This can be caused by several reasons. Firstly, dissolution from the aggregated particles can have
occurred (Zhang et al., 2011a). Secondly, it is possible that the attachment became less efficient in
the course of the experiment due to the reducing amount of binding sites on the root(/glass) surfaces.
Finally, the Ag-NPs attached on the root(/glass) surfaces can have dissolved into Ag+ (Ma et al., 2012)
or detached. Further research would be necessary to identify the Ag release mechanism. Differences,
although not statistically significant, were observed in Ag concentration in the water phase of the
active and passive plants. It can be speculated that longer root zone oxidation by the active plants
resulted in the oxidation of attached Ag and thus higher Ag concentration in the water phase. Also,
the thinner roots of the passive plants, which were observed when starting up the experiment, can
have improved the adsorption capacity of the passive plants in comparison to the active plants.
4.5 Conclusions
The main goal of this study was to assess the effect of wetland substrates, biofilm and plant biomass on
the removal of citrate-coated Ag-NPs from synthetic wastewater. It was shown that sand and zeolite
induced efficient removal of Ag from solution, while the presence of gravel reduced the Ag concentration
measured in the water phase only by ∼20%, thus only ∼10% more than in the control sample. The
removal of Ag from the water phase can be partly explained by aggregation-sedimentation. The
removal by sand and zeolite is presumably further improved by their properties, high porosity and
CEC for zeolite and small particle size for sand, which increase their adsorption capacity. Biofilm on the
gravel increased the Ag removal efficiency of gravel significantly indicating of important mechanism
of Ag sequestering in CWs. Further experiments should be conducted to verify adsorption as the
main removal process and to elucidate the long-term capability of these substrates to bind Ag-NPs
(desorption).
In the presence of plant biomass the largest fraction of the recovered Ag was found in the water
phase during the 4-week experiment (0.42 and 0.58) followed by the fraction of Ag attached on the root
surface (0.19 and 0.41). Almost all Ag associated to the plant material (minimum 97%) was attached
to and taken up by the roots rendering translocation to aboveground tissues negligible. Starting
from week 3 - 4, the Ag concentration in the water phase began to increase, most likely evidencing
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desorption/dissolution behavior and/or saturation of surfaces by Ag. Based on these findings, Ag-NPs
are likely to be removed from the water phase when being in contact with wetland substrates, and the
removal is further increased by the presence of biofilm. It was further observed that P. australis has a
minor role in removing Ag-NPs from the water phase, as desorption/dissolution of the plant-associated
Ag can occur and translocation to aboveground tissues is very low.
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Chapter 5
Susceptibility of constructed wetland
microbial communities to silver
nanoparticles: a microcosm study
This chapter is based on Button M., Auvinen H., Van Koetsem F., Hosseinkhani B., Rousseau D.,
Weber K.P. and Du Laing G. 2016. Susceptibility of constructed wetland microbial communities to
silver nanoparticles: a microcosm study. Ecological Engineering, 97, 476-485.
5.1 Introduction
Silver nanoparticles (Ag-NPs) are increasingly integrated into textiles, food packaging and many
household items as an antimicrobial agent (Vance et al., 2015). The magnitude of production and
breadth of applications are growing thereby increasing the likelihood of Ag release to the environment.
Both ionic Ag and Ag-NPs are potentially toxic (Morones et al., 2005), and recent studies have shown
that Ag can leach from Ag-NP containing consumer products into the wastewater system (Benn,
Westerhoff, 2008). According to Geranio et al. (2009) some garments can release up to 45% of the
total Ag embedded in the textile after a single wash. This released Ag enters wastewater treatment
plants and is predicted to then be transferred in unknown amounts to the natural environment (Blaser
et al., 2008) giving rise to the risk of exposure and accumulation in biota inhabiting aquatic ecosytems
(Cleveland et al., 2012).
The investigation of Ag-NP toxicity on wetland systems can be completed within the context
of natural wetlands, or wetlands built for water pollution control (referred to here as constructed
wetlands). Existing studies have focused on the behavior of Ag-NPs in natural wetlands. Lowry et al.
(2012a) found that a large percentage of silver dosed to natural wetland mesocosms was transformed
into sulfidised (Ag2S) silver with rapid transfer of silver from the water column into the sediment.
Relatively small amounts of Ag were accumulated in different plant species whilst large body burdens
were observed in mosquito fish and chironomids (Lowry et al., 2012a). Colman et al. (2014) inves-
tigated ecosystem-level effects of Ag-NPs in natural wetland mesocosms reporting that exposure led
to a series of effects including leaf senescence, declines in phytoplankton biomass, negative impacts
to water chemistry, and an overall increase in methane release. Colman et al. (2014) used admit-
tedly high exposure concentrations (2.5 mg/L) more in line with laboratory toxicological studies than
likely environmental concentrations, but demonstrated the unique challenges and complexities of such
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studies, and the ecosystem-level impacts that silver can have. Colman et al. (2014) also observed a
relatively clear convergence regarding the effects of different Ag treatments with ionic silver and Ag-
NPs showing similar results, likely due to the rapid transformation of silver once within the mesocosm
systems as demonstrated by Lowry et al. (2012a).
Although detailed Ag-NP studies have been completed with natural wetland mesocosm systems,
no studies have yet been completed on wetlands designed for water pollution control. Constructed
wetlands (CWs) rely on microbiological processes for water treatment (Faulwetter et al., 2009). For
processes such as organic degradation, nitrification, or denitrification microbial communities housed
within biofilm surrounding the CW bed media (usually gravel) play the dominant mechanistic role.
With their increasing use as a low-cost, low-maintenance and effective mode of wastewater treatment
the constructed wetland represents a system likely to receive Ag released from consumer products.
In particular the large numbers of small-scale constructed wetland systems now employed primarily
in European countries but also increasingly in North America for the treatment of greywater from
individual residences.
Estimated environmental concentrations for Ag-NPs based on a combination of modeled and
analytical results range from 10−4 to 102 µg/kg or µg/L with the highest concentrations occurring in
sediments and wastewater treatment plant effluents (Gottschalk et al., 2013). No estimates on current
or expected Ag-NP loadings to CWs have been made in the literature. CWs receiving greywater
from a single home represent the system type most at risk for potentially high Ag-NP concentrations.
Geranio et al. (2009) found X-STATICTM fabric to release approximately 314 µg Ag/g fabric, and
AgKilBactTM fabric to release approximately 377 µg Ag/g fabric after a single wash. Assuming
a relatively small high efficiency washer (approximately 50 L of water) processing 20 sports shirts
(approximately 2 kg total weight), upward of 15 mg/L could be estimated as a worst case scenario
leaving a washing machine and therefore entering CWs. That estimate is based on clothing containing
100% X-STATICTM or AgKilBactTM. This type of silver treated fibre is commonly incorporated into
fabric in the range of 5 - 20%. Assuming a 10% final concentration in clothing the washer effluent
(influent to a single home CW) could reasonably contain 1.5 mg Ag/L. This estimate would of course
become even lower when averaged over an entire days water release from a single home and when
considered that the leaching decreases at each washing.
Understanding the effect of Ag-NPs on microbial communities from constructed wetlands is
important for the continued operation of wetlands for water pollution control in the face of growing
Ag-NP inlet loadings. If Ag-NPs have an exceptionally toxic effect, constructed wetlands which are
already in use and otherwise operating efficiently for water treatment may not be viable for future
wastewater applications, or could require augmentation to ensure continued operation. Several studies
have looked at effects in non-CW microbial communities with differing results. Low levels of Ag-
NPs (0.14 mg/kg) were shown to cause reduced enzyme activity in the microbial communities of
contaminated soils (Colman et al., 2013), whilst concentrations up to 1.0 mg/L reportedly had no
effect on the genetic diversity of microbial communities in estuarine sediments (Bradford et al. 2009).
In contrast, Doiron et al. (2012) reported that exposure concentrations as low as 5 µg/L of polymer-
coated Ag-NPs resulted in decreased bacterial abundance in marine microcosms. Similarly, Fabrega
et al. (2009) saw a decrease in the growth of marine biofilm in the presence of Ag-NPs.
Genetic fingerprinting methods are frequently used to study microbial communities in environ-
mental samples (Boon et al., 2002). In denaturing gradient gel electrophoresis (DGGE), the number
and relative abundance of the dominant ribotypes in a sample can be determined based on the number
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and intensity of the bands. Community-level physiological profiling (CLPP) can be used to assess the
catabolic function of microbial communities based on substrate utilisation (Weber, Legge, 2010a).
CLPP is a rapid and sensitive method to measure differences in catabolic activity, richness, diversity,
and has been successfully applied to the assessment of microbial assemblages in constructed wetlands
(Weber, Legge, 2010a; Weber et al., 2011; Zhang et al., 2010a). In addition, the first known ex-situ
method of microbial community functional (based on the catabolic capabilities) toxicity testing was
recently developed and described using the concepts underlying the CLPP method and applied to
constructed wetland samples exposed to Au-NPs (Weber et al., 2014).
This study set out to evaluate the impacts of different types of Ag-NPs (citrate and polyvinylpyr-
rolidone coated) in addition to ionic Ag on constructed wetland microbial communities associated with
both the biofilm and interstitial waters. Changes in microbial community function and structure were
monitored in wetland microcosms over a period of 28 days following exposure to 100 µg/L Ag-NPs.
The distribution and toxicity of each type of Ag-NP and potential for development of microbial com-
munity resistance was further assessed via ex-situ community based functional toxicity testing over a
wider exposure range.
5.2 Materials and methods
5.2.1 Experimental design
CW microcosms (Figure 5.1) were built in triplicate for each type of Ag-NP (citrate, and polyvinylpyrro-
lidone (PVP) coated), ionic Ag, and an unexposed control, using 5 L polypropylene containers giving
a total of 12 experimental systems. The microcosms were filled with 2 kg of coarse granitic gravel
(∅ 10 - 15 mm) and inoculated by homogeneously mixing 0.5 kg of similar biofilm-containing gravel
obtained from the surface of a local horizontal subsurface flow constructed wetland, treating tertiary
domestic wastewater (De Pinte, Belgium). The microcosms were fitted with a 32-mm-diameter perfo-
rated central sampling well and a small outlet spout made of silicone tubing with a plastic stopper for
draining. The microcosms were fed with 0.5 L of a simulated wastewater (pH 7.4) based on that de-
scribed by Weber et al. (2011), consisting of 1 g/L molasses, 0.049 g/L urea, 0.0185 g/L NH4H2PO4,
(Merck, Darmstadt, Germany). After filling the water level was just below the surface of the gravel.
The microcosms were operated in batch mode with weekly draining equating to a hydraulic retention
time (HRT) of 7 days. Solids were retained in the microcosms for the duration of the experiment. The
microcosms were allowed to acclimatize for 19 days (longest time permitted due to project constraints)
before the simulated wastewater was spiked to a final Ag concentration of 100 µg/L. The exposure
concentration is higher than some predicted environmental concentrations e.g. Blaser et al. (2008),
but falls within a reasonable worst-case scenario for CWs (as described earlier). The chosen concen-
tration also provides a balance between environmental relevance, analytical feasibility and the aim of
investigating the development of Ag resistance in the exposed microbial community over the relatively
short term of the experiment. After the acclimatization period, the microcosms were operated for 28
days.
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Figure 5.1: Diagram of a constructed wetland microcosms (A) aerial view and (B) cross-sectional
view. Diagram is not to scale.
5.2.2 Nanoparticle stock solutions
Citrate Ag-NPs with a manufacturer stated average particle size of 10 nm and at a concentration
of 100 mg/L were obtained from PlasmaChem GmbH (Berlin, Germany) as a colloidal dispersion.
PVP Ag-NPs in powder form (20 - 30 nm, SkySpring Nanomaterials, Inc., Houston, TX, USA) were
dispersed using Milli-Q water (EMD Millipore Corp., Billerica, MA, USA) followed by 15 minutes in
an ultrasonic bath (Sonorex Super RK103H, Bandelin electronic GmbH, Berlin, Germany) to give a
final concentration of 100 mg/L. The ionic Ag standard solution (Plasma HIQU, 1000 ± 2 µg Ag/mL
in 2 – 5% HNO3) was purchased from ChemLab NV (Zedelgem, Belgium). All Ag-NP suspensions
were stored in the dark at 4 - 8◦C. The concentrations of the Ag stock dispersions were verified by
ICP-MS analysis (Section 5.2.3) prior to their use in spiking the simulated wastewater.
5.2.3 Nanoparticle characterization
Characterisation of the PVP and citrate Ag-NPs used in this study was performed on representative
stock solutions and the nanoparticle spiked simulated wastewater. Scanning Transmission Electron
Microscope images (STEM) (Quanta FEG 250, FEI, Oregon, USA) were collected to qualitatively
assess the particle morphology and provide size distribution data. The elemental identity of the
imaged particles was confirmed using energy dispersive X-ray spectroscopy (EDX) (EDAX, USA). A
representative EDX spectra is included as supplementary information (Appendix C Figure C3). A
droplet of each sample was placed onto a carbon/formvar coated copper TEM grid and allowed to
dry. Images were collected under high vacuum at an accelerating voltage of 30 Kv and aspot size of
1 nm using a dark field (DF) STEM detector. The nanoparticle size distribution was measured for
single particles or particle agglomerations in a representative image. Particle diameter was derived
from the area measured using the analyze particles function in the free software program ImageJ. The
mean particle diameter, based on number distribution, and the zeta potential was determined using
a Dynamic light scattering instrument (DLS) (Brookhaven 90 Plus/Zeta, Brookhaven Instruments
Corp., New York, US). All sample measurements were performed in triplicate at 22◦C using a 659 nm
laser positioned at a measuring angle of 90◦. The results of this characterization are shown in Figure
5.2. Total Ag content in the different Ag-NPs stock solutions was quantified using inductively coupled
plasma-optical emission spectrometry (ICP-OES) (Vista-MPX CCD Simultaneous ICP-OES, Varian,
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Agilent Technologies, Santa Clara, CA, USA). Sample aliquots of 2.5 mL were combined with 3.0 mL
65% HNO+3 and subjected to open vessel microwave digestion (MARS, CEM Corp., Matthews, NC,
USA) at 100◦C and 600 W for 1 h. The concentration of all stock solutions was verified before spiking
the wastewater to be fed into the wetland microcosms.
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Figure 5.2: STEM images for citrate coated Ag-NPs in the original stock solution (a) and in the
simulated wastewater (b), PVP coated Ag-NPs in the original stock solution (c) and in the simulated
wastewater (d). Bar chart shows the particle diameter calculated using STEM images and DLS
(average±standard error). The horizontal dashed line indicates the particle size quoted by the supplier.
Particle diameter for PVP Ag-NPs in simualted wastewater according to STEM was 615±72 nm.
The percentage of ionic Ag in Ag-NP stock solutions (defined here as <10 kDa molecular
weight cut-off (MWCO)) was determined using centrifugal ultrafiltration (UF) devices (Amicon Ultra-
4, EMD Millipore Corp., Billerica, MA, USA; MWCO of 10kDa). For this, 4.0 mL was pipetted from
the stocks/samples into UF devices and subjected to centrifugation (Megafuge 1.0, Heraeus, Hanau,
Germany) at 3735 g for 15 min. Afterwards, the filtrates were diluted ten times with internal standard
solution (IS) (10 µg Rh/L (Chem-Lab, Zedelgem, Belgium) in 2% HNO3), and analysed directly
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for total Ag content by means of inductively coupled plasma-mass spectrometry (ICP-MS) (Elan
DRC-e, PerkinElmer, Inc., Waltham, MA, USA). Both citrate and PVP coated Ag-NPs were >99%
particulate. External calibration standards were used for ICP-MS analyses, and recalibrations were
performed every 20 samples. Blank samples and reference standards were included at the beginning
and the end of each intra-analysis batch of 20 samples for quality control purposes. All measurements
were performed in triplicate unless stated otherwise. The detection limit of the ICP-MS was 0.016 µg
Ag/L.
5.2.4 Water chemistry measurements
Water quality was characterized weekly at the end of the 7 day HRT in the sampling well for pH
(Model 520A pH meter, Orion Research Inc., Boston, MA, USA), dissolved oxygen (DO) (Portable
DO meter, HI 9143, Hanna Instruments, Woonsocket, RI, USA), and total organic carbon (TOC).
TOC in the wastewater was measured using a TOC-Vcpn analyser (Shimadzu, Kyoto, Japan) within
3 days of sample collection during which time the samples were stored in a refrigerator at 4◦C.
5.2.5 Microbial community analysis
Community-level physiological profiling
Community-level physiological profiling (CLPP) was used to study impacts to microbial community
function in the microcosms. The profiles were created by gathering substrate utilization data from 96
well (31 carbon sources and 1 blank in triplicate) Biologr Ecoplates (Biolog, Hayward, CA, USA).
Interstitial waters were collected after 28 days from the sampling well of each microcosm using a
long glass 50 mL pipette (following a 3 times well volume flush) into 50 mL autoclaved glass bottles.
Biofilm samples were collected after 28 days by shaking 75 g of gravel from each microcosm in 750 mL
phosphate buffer saline (10 mM Na2HPO4 (Chem-Lab, Zedelgem, Belgium), 8.5 g/L NaCl (Chem-
Lab, Zedelgem, Belgium), pH 7.4) for 3 h (approximately 200 rpm) and in the dark according to
Weber, Legge (2010b). The 75 g of gravel was comprised of 25 g from replicated system giving a
composite sample. Each well of the Biologr Ecoplate was inoculated with 100 µL of sample using
an 8 channel pipette. Direct inoculation without pre-treatment of the samples was possible as both
the interstitial water and biofilm extracts were sufficiently clear. The plates were incubated in the
dark at room temperature and were read using an absorbance microplate reader at 590 nm (Infinite R©
200PRO, Tecan Group Ltd., Ma¨nnedorf, Switzerland and PowerWaveX340, BioTek Instruments, Inc.,
Winooski, VT, USA) at 0, 14, 24, 43, 48, 65, 72 and 115 h post inoculation. Data from the time point
of 65 h was selected for further analysis based on the suggestions of (Weber, Legge, 2010a).
DNA extraction and purification
Total DNA was extracted from the interstitial water and biofilm samples (previously detached from
gravel using the above protocol for prepping CLPP solutions) by filtering 50 mL of each through a
0.22 µm membrane filter (Millipore, Bedford, MA, USA) using a sterile vacuum filtration system and
the filters stored at -20◦C. For DNA extraction 200 mg of glass beads and 1000 µL of lysis buffer
(100 mM Tris/EDTA/NaCl, 1% PVP40, 2% SDS, pH 7) (Sigma Aldrich/ Chem-Lab, Belgium) were
added to the tube containing the rolled filter paper. The tube was then shaken vigorously twice with
a FastPrepr automated homogenizer (MP Biomedicals, Santa Ana, CA, USA) for 30 s at 1600 rpm
and then centrifuged for 5 min at maximum speed (16220 rpm). Thereafter, the supernatant was
62
mixed with 500 µL of phenol:chlorophorm:isoamilic alcohol (Sigma Aldrich, Belgium), after which it
was centrifuged for 1 min at maximum speed (16220 rpm). Then, the supernatant was mixed with
700 µL of chloroform (Sigma Aldrich, Belgium) and centrifuged for 1 min at maximum speed (16220
rpm). 45 µL of 3 M sodium acetate and 500 µL of ice-cold isopropyl alcohol (both Sigma Aldrich,
Belgium) were then added to the supernatant. The tubes were mixed and kept at -20◦C at least for
1 h, after which they were centrifuged for 30 min at 4◦C at maximum speed (16220 rpm). Finally,
the pellet was left to dry and thereafter resuspended in 50 µL of Tris-EDTA buffer (Sigma Aldrich,
Belgium). The extracted DNA samples were purified using the Wizardr Genomic DNA Purification
Kit (Promega, Madison, WI, USA) according to the manufacturer’s instructions. The concentration
of DNA in the samples was measured with a NanoDrop spectrophotometer (NanoDrop Technologies,
Montchanin, DE, USA) and the quality of the DNA was verified using agarose gel electrophoresis.
The samples were stored at -20◦C until further processing.
PCR amplification
The V3 region of 16S rRNA genes from the microbial community was amplified by PCR using Universal
primers (338F-ACTCCTACGGGAGGCAGCAG with a GC-clamp and 518R-ATTACCGCGGCTGCT
GG) based on the protocol described by Øvre˚as et al. (1997). The master mix contained the following
components: 0.2 µM of each primer, 200 µM of each deoxynucleoside triphosphate, 1.5 mM MgCl2,
10x Taq Reaction Buffer (MgCl2-free), 1.25 U/50 µL of Taq DNA Polymerase, 400 ng/µL 31 of bovine
serum albumin, and DNase and RNase free filter sterilised water (Thermo Scientific, Waltham, MA,
USA). 1 µL of extracted DNA was added to 24 µL of mastermix. The PCR was carried out in a
thermal cycler T100TM (Bio-Rad, Hercules, CA, USA) as follows: an initial denaturation step for 5
min at 94◦C; then 30 cycles of 1 min at 95◦C, 1 min annealing at 53◦C, and 2 min DNA synthesis at
72◦C; concluding with a final elongation step of 10 min at 72◦C.
Denaturing gradient gel electrophoresis
Denaturing gradient gel electrophoresis (DGGE) was used to assess the structure of the microbial
community in the wetland microcosms. Triplicated samples were pooled and run as a single sample.
DGGE was performed for PCR products using an INGENY phor-U 2x2 (Ingeny International BV,
The Netherlands) according to the manufacturer’s instructions. The PCR products were loaded on a
polyacrylamide gel (8% wt/vol) (acrylamide/bisacrylamide solution (37.5:1), Bio-Rad, Hercules, CA,
USA) in 1xTAE (20 mM Tris, 10 mM acetate, 0.5 mM EDTA pH 7.4). The gradient ranged from
45% to 60%. The 100% denaturant contained 7 M urea (Bio-Rad, Hercules, CA, USA) and 40% (v/v)
formamide (Bio-Rad, Hercules, CA, USA).
Samples were run for 18 h at 100 V and 60◦C. After the run, the gel was stained with SYBR
Green solution (50 µL/L in 1x TAE-buffer; Applied Biosystems, Grand Island, NY, USA) for 20
min, after which the gel was imaged on a UV trans illumination table (OptiGo, Isogen Life Science,
De Meern, The Netherlands). The images were imported into an analysis software (GelCompar II,
Applied Maths, Belgium) for determination of the number and intensity of bands. See Appendix C
Figure C2 for DGGE gel image.
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Ex-situ dose-response testing of Ag-NPs
Ex-situ experiments were conducted to test the effects of Ag-NPs on the catabolic capabilities of
biofilm microbial communities within the wetland microcosms and adaptation of the community to
Ag toxicity. Biofilm microbial communities were detached from the gravel of microcosms that had
previously been exposed to 100 µg/L for 28 days and from the control with no Ag exposure as described
above and detailed in Weber et al. (2014). An aliquot (19.6 mL) microbial community solution was
placed in a sterile 50 mL C-tube and 0.4 mL of Ag-NP stock solution added to give final exposure
concentrations of 0.5, 1, 2, 5 mg Ag/L. The sample was thoroughly mixed by 30 second hand shaking
and then each well of a Biologr Ecoplate was inoculated with 100 µL. The plate was then incubated
for 5 days and absorbance readings were collected as described above.
Data analysis
CLPP data were analyzed according to Weber, Legge (2010a) based on average well color develop-
ment (AWCD), richness and diversity. Richness is a measure of the number of different carbon sources
utilised by a microbial population, and is calculated here as the number of wells with a corrected ab-
sorbance greater than 0.25 AU. Diversity is expressed here in terms of the Shannon index applied to
the utilization of all 31 individual substrates contained on the Biologr Ecoplate. Carbon source uti-
lization patterns (CSUPs) from CLPPs and banding patterns from DGGE were subjected to principal
component analysis (PCA). Normality of the PCA data was assessed based on the data distribution
as given in Weber et al. (2007). The kurtosis an skewness of each variable and their standard errors
were determined and the corresponding z values were calculated based on these values. Z values
smaller than 1.96 for both parameters were defined as an indication of normally distributed data. Ho-
moscedasticity was assessed based on variance ratio (i.e. highest variance / lowest variance) according
to Weber et al. (2007). Variance ratio <1.5 was defined as an indication of homogeneous distribution
of variances. If necessary, the normality and homoscedasticity was improved by using data transforms
(Taylor power law transform and logaritmic transform) according to Weber et al. (2007). The mean
CSUP of the triplicated treatments was used in PCA analysis. The principal components (PCs) were
extracted from the covariance matrix of the data. The PCs of the CLPP data are based on a linear
combination of different carbon sources and those of the DGGE data are based on different bacterial
genes. The impact of these variables on defining the PCs is illustrated in the loading plots in Ap-
pendix C Figure C1. The statistical significance of differences (p<0.05) in results was assessed using
a factorial ANOVA followed by a post-hoc Tukey HSD for differences between each treatment and
group and a one way ANOVA followed by a 2-sided Dunnett’s test comparing each dose concentration
against the control. Differences are not significant in the absence of a reported p-value. Statistical
analyses were performed in STATISTICA version 12, StatSoftr and XLSTAT 2013, Addinsoft c©.
5.3 Results and discussion
5.3.1 Water quality
Water quality within the CW microcosms was comparable for all treatments and did not fluctuate
significantly over time. Over the course of the 28 day exposure period water pH in all systems was
in the neutral range (7.3 – 8.2), TOC was 2.4 – 4.5 mg/L (measured in the effluent) and DO was
typically low but showed an increase from less than 1 mg/L after 7 days of operation to between 2
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and 5 mg/L for the remaining duration of the experiment. There was no indication of an impact of
Ag exposure on water quality based on these parameters (see Appendix C for Table C1).
5.3.2 Nanoparticle characterization
Characterisation results for the investigated Ag-NPs are shown in Figure 5.2 (Section 5.2.3). The mean
particle diameter measured in the stock solutions using DLS were 80.3 and 77.1 nm for citrate and
PVP coated Ag-NPs respectively. Analysis of STEM images differed with values of 24.8 and 93.3 nm.
These values are higher than the manufacturer stated sizes and suggest agglomeration had occurred
to some extent in the stock solutions prior to addition to the simulated wastewater. Agglomeration
was also evident in the simulated wastewater by both DLS and STEM imaging, and was most evident
for PVP coated Ag-NPs in the simulated wastewater (Figure 5.2d). This was also reflected in the
zeta potential of the stock and wastewater solution whereby PVP coated Ag-NPs in the wastewater
solution showed a zeta potential of lower magnitude (-20 mV) and therefore higher propensity for
agglomeration. Citrate coated Ag-NPs in both the stock and wastewater solutions (and the PVP
stock) had comparatively high negative Zeta potential suggesting greater particle stability. From
these results and despite the relative stability suggested based on zeta potential results it is clear that
agglomeration of particles was occurring to some extent prior to addition to the wetland microcosms.
EDX spectra (Appendix C Figure C3) show no significant Ag sulfidation or chlorination to occur
directly after adding Ag to the original simulated wastewater solution, however this does not discount
it from happening while in the microcosms over longer time periods. Agglomeration is an important
parameter to monitor as the decreased surface area and increased mass of particle agglomerates will
alter behavior including rates of dissolution and partitioning behavior.
The mass of Ag-NPs added to the systems in the spiked simulated wastewater was reduced by
approximately 98% in the water column after 7 days (the maximum period between batch loading
of wastewater) for all systems. This amounted to the removal of 98 ppb, leaving a concentration of
2 ppb. All of this remaining silver was verified to be Ag-NPs (via 10 kDa MWCO filters) with no
ionic silver detected (even in the system dosed with ionic silver). Due to these low concentrations
characterization of the remaining particles via DLS or TEM was not possible.
The distribution of Ag in the microcosms was determined at the end of the 28 day exposure
period (Figure 5.3) and the majority was found to reside in the biofilm with levels approximately ten-
fold higher than in the interstitial water. This distribution was comparable for all treatments with the
exception of citrate coated Ag-NPs where the mass was approximately half the amount in the biofilm
compared to other Ag types after 28 days of operation. This was not explained by concomitant higher
levels in the interstitial water and may be due to increased loss during the weekly drain and fill cycle,
or due to partitioning into the accumulated organic matter and sediment rather than the biofilm. The
overall recovery of Ag based on the sum of biofilm and interstitial water Ag was approximately 55%.
In a study by Weber et al. (2014), evidence was given for the microbiological degradation of the citrate
coatings surrounding Au-NPs. Although not accounted for in this study it is possible that degradation
of the citrate coatings occurred here as well. This could affect partitioning behavior through increased
formation of Ag2S compounds leading to deposition in the sediment and lower availability to the biofilm
dwelling microbes. Minimal ionic Ag was detected in the interstitial water of any of the microcosms
including those dosed with ionic Ag, which again suggests rapid particle formation/association. Rapid
decreases in the concentration of Ag from the interstitial water (water column) have been reported
elsewhere (Colman et al., 2014; Lowry et al., 2012a). In a comprehensive study by Colman et al.
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(2014) using natural wetland mesocosms, Ag concentrations in the interstitial water fell by up to
67% within 24 hours of dosing. The decrease was attributed to release of large quantities of chloride
ions (Cl−) from submerged and floating macrophytes which led to the formation of AgCl(s). In the
absence of plants in the present study the observed low levels of Ag in the interstitial water could be
partially due to some AgCl(s) formation via small amounts of added Cl− in the simulated wastewater
feed, however more likely due to the formation of Ag2S(s), via larger amounts of added sulphur in the
simulated wastewater feed, which is known to occur readily under low oxygen conditions or through
reaction with organic matter (Levard et al., 2011, 2012). This would explain the lack of ionic Ag
after 28 days exposure with the low levels of DO (1 - 3 mg/L) observed here. As stated the entire
mass of Ag added to the systems is not accounted for in Figure 5.3. As this study was focused on
the microbial community the biofilm was sampled in such a way that mainly gravel-adhered biofilm
was collected and did not include significant amounts of accumulated solids from the sediment layer
at the base of the microcosms. It is suspected that unaccounted Ag had settled into the sediment
layer or been removed during the drain-fill cycle. Lowry et al. (2012a) investigated the long-term fate
of Ag-NPs in a simulated natural wetland reporting that Ag-NPs added to the water column rapidly
settled into aquatic sediments and that a large fraction of dosed Ag was sulfidized to Ag2S(s). Water
chemistry data collected over the same period was similar in all systems throughout the period, further
suggesting that the type of Ag-NP or ionic silver dosing did not affect the systems in different ways
(Appendix C Table C1).
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Figure 5.3: The total mass of Ag measured in the interstitial water and biofilm of the experimental
microcosms after 28 days of operation. Values were determined using total Ag data derived from
microwave assisted acid digested samples with ICP-MS analysis. Error bars represent 1 standard
deviation (n=3). No Ag was detected in the control microcosms.
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5.3.3 Microcosm microbial community impacts
The richness and diversity of the microbial community in terms of both function and structure was
examined at the end of the 28 day exposure period (Figure 5.4A-D). Functional diversity and richness,
Figure 5.4A and 5.4C respectively, was higher for the biofilm microbial community in comparison to
the interstitial water for all treatments. PVP Ag-NPs appeared to have a slightly positive impact
on the interstitial water community function with richness and diversity being slightly higher than
the control, whereas all other exposures resulted in functional richness below that of the control.
Structural diversity and richness, Figure 5.4B and 5.4D respectively, was higher in the interstitial
water compared to the biofilm. The dose of 100 µg/L used in this study was selected to provide some
degree of relevance to concentrations that might be encountered in constructed wetlands. Overall,
no distinct impacts either negative or positive were seen in the functional or structural richness or
diversity of the CW microcosm microbial communities.
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Figure 5.4: Functional and structural diversity and richness of microbial communities in wetland mi-
crocosms after 28 days exposure to 100 µg/L of Ag-NPs or ionic Ag in simulated wastewater. Diversity
is calculated using the Shannon index. Richness is calculated as the number of identifiable bands in a
DGGE sample or as the number of carbon sources utilized in CLPP. Error bars for interstitial water
samples are based on 1 standard deviation (n=3). Biofilm samples were combined and run as a single
sample.
Silver nanoparticle toxicity effects have been recorded for microbial communities at concen-
trations lower than that used here (100 µg/L). For example, Kroll et al. (2016) found significant
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effects to stream microbial communities (periphyton) after exposure to 20 µg/L PVP coated Ag-NPs
or ionic silver. Specifically they found a decrease in diversity and population density. Additionally,
when examining the biofilm (extracellular polymeric substances contained in the biofilm) the ratio of
polysaccharides to proteins changed (assumed from C/N ratio), and the biofilm mass was reduced by
about 50%. Although the results found here do not report any significant effects, they are consistent
with other studies looking at microbial communities and biofilms associated with water treatment
(as opposed to environmental microbial communities such as periphyton). Zhang et al. (2014a) in-
vestigated the exposure of membrane bioreactor biofilm, treating synthetic wastewater, to 60 days of
Ag-NPs at a concentration of 100 µg/L. They found no significant impact to the microbial commu-
nities or water treatment performance as the Ag-NPs (or ionic silver) were adsorbed or precipitated
quickly in the system. Zhang et al. (2014a) also found a developed silver resistance in the biofilms, as
measured through the abundance of the silE gene (silver resistance gene).
Some of the resilience of biofilms can be attributed to the ability for the extracellular polymeric
substance (EPS) matrix to act as a barrier, limiting the contact of silver (ionic or particle form) with
the microbial communities themselves. Joshi et al. (2012) showed the production of EPS by engineered
E. coli provided protection from Ag-NPs most likely due to an enhanced aggregation effect in the EPS
matrix. Joshi et al. (2012) also showed the addition of an artificial EPS analogue (xanthan) to provide
a similar protection. Kang et al. (2014) also showed that the EPS produced by E. coli in suspension
hindered the intracellular penetration of ionic silver, and that during the penetration of ionic silver
through the biofilm matrix ionic silver was reduced into nanoparticles (10 - 30 nm in diameter) and
immobilized in the EPS matrix before they could reach the cell. It is likely that the general resilience
of the CW biofilm microbial communities recorded here is in part due to the EPS matrix acting as
a barrier. With respect to the interstitial communities it is possible that the interstitial microbial
communities were also able to produce an EPS exudate, as shown with suspended E. coli by Kang
et al. (2014), however the lack of significant effects are also likely due to the rapid removal of the silver
from the water column.
It is also noted that there is significant potential for the ongoing accumulation of Ag within
the aquatic sediment and, although not evaluated here, could lead to eventual re-release of Ag in
significant concentrations to the interstitial water and biofilm. Two recent studies more representative
of a sudden mobilisation event of Ag-NPs from aquatic sediment investigated the impacts of elevated
levels (2 mg/L) of Ag and found negative, cascading, ecosystem level impacts to water chemistry and
plants in natural wetland mesocosms (Colman et al., 2014) and significantly increased mortality in
Fundulus heteroclitus larvae and embryo in microcosms (Bone et al., 2015). However, in the latter
study, Bone et al. (2015) found that the results of microcosm exposures were not replicable at the
meso-scale and attributed the disparity in part to decreased levels of UV light in laboratory microcosm
experiment.
Principal component analysis (PCA) was used to further investigate impacts to the microbial
community function and structure after 28 days of exposure. Analysis of the carbon source utilization
patterns (CSUPs) and DGGE banding patterns revealed that the functional potential of the biofilm
microbial community differed from that of the interstitial water, but within the biofilm there were
no differences observed between treatments and the control (Figure 5.5A). In the case of interstitial
water samples, the microbial community treated with ionic Ag had developed differently from the
other treatments and the control. According to the PCA analysis using DGGE data, the interstitial
water and biofilm samples are populated by different microbial communities and again less variation
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was observed in the biofilm communities, with the ionic Ag exposed interstitial waters developing
differently than the other interstitial communities (Figure 5.5B) suggesting a slight impact for this
type of Ag exposure when compared to Ag-NPs. Although no statistical analysis could be completed
for the structural data this subtle effect is discussed here as it is not surprising for ionic silver to have
an effect of some magnitude.
Differing toxicities for ionic Ag and Ag-NPs have been described but the reported data are
not consistent. Kwok et al. (2012) demonstrated that both citrate and PVP Ag-NPs were less toxic
to early life stage O. latipes than gum arabic (GA) Ag-NPs, but also noted that all NPs were three
to ten times less toxic than ionic Ag (AgNO3). Conversely Bone et al. (2015) found that Ag-NPs
were more toxic than ionic Ag to F. heteroclitus embryos in mesocosm exposures. The microcosm
microbial community impacts noted here, however, are more pertinent to subtle changes in function
and structure rather than blatantly negative effects. Microbial community analysis as employed can be
advantageous when trying to elucidate more subtle shifts in ecosystem function for which the potential
ramifications are less clear. Microbial community function is known to vary depending on location
within a constructed wetland. Interstitial water communities typically demonstrate a lower functional
richness and different physiological profile compared to gravel or rhizospheric associated microbial
communities (Weber, Legge, 2013). The observations of lower functional diversity and richness in
interstitial water communities compared to the biofilm (Figure 5.4A and 5.4C) and different carbon
source utilisation patterns for each community (Figure 5.5A) conform to this existing understanding of
microbial functionality in constructed wetlands. It is interesting then to observe the opposite trend for
community structure as determined by DGGE (Figure 5.4B and 5.4D) with higher structural richness
and diversity in the interstitial water compared to the biofilm. Biofilm community structural profiles
were also distinct from interstitial water communities based on the occurrence and relative intensity of
DGGE bands (Figure 5.5B). A possible explanation for this is that the biofilm develops competitively
to maximize function and may therefore be composed of a smaller number of species that are better
suited to the specific experimental conditions, such as exposure to Ag, leading to higher function but
with reduced species richness. With this in mind a more in depth analysis of the biofilm communities
was completed with a specific goal to investigate a potential developed resistance to silver.
Figure 5.5: Principal component analysis of A) community structure based on the DGGE banding
patterns and B) community function based on CSUPs of the Biologr Ecoplates after 28 days exposure
in laboratory microcosms. IW = interstitial water, Ag = ionic Ag, citrate = citrate coated Ag-NPs,
PVP = PVP coated Ag-NPs.
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5.3.4 Microbial community Ag resistance
The effect of Ag-NPs and ionic Ag on the development of community resistance was assessed ex-situ
via the quantification of catabolic capabilities after 28 days exposure to Ag (previously exposed),
and a control group with no exposure (denoted as Ag na¨ıve). A significant (p<0.05) decrease in the
catabolic capability with increasing dose was observed for all Ag types except for PVP Ag-NP exposed
communities with prior exposure (Figure 5.6). The minimum community level catabolic effect con-
centration (MCLCEC), as described by Weber et al. (2014) varied between treatments being lowest
with ionic Ag (0.5 mg/L). The MCLCEC for citrate Ag-NPs was 1 mg/L and for the communities
treated with PVP Ag-NPs, an MCLCEC was only observed in the Ag na¨ıve community at a concen-
tration of 5 mg/L. The exposure to higher concentrations of ionic Ag ceased the catabolic activity
of the microbial community completely (at 1 mg/L), which was not observed for PVP and citrate
NPs, and hence these results correlate well with earlier research showing that ionic Ag is more toxic
to microorganisms than nano-Ag (Chapter 2). Previous exposure to NPs or ionic Ag appeared in
some cases to increase resistance to Ag toxicity with significant differences (p<0.05) in effect between
the previously exposed and na¨ıve communities at 5 mg/L for PVP Ag-NPs and 0.5 mg/L for ionic
Ag. These results are consistent when analyzing raw data (as shown) or normalizing to the original
no-dose response. P-values for comparisons between na¨ıve and previously exposed communities for
ionic silver at 0.5 mg/L are 0.005 and 0.015 for non-normalized and normalized data respectively.
P-values for comparisons between na¨ıve and previously exposed communities for PVP Ag-NPs at 5
mg/L are 0.011 and 0.013 for non-normalized and normalized data respectively. Data has been dis-
played here as non-normalized to better assist in future study comparisons between different authors.
These concentrations are higher than any predicted environmental concentrations for surface waters
or sediments (Gottschalk et al., 2013), however are within the realm of possibility for CWs. These
results highlight the possibility for variability in the development of Ag resistance depending on the
mode of exposure. Current understanding of microbial resistance to Ag is based mainly on clinical
studies with exposure to ionic Ag (Silver et al., 2006). A better understanding of Ag resistance in the
environment will be possible when the mode of toxicity is clearly understood, which is not yet the case
(Choi et al., 2010). It has been suggested that the mode of toxicity for Ag-NPs is similar to that of
Ag ions (Sintubin et al., 2011) acting through the inhibition of essential enzyme activity. The ex-situ
dose response experiments performed in this study (Figure 5.6) showed significant differences in the
toxicity trends and resistance development for each type of Ag-NP and ionic Ag.
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Figure 5.6: Dose-response curves for the effect of different types of Ag-NPs on biofilm microbial
communities. Exposures were carried out ex-situ using Biolog R© Ecoplates. Previously exposed refers
to communities having undergone 28 days exposure to 100 µg/L Ag. Na¨ıve refers to the control
communities maintained under identical conditions but without previous exposure to Ag. Error bars
are 1 standard deviation (n=3). Asterisk (∗)= significant difference (p<0.05) between previously
exposed and na¨ıve groups.
The mechanisms by which biofilm-bound microbial communities resistance to Ag toxicity may
increase over time conceivably involves a combination of increasing numbers of persistent cells (Keren
et al., 2004), gene expression responses (Lenz et al., 2008), efflux systems (Silver, Phung, 1996) or
horizontal gene transfer (Gunawan et al., 2013). Although not yet mentioned in the literature for
CW microbial communities, one of the simplest and more easily understood mechanisms of resistance
may be that biofilm dwelling microbes are inherently provided physical protection by extracellular
polymeric substances as shown in conventional wastewater treatment systems (Sheng, Liu, 2011).
Resistance may therefore be due at least in part to a microbial community’s ability to build and
maintain viable biofilms. Many factors will influence this process including development time prior to
exposure and environmental factors such as shear stress, oxygenation and nutrient availability. Along
the lines of Blanck et al. (1988), this study shows there may be some potential for creating pollution
induced tolerance in CW microbial communities. The period of exposure in this experiment was
relatively short and therefore, longer-term studies to elucidate the potential for the development of Ag
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resistance and its physiological basis in wetland biofilms would be useful. Hence, a long-term study
would give further insight into whether the observed effects are becoming more severe or whether the
system is able to recover its function despite increasing concentrations of Ag. The length of such a
study should be minimum 1 year to take the maturation process of the wetland biofilm into account.
Additional experiments using sulfidised Ag-NPs would also be informative. As observed by Lowry
et al. (2012a), Ag-NP transformation can occur fairly rapidly. Better understanding sulfidisation
kinetics in the relatively short distribution systems preceding CWs would also be helpful to fully
understand what particle types require priority investigation moving forward.
5.4 Conclusions
This is the first study to look at the effects of different Ag-NPs on both the function and structure
of microbial communities in constructed wetlands. Low doses of Ag did not exert significant toxic
effects in the short term whether ionic or in nanoparticle form but did lead to subtle changes in
both functional and structural microbial community profiles. Higher doses of Ag-NPs (>500 µg/L)
significantly reduced microbial community function in ex-situ tests in the case of citrate Ag-NPs and
ionic Ag. PVP coated Ag-NPs were shown to have limited toxicity in this study. Some evidence of the
development of resistance to toxicity was observed in previously exposed microbial communities for
all types of Ag (particulate and ionic). Longer term and larger scale studies to elucidate the potential
effects of Ag accumulation in constructed wetlands are needed to answer important remaining questions
on the potential environmental impacts of continued accumulation and eventual release of Ag over
time.
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Chapter 6
Treatment of domestic and hospital
wastewater in an aerated sub-surface
flow constructed wetland
This chapter is based on Auvinen H., Havran I., Hubau L., Vanseveren L., Gebhardt W., Linne-
mann V., Van Oirschot D., Du Laing G., Rousseau D. 2016. Removal of pharmaceuticals by a pilot
aerated sub-surface flow constructed wetland treating municipal and hospital wastewater. Ecological
Engineering 100: 157-164.
6.1 Introduction
Several studies have shown that effluent from urban wastewater treatment is an important source of
organic micropollutants such as pharmaceutical residues in surface waters (Michael et al., 2013). In
Flanders, some rivers were investigated for the occurrence of selected pharmaceuticals by VMM (the
Flemish Environment Agency) in the context of a European project FATE EUMORE. A third (34%)
of these samples contained a higher concentration of pharmaceuticals than the warning level (mostly
100 ng/L) (European Commission, 2015b; Loos et al., 2009). Recently, also Vergeynst et al. (2014,
2015) detected quite a number of pharmaceuticals in Flemish surface waters and wastewater effluents.
Pharmaceuticals are partly metabolized but not completely degraded by the human body and
therefore, the unaltered parent compounds and their metabolites are excreted (Ternes et al., 2004b).
At the wastewater treatment plant these compounds can undergo biological degradation in which
their molecular structure can be further transformed but they are rarely completely mineralized (e.g.
Trautwein, Ku¨mmerer (2011)). Constructed wetlands (CWs), which are mainly used as decentralized
wastewater treatment and as treatment systems for small communities, can contribute efficiently to
decreasing pharmaceutical load to the environment. The ecosystem of the small water courses where
CWs discharge (Rousseau et al., 2004) can easily be compromised if dilution in the receiving water
is low. Therefore, it is important to study the performance and improve the CW technology towards
more efficient pharmaceutical removal.
Extensive investigations on the effects of different types of wetland configurations, plants and
treatment strategies on the behavior of different pharmaceuticals have already been performed, for
example, in Spain (A´vila et al. (2015, 2014a, 2013, 2010), Matamoros, Salvado´ (2012); Matamoros,
Bayona (2006), Reyes-Contreras et al. (2012), Hijosa-Valsero et al. (2016, 2010a, 2011)) and Germany
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(A´vila et al. (2014b); Carranza-Diaz et al. (2014)). However, further research on different types of
CWs is needed to gain insight into the factors affecting the degradation of pharmaceuticals.
The aim of this study was to assess the performance of an aerated pilot-scale sub-surface flow
(SSF) CW treating municipal and hospital wastewater. In the first part of the experiment, the pilot
CW was fed with settled municipal wastewater of a small community. The effects of active aeration
on its pharmaceutical removal efficiency as well as the robustness of its performance during increased
hydraulic loading were studied. In the second part of the experiment, the pilot CW was relocated to a
hospital site and its treatment performance was assessed during continuous and intermittent aeration.
Hospital wastewater has typically a higher concentration of pharmaceutical residues than municipal
wastewater. Separate treatment of this water would be advisable for several reasons: firstly, to reduce
the load of pharmaceuticals on the centralized wastewater treatment plant (WWTP) and secondly,
to prevent discharge of pharmaceutical residues to the environment due to combined sewer overflows
and sewer leakages. Also, suppressing the problem with dilution is not a proper solution for phar-
maceuticals because the adverse effects that they cause can already occur at very low concentrations
(Chapter 2). This is also against the principles of cleaner production.
6.2 Materials and methods
6.2.1 Experimental setup and location
A transportable pilot-scale subsurface flow constructed wetland was built using a plastic container
with an approximate total volume of 1 m3. The cubic tank was filled with an 80 cm layer of coarse
Rhine gravel (∅ 8-16 mm, approximate porosity 40%; Kranendonk N.V.) and evenly planted with
mature Phragmites australis plants obtained from laboratory-scale CWs treating WWTP effluent.
The plants were allowed to re-root and biofilm to develop for 8 weeks before the sampling was started.
During this adaptation period the wetland was fed with wastewater (hydraulic retention time (HRT)
1 d) and aerated continuously.
Influent was evenly distributed on the CW surface over the horizontal length of the tank on one
side. On the opposite side, effluent was collected at the bottom of the tank in a perforated inversed
T-shaped pipe connected to an elbow which discharged the effluent at a level approximately 5 cm
below the gravel surface. As a consequence, the water flow direction was mainly vertical, although
the applied aeration was expected to cause mixing. Two perforated PVC tubes were positioned in
the middle parallel to each other to allow the measurement of on-site parameters (temperature, pH,
dissolved oxygen) inside the wetland. Aeration of the wetland was provided with a fish pond air
pump (Secoh, JDK-20; design capacity 23 L/min) connected to a perforated aeration tube that was
placed on the bottom of the tank. At setting the flow rate and defining the HRT, a nominal organic
loading rate of 80 g O2/d/m
2 (BOD5) was used. The value was chosen based on earlier experiments
on actively aerated CWs (D. Van Oirschot, personal communication, 12.12.2014 and 5.8.2016). An
online database was consulted for the BOD5 data that has been measured earlier regularly at the site
(VMM, 2016).
In March 2015, the pilot CW was placed at the wastewater treatment plant of Aalbeke (Kor-
trijk, Belgium) which treats combined sewer municipal wastewater from a small community (design
capacity 450 I.E.). This treatment plant is the property of Aquafin N.V. (www.aquafin.be), the com-
pany responsible for municipal wastewater treatment in Flanders. Wastewater for the pilot CW was
taken batch-wise (10 times per day) from the existing primary settler by using an immersion pump
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(POW67915, PowerPlus). The operational parameters of the pilot CW can be found in Table 6.1.
After the measurement campaigns, the pilot CW was kept operational (regular feeding and continuous
aeration) until the transfer to the hospital site.
In October 2015, the setup was transported to the Campus Kennedylaan of the hospital AZ
Groeninge (Kortrijk, Belgium). Raw wastewater was taken directly from the hospital sewer (approxi-
mately 300 L/d) by means of a macerator pump (DRK 10-1K, Duijvelaar Pompen) and delivered to
a 1 m3 settling tank. The settling time was 7 hours and the accumulated sludge was removed every
2 - 3 days by manually opening a bottom valve. The settled sewage was pumped to the pilot CW
batch-wise (5 times per day) by using a peristaltic pump (530S, Watson-Marlow). The intake of the
pump was attached to a piece of Styrofoam to assure that only the supernatant was pumped into the
experimental wetland. The operational parameters of the pilot CW can be found in Table 6.1.
In both locations, the aeration was controlled by a timer. In Aalbeke, three measurement cam-
paigns were conducted: In the first (AER-HRT1) and second campaign (AER-HRT0.5), the aeration
was continuously on. The second campaign differed from the first one by a lower HRT (0.5 d and 1 d,
respectively). The third campaign (N-AER), with no aeration, was started after an adaptation period
of one week and an HRT of 1 d was utilized. It lasted for two weeks: N-AER1 indicating the first week
of the campaign and N-AER2 the second. In AZ Groeninge, there were two measurement campaigns:
In the first one (AER100), the aeration was continuously on, and in the second one (AER50), aeration
time was reduced to 50 %. The sampling for AER50 was begun after 2 weeks of adaptation.
Table 6.1: Operational parameters during the measurement campaigns
Measurement
campaign
Nominal
HRT(d)
Q (L/d)
Aeration
(on/off;h)
Duration
(weeks)
Aalbeke -
municipal
wastewater
AER-HRT1
AER-HRT0.5
N-AER1
N-AER2
1
0.5
1
1
360±18
680±15
350±17
310±35
24/0
24/0
0/24
0/24
1
1
1
1
AZ Groeninge -
hospital
wastewater
AER100
AER50
2
2
200
200
24/0
4/4
2
2
6.2.2 Sampling
In Aalbeke, influent and effluent samples were taken simultaneously, but in AZ Groeninge, the effluent
sample was taken 2 days (duration of the nominal HRT) after the influent sample, to be able to take
the changing composition of the influent into account. Approximately 80 mL of influent and effluent
samples were collected during each feeding/discharge event to obtain a mixed sample from that day by
using a peristaltic pump (Sci-Q323, Watson Marlow). The sampling was automated to occur from an
overflow beaker at programmed time points. In Aalbeke, the samples were taken every 2.5 hours during
24 h (total of 10 feeding/discharge events per day). In AZ Groeninge, there were 5 feeding/discharge
events, the difference caused by a long settling time necessary. The mixed sample was preserved in a
cool box protected from sun light until the next morning when the sample bottle was replaced.
In general, the selection of sampling strategy is crucial for valid results. A´vila et al. (2010)
presented a strategy based on continuous injection of known concentrations of target pharmaceuticals
with which reliable results on the pharmaceutical removal efficiency could be achieved. In the current
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study, injection of pharmaceuticals could not be applied because of the high concentration of the target
compounds in the influent water. In Aalbeke, the pharmaceutical concentrations in the influent were
more stable than in AZ Groeninge and the changes were merely gradual rather than sharp. For this
reason, simultaneous sampling of influent and effluent was chosen as the sampling strategy. In AZ
Groeninge however, much larger daily variations in the concentration of the target components were
observed. Although the applied aeration is likely to cause mixing and thus some stabilization of the
concentration fluctuations, we believe that sampling based on the (nominal) HRT is a representative
choice in case the stability of the influent concentrations is uncertain.
6.2.3 Analysis methods
Physico-chemical measurements
Temperature, pH and dissolved oxygen (DO) were monitored in the wetland on site. The measurements
were done by using a multimeter (HQ40d, Hach).
Chemical oxygen demand (COD) was measured spectrophotometrically (DR2800, Hach) using
test kits according to the manufacturer’s instructions (LC1500, Hach). The ammonium nitrogen
content (Nessler method) was determined using standard methods (Greenberg et al., 1992). Nitrate
concentration was measured in the Aalbeke samples by using an ion chromatograph (761, Metrohm),
and in the AZ Groeninge samples by using test kits according to manufacturer’s instructions (LCK340,
Hach).
Pharmaceuticals
A number of pharmaceuticals was selected for the study. In Aalbeke, the selection of the pharmaceu-
ticals was done on the basis of a preliminary investigation of two grab samples taken on consecutive
days. In AZ Groeninge, the pharmaceuticals were selected based on water quality measurements by the
Flemish Environment Agency in 2014 (VMM 2016) and drug delivery data obtained from the hospital
pharmacy. In Aalbeke, the studied pharmaceuticals were carbamazepine (CBZ), diclofenac (DCF),
metformin (MFM), sotalol (STL), tramadol (TMD) and valsartan (VST). In AZ Groeninge, the stud-
ied pharmaceuticals were atenolol (ATL), bisoprolol (BSP), carbamazepine, diclofenac, gabapentin
(GBP) and sulfamethoxazole (SMX).
Directly after sampling, samples were filtered twice (1 µm and 0.45 µm; Whatman GL/B),
and preserved frozen until analysis. Commercially available solid phase extraction (SPE) cartridges
filled with Oasis HLB material from Waters (Milford, MA, USA) were used for concentration of the
target analytes. The cartridges were conditioned in a first step with 5 mL methanol and in a second
step with 5 mL ultra-pure water. Before SPE concentration the samples were filtered by means of
0.45 µm membrane filters. The extracted analytes were desorbed from the SPE material by rinsing
the cartridges with three portions of 2 mL methanol forced by gravity. The cartridge eluates were
evaporated to dryness using a gentle stream of nitrogen at 60◦C in a Turbovap system (Biotage). The
dry residues were reconstituted in 1 mL methanol–water (1:1v/v) and 10 µL were injected into the
LC–MSMS system.
LC-separations were carried out with a Hypersil Gold aQ column (RP-C18, 5 µm, spherical;
125 x 2.1 mm I.D.) from Thermo Fisher Scientific (Runcorn, UK) Gradient elution by means of
(A) methanol in combination with (B) Milli-Q-purified water was applied both containing 2 mM
ammonium acetate and 0.1% acetic acid. The gradient was programmed as follows: Starting with
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20% A / 80% B the concentration was increased linearly to 90% A / 10% B within 12 min. Up to 22
min the composition was kept constant. The eluent composition was back to the starting conditions
after 23 min and kept until the end of the analytical run (30 min). The overall flow rate was 0.2
mL/min.
For quantification the LC-MSMS mass spectrometer was used in selected reaction monitoring
(SRM) mode (Thermo Fisher Scientific LTQ Orbitrap). The collision energy was optimised on the
most abundant product-ion (Gebhardt, Schro¨der, 2007; Schro¨der et al., 2010) (Table 6.2).
Table 6.2: Mass to charge ratios of the target components
Precursor ion (m/z) Product ion (m/z) Component
130.10 71.20 MFM
237.14 194.26 CBZ
247.10 204.10 CBZ-D10 Internal standard
264.18 58.00 TRD
273.17 133.20 STL
296.10 214.18 DCF
300.00 217.10 DCF-D4 Internal standard
436.19 207.12 VST
267.17 145.20 ATL
326.23 116.10 BSP
172.13 154.20 GBP
254.06 156.10 SMX
6.2.4 Data analysis
Statistical analyses were performed with the SPSS Statistics 22 software. First, the data on pharma-
ceutical removal efficiencies were examined for normal distribution by using the Shapiro-Wilk test and
homogeneity of variances by using the Levene’s test. If both assumptions were met, one-way ANOVA
was performed together with Tukey Post-Hoc test to define the significance of the differences. In
case of normal data but non-homogeneous variances the Welch test together with Games-Howell Post-
Hoc test was performed. Non-normal data sets were further analyzed by using a non-parametric test
(Mann-Whitney U Test) to define the significance of the differences. The significance level was set at
p=0.05.
6.3 Results and discussion
6.3.1 Common water quality parameters
Table 6.3 outlines the water quality parameters measured during the experimental period. In Aalbeke,
the removal of COD and ammonium nitrogen was efficient during the aerated measurement campaigns
AER-HRT1 and AER-HRT0.5, but hampered due to oxygen limitation during N-AER. Nitrate con-
centrations of 14.8 - 25.1 mg N/L were measured in the effluents during AER-HRT1 and AER-HRT0.5
due to high DO and subsequent low denitrification efficiency. During the non-aerated campaign N-
AER, nitrification efficiency decreased significantly (p<0.05). Similar results were obtained in AZ
Groeninge. COD removal efficiency was decreased there due to intermittent aeration (50%). However,
in spite of the reduction in COD removal, still good nitrification was achieved. This could be explained
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by the altered aeration regime: The measured COD is partly particulate and its detachment of the
wetland bed can be influenced by aeration. It is also possible that the altered aeration regime affected
the redox potential within the wetland bed and therefore also the biotransformations of organic matter
and ammonium. All in all, as nitrification-denitrification is assumed to be the major pathway of total
nitrogen removal in CWs (Saeed, Sun, 2012), its inhibition could be defined as a major bottle-neck
of the treatment efficiency. Nitrate removal is important in Flanders because the whole territory is
classified as a nitrate sensitive area by the European Commission (European Commission, 1991).
Table 6.3: Common water quality parameters (average values). Standard deviation based on: n(AER-
HRT1, AER-HRT0.5, N-AER1, N-AER2)=5; n(AER100, AER50)=2)
Aalbeke AZ Groeninge
AER-HRT1 AER-HRT0.5 N-AER1 N-AER2 AER100 AER50
In Out In Out In Out In Out In Out In Out
T* (◦C) 15 16 17 22 12 7
SD 2 2 2 2 3 3
pH* 7.2 7.0 7.1 7.5 7.3 8.7
SD 0.2 0.3 0.5 0.1 0.1 1.1
DO* (mg/L) 8.1 8.3 0.5 0.3 8.9 8.7
SD 1.6 1.8 0.2 0.1 0.3 1.1
COD (mg/L) 168 26 222 29 173 100 263 154 667 113 168 26
SD 67 5 7 5 76 30 41 18 237 57 67 5
NH4
+ (mg N/L) 24 <2 33 6 22 24 41 42 42 <2 24 <2
SD 9 - 2 12 12 10 11 1 9 0.1 9 -
NO3
− (mg N/L) <5 21 <5 15 <5 <5 <5 <5 <5 125 <5 21
SD - 5 - 9 - - - 50 - 1 - 5
∗ Measured inside the wetland
6.3.2 Occurrence of pharmaceuticals in wastewater
Table 6.4 shows the average pharmaceutical concentrations measured in the settled influent. In Aal-
beke, the average influent pharmaceutical concentrations varied from 0.27 µg/L for CBZ to 2.83 µg/L
for VST. In AZ Groeninge, the lowest measured average concentration (0.60 µg/L) was for SMX
and the highest (8.34 µg/L) for ATL. The average concentrations of CBZ and DCF, the two phar-
maceutical compounds analyzed on both sites, were higher at AZ Groeninge than in Aalbeke (the
average concentrations were factor 5.4 higher for CBZ and factor 3.5 higher for DCF). The results on
influent concentrations obtained here are in agreement with similar studies on treatment of municipal
and hospital wastewater (Vergeynst et al., 2015; Van Nuijs et al., 2010; Verlicchi et al., 2012). The
concentrations of ATL, DCF and GBP are also in the same range as earlier measured by VMM in a
screening study at AZ Groeninge (VMM, 2016) but the concentrations for CBZ obtained here were
higher than reported earlier (0.05 – 2.8 µg/L). There is no earlier monitoring data available for SMX
and BSP.
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Table 6.4: Average concentration for target pharmaceuticals in influent and effluent (ng/L). Standard
deviation (SD) based on: n(AER-HRT1, AERHRT0.5, N-AER1)=4; n(N-AER2, AER100, AER50)=5
Aalbeke AZ Groeninge
AER-HRT1 AER-HRT0.5 N-AER1 N-AER2 AER100 AER50
In Out In Out In Out In Out In Out In Out
ATL 8340 450 6030 170
SD 4020 380 7760 130
BSP 2420 350 1940 520
SD 1270 110 960 230
CBZ 320 250 270 300 340 310 1250 960 5200 4570 1730 2370
SD 110 150 90 90 30 30 150 280 1160 690 720 1590
DCF 490 260 670 550 1210 770 2000 1870 5220 3340 2380 1420
SD 360 220 220 200 420 400 400 340 1800 580 630 1030
GBP 2330 1190 3660 1660
SD 1490 860 2420 860
MFM 910 <10 1210 <10 1280 790 3000 210
SD 180 - 600 - 320 190 250 280
STL 540 320 880 680 1190 860 2600 2080
SD 120 180 450 290 430 340 640 320
SMX 60 30 210 50
SD 80 30 390 30
TMD 610 600 630 740 440 410 620 740
SD 260 350 220 220 240 290 150 290
VST 2270 <10 2830 <10 1550 1040 2700 2590
SD 1400 - 980 - 670 420 420 390
6.3.3 Removal efficiency of pharmaceuticals
In Aalbeke, the selected pharmaceuticals can be roughly categorized in two groups based on their
removal efficiency: one group was defined as readily degradable compounds (MFM, VST) which
obtained nearly complete removal; the second group was defined as recalcitrant compounds (CBZ,
DCF, STL, TMD) which had low removal efficiencies (Figure 6.1 and Table 6.4).
The removal efficiencies of CBZ, DCF and STL were low (< 50%) during the whole experiment
and the removal efficiency of TMD was mostly negative. Also previously low (and even negative)
removal efficiencies have been reported for TMD. Breitholtz et al. (2012) studied the removal of
pharmaceuticals in full-scale surface flow CWs and the obtained removal efficiencies ranged between
-12 and 26 %. Low removal efficiency together with anomalies in the sampling caused by daily
concentration fluctuations of the influent and the concentrating effect of evapotranspiration can explain
the negative removal efficiencies of TMD obtained in the current study. Hijosa-Valsero et al. (2010b)
studied mesocosm-scale wetlands with various treatment designs, and found also low CBZ and DCF
removal in planted sub-surface flow CW (< 40%). Also, Matamoros, Bayona (2006) reported in their
experiment on horizontal SSF CW low removal efficiency of DCF (<50%). Similarly to CBZ and DCF,
STL has been classified among the most resistant to biodegradation (Oulton et al., 2010). Research on
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activated sludge systems shows a reduction of less than 30% for STL (Jelic et al., 2011; Gabet-Giraud
et al., 2010; Oulton et al., 2010). Conkle et al. (2008) reported a removal efficiency of only 20 % in a
surface flow CW with a hydraulic retention time of 27 d.
At AZ Groeninge, ATL and BSP were moderately degraded (>75% and >50% respectively;
Figure 6.2, Table 6.3). The values reported in literature for ATL and BSP removal are generally
lower than the values found in the current study. ATL has been shown to degrade in activated sludge
treatment by 14 - 40% and BSP by 20 - 50% (Rosal et al., 2010; Wick et al., 2009) with an exception
of higher removal for ATL (94%) (Vieno et al., 2006). Variable removal efficiencies have been reported
for ATL in CWs as primary treatment (80%), secondary treatment (66%) and tertiary treatment (27
- 53%) (Breitholtz et al., 2012; Conkle et al., 2008; Verlicchi et al., 2013).
Variable and mainly poor removal was observed for CBZ, DCF, GBP and SMX. In contrast to
the findings in the literature and for unclear reasons, the average removal of GBP was only 33 - 37%.
GBP has been reported to be readily biodegradable during activated sludge treatment (Kasprzyk-
Hordern et al., 2009; Yu et al., 2006) and removal efficiencies up to 88% were found in a full-scale
horizontal sub-surface flow CW (Chen et al., 2016). Variable results on the removal of SMX have been
reported earlier in literature. SMX was removed in a full-scale tertiary CW for maximum 12% but also
negative removal efficiencies were reported (Breitholtz et al., 2012). In pilot-scale tertiary horizontal
SSF CWs the removal efficiency was 16% (Verlicchi et al., 2013). On the contrary, Hijosa-Valsero et al.
(2011) reported that a secondary horizontal SSF CW was able to remove 87% of SMX and its primary
metabolite N-acetyl-SMX. The variability in the results may be caused by the retransformation of
this metabolite to the parent compound during wastewater treatment (Go¨bel et al., 2005). Also, the
influent concentration variations and the sampling strategy according to nominal HRT are likely to
play a role in the current study. Furthermore, the detection of low concentrations in influent could be
impaired due to strong matrix effects (Iba´nez et al., 2013).
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Figure 6.1: The removal efficiency of the selected pharmaceuticals in domestic wastewater (Aalbeke)
(Average ± SD, n=4 for AER-HRT1, AER-HRT0.5 and N-AER1; n=5 for N-AER2). Only negative
removal efficiencies were obtained for TMD.
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Figure 6.2: The removal efficiency of the selected pharmaceuticals in hospital wastewater (AZ
Groeninge) (Average values ± SD, n=5). Only negative removal efficiencies were obtained for SMX.
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6.3.4 Effect of aeration on the removal efficiency of pharmaceuticals
Although aeration is widely used in CWs to improve the degradation of organic matter and nitrifica-
tion (Liu et al., 2016; Wu et al., 2014), its effect on the removal of pharmaceuticals is still inadequately
studied. Earlier studies have indicated that pharmaceutical removal efficiency can be greatly affected
by the dissolved oxygen concentration in the environment (Conkle et al., 2012). In CWs, the oxygen
status of the filter bed depends on the type of the CW and, in general, unsaturated vertical sub-surface
flow (VSSF) systems have a higher redox potential than saturated horizontal sub-surface flow (HSSF)
CWs. A´vila et al. (2014a) who studied pharmaceutical removal in hybrid CWs concluded that the
VSSF stage contributed more to the removal than the HSSF stage. Zhang et al. (2012b) tested the
influence of batch and continuous feeding of horizontal sub-surface flow CW on the removal of several
pharmaceutical compounds. They found significant improvement in the removal of diclofenac, ibupro-
fen, salicylic acid and ketoprofen with batch mode which suggests the enhancement of biodegradation
processes by drain and fill cycles. Similarly, A´vila et al. (2013) found that the occurrence of high re-
dox potentials within the CW due to batch feeding improved the removal of diclofenac and ibuprofen
significantly. Carbamazepine, naproxen, clofibric acid and paracetamol removal was not improved due
to batch feeding in these experiments implicating that their biodegradation is not dependent on the
availability of oxygen or that the alteration in the feeding mode did not result in a change in redox
conditions large enough to improve/decrease removal efficiency of these compounds. In a study of
A´vila et al. (2014b) active aeration, i.e. more drastic impact on the redox conditions than achieved
by feeding mode alteration, improved the removal of ibuprofen and triclosan in saturated gravel bed
vertical flow (VF) CWs in comparison to free-draining gravel bed VF CWs. In contrast to the previ-
ously mentioned studies, diclofenac was removed better in the less oxidized wetlands with lower redox
potentials, possibly because the removal of diclofenac is likely to occur via a combination of anoxic
and aerobic microbial metabolic pathways (A´vila et al., 2014b).
In the current study, continuous aeration improved the removal efficiency of MFM and VST
significantly (p<0.05) and increased hydraulic loading did not significantly decrease the removal effi-
ciency of these compounds (p>0.05). MFM was completely removed during the aerobic measurement
campaigns and it was also, interestingly, removed even during the N-AER phase, with a sharp rise in
removal efficiency during the last week of sampling (Figure 6.1, Table 6.4). This might imply that
MFM is prone to anoxic/anaerobic degradation as well and that anoxic/anaerobic microorganisms
are also capable of transforming this compound after an adaptation period (2 - 3 weeks). Mrozik,
Stefaska (2014) obtained similar results when studying the biodegradation of MFM in aerobic and
anaerobic soils. The degradation efficiency of MFM was lower in anaerobic conditions but had a rising
trend during the 60 days of observation. VST was removed completely in aerobic conditions but the
removal decreased significantly when aeration was stopped. The earlier reported results on superior
removal during aerobic wastewater treatment (∼80% in activated sludge, (Kasprzyk-Hordern et al.,
2009) in comparison to nearly no removal in the sewer system (Jelic et al., 2015) further demonstrates
the importance of aerobic conditions at enhancing VST removal.
The removal efficiencies of any of the tested pharmaceuticals were not significantly affected by
the decrease in aeration time from continuous to 50% (p>0.05). However, the removal efficiencies of
ATL and BSP, >75% and >50%, respectively, were better than earlier reported for secondary CWs
(see 6.3.3), and this can be caused by aeration used in the current study. This theory is supported by
the fact that ATL has earlier been reported to biodegrade both under aerobic and anoxic conditions
but the degradation was faster when oxygen was present (Pomie`s et al., 2015). Also, the removal of
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BSP was less efficient in anaerobic conditions than aerobic conditions when studied in the laboratory
with WWTP sludge (Lahti, Oikari, 2011).
6.4 Conclusions
High concentrations of pharmaceuticals from different therapeutic classes were measured in settled
municipal wastewater and hospital effluent. Aeration was necessary in both cases to meet the discharge
standards set for COD at the HRT applied (0.5 – 2 d). The results demonstrated that the single stage
SSF CW was insufficient in preventing the discharge of pharmaceuticals. Nonetheless, the removal of
certain pharmaceuticals could be improved by using active aeration. MFM and VST were significantly
better removed when the system was aerated. Although, MFM was also removed nearly completely
after a lag-phase without aeration, indicating the adaptation of the microbial community within the
CW. Also, comparison with literature values suggested that aeration had a positive impact on the
removal of ATL and BSP. Decreasing the hydraulic retention time (1 d to 0.5 d) or a reduction of
aeration time to 50% did not significantly affect the removal efficiency of the targeted pharmaceuticals
indicating robust performance of the system.
The pharmaceutical removal efficiency could possibly be improved by applying a longer HRT
since it has been shown to enhance the removal of some pharmaceuticals (Zhang et al., 2012a). Al-
ternatively, complementary treatment steps, e.g. hybrid CWs, could also improve the pharmaceutical
removal efficiency due to the variability in the degradation processes (A´vila et al., 2014a). To fully
explore the capacity of aerated CWs, the effect of these modifications on the pharmaceutical removal
efficiency should be examined. In addition, the majority of studies on pharmaceutical removal in CWs
is focused on the parent compounds in spite of research showing that they are mostly only partly
degraded (Joss et al., 2006). Although some of the microbial metabolites are even more recalcitrant
than the parent compound, many of them are likely to be biodegradable (Quintana et al., 2005). It
should thus be investigated whether aeration can promote the mineralization of these metabolites and
thereby contribute to lowered pharmaceutical load and toxicity in the water ways.
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Chapter 7
Pharmaceutical removal in an aerated
full-scale constructed wetland and
assessment of its aquatic risk
This chapter is based on Auvinen H., Gebhardt W., Linnemann V., Du Laing G., Rousseau D. 2017.
Water Science and Technology (submitted).
7.1 Introduction
Many pharmaceuticals show such persistence to biodegradation that their presence in surface waters
is used as an indicator of wastewater contamination (Vystavna et al., 2013). The environmental
concentrations of pharmaceuticals are usually very low, in the range of ng/L but some commonly used
substances which are poorly removed during wastewater treatment can occur at µg/L levels (Ashton
et al., 2004; Lindqvist et al., 2005; Loos et al., 2009). It is likely that the highest concentrations of
pharmaceuticals are detected in small streams where limited dilution occurs.
The chronic effects that pharmaceutical residues can pose in the environment are difficult to
identify and quantify. Therefore, the data on the ecotoxicity of pharmaceuticals is derived from
experiments in the laboratory and only a small part of this data is targeting effects after chronic
exposure, i.e. long-term exposure at low concentration (Quinn et al., 2008). An initial estimate of the
aquatic risk of the pharmaceuticals can be calculated via hazard quotients (HQs). The HQs compare
the measured environmental concentration (MEC) and the predicted no-effect concentration (PNEC)
for a specific organism observed in the laboratory experiments (Santos et al. 2007). If the ratio MEC /
PNEC is higher or equal to 1, the particular pharmaceutical can have adverse ecological effects (Gros
et al., 2010).
Constructed wetland (CWs) are mostly used at rural and remote locations as wastewater treat-
ment systems for single households and small communities. They discharge in small rivers and water
courses which often have high biodiversity (Matamoros et al., 2016) making them susceptible to an-
thropogenic pollution. The configurations vary from surface flow systems to sub-surface flow systems
and hybrids where several (different types of) CWs are applied in the treatment train. The configura-
tion, the operation and the ambient environmental conditions within the CW are likely to affect the
pharmaceutical removal efficiency. Several studies on pharmaceutical removal efficiencies in different
types of CWs have already been performed (for a review see Verlicchi, Zambello (2014)) but there is
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still need to explore factors that could improve the removal efficiency. For example, dissolved oxygen
content is likely to play an important role in the removal of pharmaceuticals. Improved removal ef-
ficiency of e.g. diclofenac, ibuprofen and ketoprofen has been observed during discontinuous feeding
which replenishes the oxygen in the substrate pores (A´vila et al., 2013; Zhang et al., 2012b). A´vila
et al. (2014b) studied the effect of active aeration on pharmaceutical removal in sub-surface flow CWs,
and concluded that the actively aerated saturated CW performed similarly to the typical unsaturated
CW. However, their research included only a limited number of pharmaceutical substances and there-
fore, further research is needed to conclusively define the effect of active aeration on different types of
pharmaceuticals.
The main objective of this study is to evaluate the removal efficiency in a full-scale constructed
wetland treating wastewater from a healthcare facility and analyze the ecological impact of the effluent
discharge in an effluent-dominated stream. In addition, the effect of active aeration and hydraulic
retention time (HRT) on the removal efficiency are studied in a separate batch experiment.
7.2 Materials and methods
7.2.1 Full-scale constructed wetland
The full-scale CW investigated in this study was built in 2015 and it is located at a health care facility
in the Province of Antwerp in Belgium. The CW comprises of a vertical sub-surface flow (VSSF) part
followed by a horizontal sub-surface flow (HSSF) part having a total surface area of 240 m2 (40 x 6 m)
and a depth of 110 cm. The CW bed contains porous light expanded clay aggregate (LECA; ∅ 8/16,
Argex) granules. The HSSF part is partly filled with tobermorite (calcium silicate hydrate mineral) to
increase the phosphorous removal. The CW is planted with Phragmites australis and Iris pseudacorus.
Aeration is provided in the CW with the Forced Bed Aeration technology (FBA R©, Rietland). The
aeration time is controlled automatically based on the flow rate of the incoming wastewater (4 h/d
per 10 m3/d) and the capacity of the air pumps is 150 m3/h. In this way the electricity costs of
aeration can be minimized. In general, the energy requirements of an aerated sub-surface flow CW
have been estimated to be nearly 50% lower than those of activated sludge treatment when applied
in small-scale (0.49 kWh/m3/d vs. 0.88 kWh/m3/d) (Austin, Nivala, 2009). The design capacity of
the system is 340 I.E. but at the time of sampling the complete capacity of the system was not in use
and therefore, the HRT of the system was long, approximately 10 d (design HRT 3 - 4 d). The CW
receives wastewater from a septic tank at intervals and flow rate dependent on water consumption.
The effluent flow rate varied during the sampling period from 6 m3d−1 to 16 m3d−1 based on 5 daily
measurements during 5 consecutive days. The CW discharges effluent in a small forest creek where
dilution occurs only by rainfall. The creek runs in a sandy ground and is shaded by the forest trees.
The water depth in the creek was 0 - 10 cm (partly dry) and its flow rate low (partly stagnant).
During the sampling period the weather was dry and the average temperature was ∼10◦C. Grab
samples were taken from a reservoir tank where influent is collected after the septic tank and from an
effluent collection well at the end of the CW from where the effluent is directly discharged into the
creek. One influent and one effluent mixed sample were obtained per day and one such sample was
based on 5 grab samples taken every 2 – 3 hours during day time. The sampling campaign lasted for
5 days. In addition, two grab samples were taken from the creek on the third sampling day (at noon)
at distances 50 m and 100 m from the effluent discharge point.
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7.2.2 Batch experiment
A microcosm scale batch experiment was set up in order to investigate in more detail the role of HRT
and active aeration on the removal efficiency of selected pharmaceuticals. The substrate (1.3 L per
setup) was put in a plastic container (∅ 20 cm, h ∼5 cm) where influent (0.5 L) was added. The
substrate (LECA) and influent were fetched from the full-scale CW and stored at 4◦C until the start of
the batch experiment (2 days). Four treatments were applied in the microcosms (Table 7.1). Aeration
was applied by means of one aquarium air pump (Hozelock 320) and air stones. The experiment
was conducted inside at constant temperature (20◦C) and the setups were covered to prevent light
penetration. Effluent samples were obtained by draining the whole liquid volume from the microcosms.
Table 7.1: Treatments during batch experiment
Treatment Applied HRT (d) Aeration applied
HRT2-AIR 2 Yes
HRT6-AIR 6 Yes
HRT2-NO-AIR 2 No
HRT6-NO-AIR 6 No
7.2.3 Analysis methods
Common water quality parameters
Dissolved oxygen (DO) and pH were measured once in the full-scale CW using a multimeter HQ40d
(Hach). The measurements were conducted in influent, at 3 locations along the length of the CW and
in effluent. The mixed influent and effluent samples obtained during the sampling campaign of the full-
scale CW were analyzed for chemical oxygen demand (COD), ammonium (NH+4 ) and nitrate (NO
−
3 )
by using kits according to manufacturer’s instructions (LCI500, LCK305, LCK340; Hach, Belgium).
The influent and effluent samples from the batch experiment were analyzed for DO and pH (HQ40d,
Hach).
Analysis of pharmaceuticals
Twelve pharmaceuticals from 6 different therapeutic classes were targeted in this study. The selected
pharmaceuticals were atenolol (ATL), bisoprolol (BSP), carbamazepine (CBZ), diazepam (DZP), di-
clofenac (DCF), gabapentin (GBP), metformin (MFM), metoprolol (MTP), sotalol (STL), telmisartan
(TST), tramadol (TMD) and valsartan (VST). The analysis of the target pharmaceuticals was done
using an LS-MSMS system (Thermo Fisher Scientific LTQ Orbitrap) after purification and concentra-
tion of the samples using solid phase extraction (SPE). SPE was done using commercially available
SPE cartridges filled with Oasis HLB material from Waters (Milford, MA, USA). The analytical
procedure is described in Chapter 6.
7.2.4 Data analysis
Statistical analyses on the pharmaceutical removal efficiencies were performed by using the SPSS
Statistics 24 software. Since the data had partly non-normal distribution as observed by using the
Shapiro-Wilk test, the data sets were further analyzed by using a non-parametric test (Kruskal-Wallis
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H test) with Bonferroni post hoc test to define the significance of the differences. Spearman’s rank order
correlations was run to determine the correlation between removal efficiency and DO concentration.
The significance level was set at p=0.05.
7.2.5 Aquatic risk assessment
The hazard quotients (HQs) were calculated based on the measured environmental concentration
(MEC) and predicted no-effect concentration (PNEC) according the following equation:
HQ =
MEC
PNEC
The PNEC was estimated based on chronic toxicity data using an assessment factor of 1000
applied to the lowest EC50 value reported (Vestel et al., 2016) or NOEC values with an assessment
factor of 10 (Jin et al., 2012). The variation in the HQs was calculated based on the lowest and the
highest MEC in the effluent/creek.
The preliminary risk assessment based on HQs was done using small water organisms and plant
species (Brachionus calyciflorus, Lemna minor, Desmodesmus subspicatus, Ceriodaphnia dubia and
Daphnia magna) as model organisms. The PNEC-values calculated based on literature data are shown
in Table 7.2.
Table 7.2: PNEC values obtained based on literature data
Type Species
PNEC
(µg/L)
Factor applied Exposure Reference
Algae D. subspicatus 74 1000 3 d Cleuvers (2003)
Rotifer B. calyciflorus 38 10 48 h Ferrari et al. (2003)
Crustacean C.dubia 2.5 10 7 d Ferrari et al. (2003)
Crustacean D.magna 76.3 1000 n.a. Ginebreda et al. (2010)
Plant L.minor 25.5 1000 7 d Cleuvers (2003)
7.3 Results
7.3.1 Water quality based on conventional parameters during full-scale treatment
The full-scale CW performance was monitored during the sampling campaign for COD, NH+4 and
NO−3 and on-site measurements pH and DO were measured once (Table 7.3). The high pH in the
effluent water is likely to be caused by the tobermorite mineral in the substrate. Due to the oxic
conditions in the CW (10.6±0.1 mg/L), the COD and NH+4 -N removal were high (98% and >98%,
respectively). The denitrification efficiency was limited, likely due to the aeration applied, and hence,
approximately 50% of NH+4 -N in the influent was discharged as NO
−
3 -N.
7.3.2 Dissolved oxygen concentration and pH during the batch experiment
The pH did not change markedly during the batch experiment (Table 7.4). The DO was much higher
in the effluent of the aerated microcosms (7.7±1.0 mg/L) than in the microcosms without aeration
(0.9±0.5 mg/L).
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Table 7.3: Conventional water quality parameters during full-scale treatment. Average values ±
standard deviation (n=5; except for pH and DO in CW n=3).
In CW Out Removal (%)
pH 7.5 7.7±0.5 8.6
DO (mg/L) 0.7 10.6±0.1 11.3
COD (mg/L) 486±128 11±1 98
NH+4 (mg N/L) 68±7 <2 >98
NO−3 (mg N/L) <5 33±3
Table 7.4: DO and pH during the batch experiment. Average values ± standard deviation (n=3)
pH DO
Influent 7.5 3.6
HRT2-AIR 6.5±0.0 7.9±0.6
HRT6-AIR 6.4±0.2 7.5±1.1
HRT2-NO-AIR 7.0±0.0 1.2±0.2
HRT6-NO-AIR 7.0±0.1 0.6±0.5
7.3.3 Occurrence of pharmaceuticals in the influent
The selected pharmaceuticals occurred in the influent at varying levels (Figure 7.1, Table 7.5). The
lowest average concentration (40±20 ng/L) was measured for DZP and the highest one (50.66±32.74
µg/L) for MFM. TST and VST were not detected in any of the samples. The concentrations fluctuated
also greatly from day to day (standard deviation near average concentration) due to daily variations
in water consumption for e.g. bathing. In general, the influent pharmaceutical concentrations are so
high that they are comparable to concentrations occurring in hospital effluent (Auvinen et al., 2017).
Figure 7.1: Box plots on the influent pharmaceutical concentrations of the full-scale CW (n=5). Note
the logarithmic scale. The tick marks ∗ and ◦ mark the outliers.
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7.3.4 Removal of selected pharmaceuticals during full-scale treatment
Very efficient removal of the selected pharmaceuticals was achieved during the full-scale treatment
(in general >90%) (Table 7.5). Although MFM and TMD were present in the influent at the highest
concentrations, their efficient removal in the CW lowered their concentrations in the effluent to ≤30
ng/L. The highest average concentration observed in the effluent was for CBZ (1280±300 ng/L). The
average concentrations of ATL, BSP and DCF were below 100 ng/L and the average concentrations
of DZP, GBP, MTP and STL were below the detection limit (10 ng/L). In the creek only CBZ and
TMD were detected in the two grab samples (1380±520 ng/L and 60±20 ng/L, respectively). On the
day when the creek water was sampled, only CBZ and TMD were detected in the effluent.
Table 7.5: Removal of selected pharmaceuticals during full-scale treatment
Influent (ng/L) Effluent (ng/L) Removal efficiency (%)
ATL 5570±5220 90±20 98
BSP 5670±3480 10±10 ∼100
CBZ 20580±14800 1280±300 94
DZP 40±20 <10 78
DCF 5040±4370 50±90 99
GBP 7910±6740 <10 ∼100
MFM 50660±32740 <10 ∼100
MTP 410±270 <10 98
STL 680±440 30±10 99
TMD 42180±40320 <10 ∼100
7.3.5 Effect of active aeration and hydraulic retention time on the removal effi-
ciency
Figure 7.2 illustrates the relations between removal efficiency, aeration and HRT. Aeration improved
the removal of GBP significantly. The removal of MFM and STL was improved significantly with
aeration at HRT 2 d but at HRT 6 d the removal was statistically equally efficient with or without
aeration. The removal efficiencies of GBP, MFM (at HRT 2 d) and STL (at HRT 2 d) correlated
also well with the DO concentration in the effluent (rs=0.8, p<0.05). The concentration of TST was
below the detection limit (10 ng/L) in all effluent samples. The variable removal efficiencies observed
for VST are likely to be caused by the low influent concentrations (20±10 ng/L) and subsequent
difficulties in quantification.
The removal efficiency of CBZ was improved with increasing HRT. The longer HRT improved
the removal of DCF only during aeration and oppositely, the longer HRT enhanced the removal of
TMD when aeration was not applied.
90
ATL BSP CBZ DCF GBP MFM MTP STL TMD TST VST
0
10
20
30
40
50
60
70
80
90
100
110
a
a
a a
a
a
a
b
b
a a
a
a
b
b
b b
a
a
b
a
b
a a b
R
em
ov
al
effi
ci
en
cy
(%
)
HRT2-AIR HRT2-NO-AIR HRT6-AIR HRT6-NO-AIR
Figure 7.2: Dependency of the removal efficiencies of the selected pharmaceuticals on aeration and
HRT (average ± standard deviation; n=3, except for HRT2-NO-AIR n=2 due to loss of sample).
Statistically significant differences are marked with differing letters a and b.
7.3.6 Aquatic risk assessment
The HQs were calculated only for CBZ due to the very low concentrations of other pharmaceuticals
(<100 ng/L) present in the effluent. The HQs, which were based on minimum and maximum concen-
trations detected in effluent and the creek, ranged from 0.01 to 0.7; not indicating possible toxicity to
the target organisms by CBZ discharge.
7.4 Discussion
In contrast to earlier experiments on beta-blockers (ATL, BSP, MTP, STL) in activated sludge systems
(Wick et al., 2009), excellent removal of these compounds was obtained in the current study. Also in
earlier studies on CWs, lower removal efficiency of ATL, BSP and STL has been noted, MTP and STL
being the more recalcitrant types (11 – 80%; Conkle et al. (2008). Dordio et al. (2009a) studied the
removal of ATL in unplanted microcosms filled with LECA granules and concluded that the efficient
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removal obtained (82%) over 4 days was primarily caused by adsorption of ATL to the LECA granules
because new material (no biofilm) was used in the study. It is thus possible that the combination
of biodegradation and adsorption onto the LECA granules enabled the excellent removal efficiency
observed in the current study. The full-scale CW is only recently (in late 2015) taken into operation
and this has possibly an effect on the adsorption capacity of the LECA (not saturated, biofilm not
fully developed). The removal efficiency of STL further depended on aeration and correlated positively
with the DO concentration of the effluent. The removal efficiency of STL was however not dependent
on the aeration when HRT of 6 d was used instead of 2 d. Anoxic biotransformations are in general
slower than oxic ones and hence, a longer HRT is needed to obtain the same treatment efficiency.
GBP has earlier been reported to be quite efficiently removed in CWs (88%; Chen et al. (2016)).
Based on the batch experiment, GBP is readily biodegradable in oxic conditions and it can be removed
even at a short HRT. In a previous study, where hospital wastewater was treated in an aerated pilot-
scale sub-surface flow CW, GBP was only removed by 33 -37% (Auvinen et al., 2017). It is possible
that the high organic loading applied in the aforementioned study restricted the removal of GBP.
Although many studies on CWs report low removal efficiency for DCF (<50%; e.g. Matamoros,
Bayona (2006)), excellent removal of pharmaceuticals has earlier been observed especially in hybrid
systems. A´vila et al. (2010), who studied the removal of DCF in a CW system comprising of two
horizontal sub-surface flow CWs in series, showed that DCF was removed by >97% at a similar
hydraulic loading rate (0.028 m/d) as applied in the current study. Similarly, a removal efficiency
of 89% of DCF was observed in a hybrid CW where vertical sub-surface flow CW is followed by
a horizontal sub-surface flow CW and a surface flow CW (A´vila et al., 2015). The reason for the
better removal in hybrid systems can be related to the presence of both anoxic and aerobic conditions
occurring in these types of CWs, which are likely to be essential for the degradation process of DCF
(A´vila et al., 2014b). Based on the batch experiment it seems that HRT also plays a role in the
removal efficiency of DCF in aerobic conditions. It is possible that the oxic pathway necessary for the
degradation is limiting the removal in the microcosms without aeration and hence, the removal is not
improved even at longer HRT.
MFM was shown to be efficiently removed in the pilot-scale CW (6). In that study, MFM
was removed promptly during aeration but a lag-phase occurred when aeration was not used. Similar
behavior was observed in the current study, where the removal efficiency in the non-aerated microcosms
was improved with increasing HRT.
Poor removal of TMD has been reported in earlier literature. Auvinen et al. (2017) observed
negative removal efficiencies for TMD in a pilot-scale sub-surface CW. Breitholtz et al. (2012) studied
full-scale free-surface flow CWs and observed removal efficiencies ranging from negative values to 26%.
They explained the low removal to be partly caused by the sub-zero temperatures and subsequent slow
biotransformations. Although Auvinen et al. (2017) did not find a correlation between aeration and
removal efficiency for TMD in their study, it is possible that the applied HRT (1 d) was too short to
obtain significant removal with or without aeration. In the current study, the increase in HRT (from
2 d to 6 d) increased the removal of TMD when aeration was not applied indicating that the anoxic
pathway is preferred but adequate HRT is necessary.
CBZ is generally considered as a recalcitrant component and therefore, its efficient removal
in the current study is somewhat surprising. The applied aeration did not decrease its removal
significantly, although some studies indicate better removal at low redox conditions (Matamoros et al.,
2005). CBZ has also been observed to be removed by adsorption to LECA (Dordio et al., 2009c)
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similarly to ATL (Dordio et al., 2009a). The fact that the removal of CBZ was improved by increasing
HRT can be linked to the improved adsorption efficiency and/or be due to better biodegradation
during longer contact time. It is also possible that the observed unusually high effluent pH of the
full-scale CW affected the adsorption behavior. In earlier experiments pH has been shown to affect
the dissociation of the pharmaceutical and its subsequent attachment to soil/sediment by ion exchange
(Lorphensri et al., 2006).
Because the CW discharges into a small forest creek where little to no dilution occurs, it was
important to assess the effect of pharmaceuticals on the ecotoxicity in this creek. Due to the efficient
removal of all targeted pharmaceuticals the initial estimation of the aquatic risk in the forest creek
is insignificant for the model organisms. Final conclusions on the risk should only be drawn after
further investigations where more pharmaceuticals are targeted and where the degradation products
of the pharmaceuticals are taken into account. Also, the differences in water consumption and aeration
regime during day and night may have an effect on the discharge and hence, an effect on the potential
toxicity of the effluent.
7.5 Conclusions
The full-scale CW produced a high quality effluent in terms of COD, NH+4 and the targeted phar-
maceuticals. The removal efficiency of all targeted pharmaceuticals was >90%; higher than generally
seen in CWs. The excellent removal is expected to be caused by the hybrid design of the CW where
oxic and anoxic zones are both present, long HRT (10 d) and the presence of LECA which has been
shown adsorb (at least) ATL and CBZ efficiently.
Aeration was shown to increase the removal of only a few pharmaceuticals, namely GBP, MFM
and STL. The removal of MFM and STL was equally efficient with and without aeration when the
longer HRT (6 d) was applied. TMD was better removed when aeration was not applied at long
HRT. DCF showed opposite behavior and its removal improved with increasing HRT as aeration was
applied. Due to the overall efficient removal of the targeted pharmaceuticals, the aquatic risk was
considered low in a preliminary assessment.
Further research should aim at validating the results obtained during the batch experiment.
This could be done when the full-scale CW is in full operation and its HRT is decreased to the design
HRT of 3 – 4 d. The adsorption on LECA could decrease with increasing biofilm growth during longer
operation time and cause a decrease in the removal efficiencies (Dordio et al., 2007). However, because
of the large specific surface area of the porous LECA, the area occupied by biofilm is larger than in
conventional CWs filled with gravel, possibly enhancing the treatment. In future research attention
should also be paid to the discharge of pharmaceutical degradation products, such as quanylurea (from
MFM) which could be present at high concentrations in the effluent (Scheurer et al., 2012). Although
the water quality of the effluent based on common parameters meets the requirements, the removal of
NO−3 could possibly be improved by adjusting the aeration regime of the horizontal stage of the CW.
The discharge of NO−3 is an important issue in Flanders which is categorized as a nitrate sensitive area
by the European Union (European Commission, 1991). The impact of adjusting the aeration regime
on the pharmaceutical removal efficiency should be studied further. Although a decrease in aeration
time (100% to 50%) did not decrease the pharmaceutical removal efficiency significantly in the pilot
experiment (Chapter 6), the aeration needs to be sufficient for the conversion of organic matter and
nitrification and similarly, there is likely to be a threshold for the pharmaceuticals.
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Chapter 8
Synthesis
8.1 General discussion
Wastewater is an important source of micropollutants, such as pharmaceuticals and metallic engineered
nanomaterials, in surface waters. Although these contaminants are likely to be present at very low
concentrations in surface water, the possible adverse effects on aquatic organisms (Gross-Sorokin et al.,
2006; Blinova et al., 2010) and the potential risk to human exposure via drinking water (No¨dler et al.,
2013) and the food chain (Ebbs et al., 2016) are the main reasons why research on improving the
removal of these contaminants from wastewater is important. In constructed wetlands, the removal is
based on simultaneously occurring biological, chemical and physical processes, which were explained
in detail in Chapter 2, and the multitude of which can be an asset at obtaining efficient removal of
contaminants with different characteristics. Despite the large number of papers on pharmaceutical
removal in CWs, further knowledge on the factors affecting, and hence possibly improving, the removal
of pharmaceuticals from wastewater is necessary. Therefore in this work, focus was laid on intensified,
i.e. aerated, CWs where dissolved oxygen concentration higher than usual may increase the efficiency
of pharmaceutical removal as indicated by e.g. Zhang et al. (2012b). In case of ENMs, earlier research
on their fate in CWs is inexistent. The widespread and increasing use of ENMs and the utilization of
CWs to treat many potentially ENM containing wastewater streams were the incentive to study their
fate in CWs.
The aim of this thesis was to assess the removal of pharmaceuticals and (Ag-)nanoparticles
and identify factors improving their removal in constructed wetlands. In this section, the fate and
behavior of these contaminants is discussed and their potential environmental risk is analyzed based
on the data obtained during the course of this PhD research.
8.1.1 Engineered nanomaterials
Transformations in constructed wetlands
Metallic ENMs differ from their bulk metal counterparts by their large specific surface area (area-to-
volume ratio) and surface functionalization due to which these ENMs have often unique properties and
reactivities (Chapter 2 ). Their physico-chemical characteristics, such as chemical composition, size
and surface functionalization, affect their fate, bioavailability and toxicity in the environment (Levard
et al., 2012). Also environmental factors, such as dissolved oxygen concentration and presence of
NOM, can affect the fate of ENMs in the environment by altering the ENM speciation and morphology
(Chapter 3 ). The transformed ENMs may present different behavior in the environment compared to
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the untransformed ENMs.
During activated sludge treatment, ENMs are shown to be efficiently retained in sludge flocs
comprised largely of organic matter (Kaegi et al., 2011). In CWs where similar flocs are not present,
Ag-NPs were shown to be mainly attached to the biofilm, which covers the substrate and plant roots,
and to degrading plant debris (Chapter 3, Chapter 5 ). The importance of biofilm for the Ag-NPs
removal was further demonstrated in Chapter 4, where it was shown that removal of Ag-NPs from the
water phase did occur in the presence of CW substrates and was increased significantly in the presence
of biofilm (investigated for gravel). It was further concluded that the properties of the substrate (e.g.
cation exchange capacity and porosity) also likely to play a role in defining the removal from the
water phase. It is most likely that the organic matter present in the influent and which accumulates
especially at the inlet of CWs functions as an additional sink for ENMs (Chapter 2 ). Similar behavior
is expected in cases where raw wastewater is applied on the surface of the CWs (the so called French
type CWs) where a sludge deposit is formed on top of the CW bed (Chapter 2 ).
During wastewater treatment sulfides are formed due to microbial sulfate reduction in anoxic
conditions. Several types of ENMs have shown to undergo sulfidation, i.e. the transformation to sulfide
minerals during activated sludge treatment (Kaegi et al., 2011). The environmental implications of
sulfidation depend on the type of ENM. For example, sulfidized CuO-NPs are more prone to dissolution
than the original NPs whereas Ag2S is very stable (Ma et al., 2014). Detailed STEM-EDX analysis
showed that the Ag-NPs in the CW microcosms were sulfidized and that aeration could not prevent
the sulfidation (Chapter 3 ). Sulfidation of Ag-NPs prevents the release of Ag+ (dissolution) because
Ag2S has a very low solubility (Choi et al., 2009). Dissolution of (transformed) Ag-NPs could affect
their bioavailability and toxicity since small ions are more bioavailable than large ENMs and they are
in general considered more toxic than ENMs (Chapter 2, Chapter 5 ). In the microcosm experiments
no ionic Ag (based on ultrafiltration experiments) was detected in the effluent samples suggesting that
the dissolution of Ag-NPs was low (possibly due to efficient sulfidation) or that the dissolved ions were
efficiently retained in the solids in the microcosm (Chapter 5 ).
Retention and possible release from constructed wetlands
Efficient removal of Ag-NPs was achieved during the microcosm experiment where only 10 – 20% of
the spiked Ag-NPs (measured as total Ag) were measured in the effluent. This indicates that the CW
microcosms functioned as sinks for Ag-NPs similarly to activated sludge treatment systems (Chapter
3 ). In Chapter 5 it was shown that the removal was independent of the type of coating (PVP,
citrate) and also Ag+ showed similar removal efficiency as the Ag-NPs. This shows that in a complex
environment, such as wastewater, the coating of the ENM does not play an important role in defining
its fate. This is probably because the ions in the wastewater alter the surface properties of the ENM
(Chapter 2) and result in a more uniform behavior of the ENMs in the CW. Therefore, although only
Ag-NPs were investigated in this thesis, it is likely that other types of ENMs will undergo aggregation
and attach to the organic matter in the CW. Their tendency to transform (e.g. sulfidize) or dissolve
is, however, more defined by the chemical structure of the ENM in question. For example, while the
sulfidation of Ag-NPs restricts their dissolution, the opposite is true for CuO-NPs as discussed in
Chapter 2.
The concentration of the discharged Ag correlated significantly with the concentration of TSS
present in effluent (R2=0.8, p<0.05) suggesting that Ag was primarily bound to the solids in the
effluent (Chapter 3 ). Similarly, TSS has been shown to be a major transport medium for Ag-NPs
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in activated sludge treatment (Kaegi et al., 2013). In general, TSS removal is efficient in CWs but
(temporary) malfunctions and operational defects (e.g. clogging, overland flow, sudden high flow rate,
drying out, influent toxicity) could increase TSS discharge due to biofilm detachment or influent short-
circuiting (Chapter 2 ). Solids accumulation and subsequent clogging is one of the major problems
with SSF CWs (Nivala, Rousseau, 2009). It occurs quite often in CWs and may be difficult to observe
and remedy without extensive interventions. Active aeration has been shown to decrease the solids
accumulation within the substrate but to increase biofilm growth (Chazarenc et al., 2009). Further
investigations on its effect on clogging are still needed. If a part of the biofilm detaches from the
substrate, it is likely to be retained and metabolized within the substrate pores unless it is washed
out by peak flow (Rousseau et al., 2008; Hua et al., 2013). Hence, CWs seem quite resilient towards
perturbations. Usage of sand and other small-grain substrate can improve TSS removal, but its effect
on clogging needs to be taken into account. Polishing treatments, such as sand or membrane filtration,
are unlikely to be cost-efficient measures to reduce TSS discharge from CWs, and hence, a better way
to ensure efficient TSS removal in a CW is to make sure the CW is maintained properly. Proper
maintenance includes cleaning out grids and inlet zone of debris and harvesting plant material at yearly
(or bi-annual) basis. These measures will help prevent clogging of the CW bed. It is also necessary to
monitor the system for any signs of clogging and take action when this occurs. Automatic monitoring
of flooding for instance would allow to take immediate action. Proper hydrodynamic design of CWs
(e.g. width-to-length ratio) is essential at preventing short-circuiting, although also uncontrollable
factors such as vegetation may have a major impact on channeling within the substrate (Persson,
Wittgren, 2003).
Metal accumulation in plant material is possible but the uptake of ENMs by plants is restricted
by the large size of ENMs in comparison to ions (Chapter 2 ). During the microcosm experiment,
only minor amounts of Ag (< 1% of the total mass recovered within the microcosm compartments)
were found attached or taken up by the roots of P. australis during 25 weeks of operation (Chapter
3 ). The 4-week hydroponic culture experiment on P. australis showed that some uptake is possible,
especially by the roots, but translocation to the leaves is insignificant (Chapter 4 ). The comparison
of the results from these two experiments suggests that the attachment of Ag-NPs on biofilm/organic
matter is more likely than attachment to/uptake by the roots. As a consequence, the levels of Ag-NPs
in the harvested plant biomass are expected to be very low and not to cause any restrictions on the
application of the plant biomass e.g. as soil amendment after composting.
Although sludge is not produced in CWs, solids are separated in a primary settling tank
producing primary sludge. ENMs are likely to partition to the primary sludge efficiently due to their
high affinity for organic material (Chapters 2-5 ). In addition, the removal of ENMs during primary
treatment will decrease the concentration of ENMs in the CW influent. Only in case of the French
type CWs sludge is produced during the normal treatment process (i.e. no clogging) and the sludge
deposit on top of the CW needs to be disposed of occasionally (Molle et al., 2005). When the sludge is
applied on agricultural land, concerns are raised on food safety due to metal leaching and subsequent
accumulation in crops (Ebbs et al., 2016). Although the sludge being a primary sink for ENMs,
the current ENM concentrations in the influent wastewater are estimated to be low and hence, the
concentrations of ENMs in sludge are likely to be insignificant in comparison to bulk metals (Chapter
2 ). However, some caution is warranted since production volumes of ENMs have a rising trend. Also,
proper handling of the wastewater produced upon refurbishment of CWs (Cooper et al., 2006) is
necessary since this is likely to contain high concentrations of metals, among which (transformed)
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ENMs (Chapter 2 ).
Possible adverse effects on the microorganisms in constructed wetlands
ENMs are potentially toxic (Choi, Hu, 2008) and can hence cause toxicity to microorganisms in CWs
possibly ultimately affecting the performance of the CW. The water phase is unlikely (at current
production volumes) to contain such high concentrations of ENMs which would harm the ecosystem
in the CW (Chapter 2, Chapter 5 ). However, the accumulating ENMs could in long-term possibly lead
to toxic concentrations within the substrate. In the microcosm experiment described in Chapter 5, the
microcosms were exposed to an increasing concentration of Ag-NPs (up to 80 µg/kg substrate) during
the monitoring period of one month. During this time no significant alterations in the metabolic
capacity or the microbial community structure were observed which could have indicated possible
toxicity. Although the exposure concentration used in this experiment is very low in comparison
to bulk metal concentrations observed within CW substrate after years of operation (>100 mg/kg)
(Chapter 2 ), the experiment gives an indication of the possible ENM-specific toxicity.
8.1.2 Pharmaceuticals
Removal efficiency in constructed wetlands
The use of CWs to treat domestic wastewater is increasing due to the stringent regulations to safeguard
surface waters in the European Union (Chapter 2 ). This is also noticeable in Belgium where CWs are
nowadays built as treatments systems for single households and small communities in the rural areas
(Auvinen et al., 2016a).
A large number of studies on pharmaceutical removal in CWs has been published in the recent
decade. In general, the removal efficiencies have been found very variable and dependent of the
pharmaceutical in question (Chapter 2 ). This was also observed during the pilot-scale studies on
domestic and hospital wastewater (Chapter 6 ). On one hand, carbamazepine and tramadol were
shown to be the most recalcitrant compounds of the pharmaceuticals studied with a removal efficiency
varying from negative to 20%. On the other hand, some components such as atenolol and metformin,
were removed nearly completely. The overall removal efficiencies of the studied compounds were higher
during the full-scale experiment where, despite the high influent concentrations, a removal of >90% was
achieved (Chapter 7 ). The unexpected improved removal was expected to be caused by a combination
of factors (hybrid design, long HRT and LECA as substrate). The main conclusion of the pilot-scale
studies was that the pilot CW was insufficient in preventing the discharge of pharmaceuticals, and
as the pilot system was operated at a quite high organic loading rate, it was hypothesized that the
removal could be improved by increasing the HRT.
Pharmaceuticals were observed to be present in high concentrations in the hospital (Chapter
6 ) and in the wastewater of the health care facility (Chapter 7 ). For more enhanced removal, it is a
common recommendation to treat such wastewaters near the source (Ternes et al., 2004b; Pauwels,
Verstraete, 2006). The experiment on the full-scale CW showed that efficient removal of pharma-
ceuticals is possible to obtain. In cases where the hospital is located in a more urban environment
where place is limited, it would be necessary to apply higher influent loading rates. The pilot-scale
study showed that robust removal of COD and NH+4 could be obtained even at high loading rate
(on average 150 g COD/m2/d and 10 g NH+4 /m
2/d) but high concentrations of pharmaceuticals
were still present in the effluent (Chapter 6 ). With the expected future regulations on pharmaceutical
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concentrations in surface waters and wastewater (currently implementation of the watch list; Euro-
pean Parliament (2013)), it would be necessary to enhance the removal of pharmaceuticals during
wastewater treatment, possibly using complimentary treatment steps, such as ozonation (De Buyck,
2015).
Effect of design on the removal efficiency of pharmaceuticals
Earlier research has shown that the vertical flow part in a hybrid CW comprising vertical and horizontal
CWs has the largest effect on pharmaceutical removal (A´vila et al., 2014a). The higher efficiency of
VSSF CWs was claimed to be caused by higher dissolved oxygen concentrations due to the unsaturation
of the substrate bed in this type of CWs. Hence we assessed the application of active aeration. The
removal of metformin, valsartan and gabapentin was clearly dependent on aeration (Chapter 6, Chapter
7 ). However, degradation of metformin appeared also to be possible when aeration was not applied
but an adaptation of the microbial metabolism was then necessary (Chapter 6, Chapter 7 ). The
removal of bisoprolol, sotalol, diclofenac and tramadol seemed to depend on aeration as well as HRT
applied (Chapter 7 ). In case of bisoprolol, sotalol and diclofenac aeration in combination with long
HRT (6 d) induced the best removal efficiency observed during the batch experiment. For tramadol
aeration decreased its removal efficiency. Removal of carbamazepine was independent of aeration
but increased with increasing HRT (Chapter 7 ), which likely explains (at least partly) the very poor
removal efficiencies obtained during the pilot-scale experiments (Chapter 6 ).
These examples show that the presence of both oxic and anoxic conditions in CWs can aid in
improving the removal efficiency because some pharmaceuticals are better removed in oxic and some
in anoxic conditions. Hence, these results support the selection of hybrid systems when improved
pharmaceutical removal is targeted. It is possible that equally efficient pharmaceutical removal could
be achieved in CW hybrid systems comprising VSSF and HSSF CWs as in partly intensified CWs, as
was suggested in a study of A´vila et al. (2014b). However, to maintain the oxygen transfer capability
in the VSSF CW, rigorous maintenance is necessary. Currently, the application of hybrid CW systems
is quite modest in Belgium (Flanders): less than 10% of the 406 CWs in the complete database on
Flemish CWs reported in Auvinen et al. (2016a) were hybrid systems. It was further reported that
only 5 out of 35 Aquafin operated CW treatment systems were hybrid CWs; a very low number in
comparison to the 22 systems comprising submerged aerated filter/rotating biological contactors and
a tertiary CW.
In addition to HRT and dissolved oxygen concentration, this study suggested that the excellent
removal efficiencies obtained during the full-scale experiment were caused by efficient adsorption of
the pharmaceuticals on the LECA substrate (Chapter 7 ). Due to the short duration of the study, it
is not possible to determine whether the adsorption remains equally efficient and hence, suggestions
on the application of LECA as a means of pharmaceutical adsorbent cannot be made.
Aquatic risks due to pharmaceutical discharge
Since CWs are often located in rural areas and discharge in small water ways, assessing the risk
that the pharmaceutical discharge poses in these water ways for aquatic ecosystem health is essential
(Chapter 2 ). Currently in Flanders the norms for discharge from wastewater treatment plants are
based on the size of the treatment plant instead of the vulnerability (factors such as dilution and
ecological diversity) of the receiving stream. In The Netherlands and United States of America more
specific regulation is applied on wastewater treatment plants to ensure the carrying capacity of the
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receiving streams is not exceeded (Environmental Protection Agency (EPA), 1992; Rousseau et al.,
2003). Although these norms apply currently only for nutrients, possible future regulatory standards
will be addressing pharmaceuticals as well. In Switzerland works are ongoing to equip all large and
medium sized wastewater treatment plants and some of the smaller treatment plants (>8000 I.E.)
with an advanced treatment step (ozonation/activated carbon) to enhance pharmaceutical removal
and hence to safequard the surface waters (Audenaert et al., 2014).
Due to the difficulties of assessing environmental toxicity in situ, laboratory tests are most
often conducted to estimate the risks (Quinn et al., 2008). Safety factors are applied to the results to
account also for organisms which are possibly more susceptible than the target organism (Vestel et al.,
2016). In this manner a preliminary assessment of the aquatic risk can be performed quite reliably.
The efficient removal of pharmaceuticals decreased the aquatic risk below the toxicity threshold
on the selected target organisms during full-scale experiment (Chapter 7 ). In this study, only carba-
mazepine was discharged in potentially toxic concentrations. Because of the high concentrations of the
targeted pharmaceuticals, it is however advisable to investigate the discharge of a larger selection of
pharmaceuticals to more reliably assess the toxicity. Sometimes the combination of pharmaceuticals is
also more toxic than expected based on the toxicities of the single compounds (Cleuvers, 2003). If we
for example consider the effluent concentrations from the pilot-scale CW treating hospital wastewater,
the effluent would appear toxic based on the preliminary assessment with hazard quotients (Chapter
6 ). Furthermore, a thorough ecotoxicological assessment needs to take the effects of transformation
products also into account (Olvera-Vargas et al., 2016).
8.2 General conclusions
8.2.1 Engineered nanomaterials
• (Ag-)NPs are likely to be efficiently removed in CWs. Biofilm surrounding the substrate and
plant roots as well as organic matter retained within the substrate are the main sinks for (Ag-
)NPs. Ag-NPs undergo further transformations, such as sulfidation, which restricts their disso-
lution and subsequently decreases their toxicity.
• Active aeration, when resulting in low concentrations of dissolved oxygen, did not prevent sulfi-
dation of the Ag-NPs and did not increase the discharge of total Ag. Aerated CWs are usually
equipped with a zone where aeration is not applied or where it is regulated to allow the devel-
opment of anoxic zones for denitrification. In these zones, microbial sulfate reduction can also
take place and induce sulfidation of Ag-NPs.
• Organic matter build-up during the aging of the CWs is likely to offer additional adsorption sites
for (Ag-)NPs and hence, result in more efficient retention of (Ag-)NPs if the organic matter is
retained within the CW substrate.
• The release of (transformed) (Ag-)NPs from CWs with effluent is likely to be low. The discharged
(Ag-)NPs are attached to solids present in the effluent and hence, controlling the TSS removal
increases the retention of (Ag-)NPs. Regular maintenance, such as clearing the inlet of debris
and harvesting of plants, and monitoring of CWs is essential at preventing the discharge of TSS.
• Plant uptake of Ag-NPs has a low impact on the removal efficiency, although adsorption to the
roots can occur to some extent. With the low translocation, possible release of Ag from harvested
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and composted plant material is insignificant and is not likely to restrict the applications of the
composted plant material.
• No significant toxicity (based on metabolic capacity or the microbial community structure) on
the biofilm microbial community was observed succeeding an exposure of 80 µg Ag/kg substrate.
However, some caution is warranted due to the predicted rise in future ENM production volumes.
8.2.2 Pharmaceuticals
• The removal efficiency of pharmaceuticals was highly dependent on the type of pharmaceuticals
as were the factors affecting the removal efficiency. Aeration was shown to improve the removal
of gabapentin, metformin and valsartan significantly. The removal of metformin could also
occur without aeration after microbial adaptation. The removal efficiency of carbamazepine
correlated significantly with HRT. For some components both factors, (no) aeration and increased
HRT, together caused significantly improved removal. The removal of sotalol and diclofenac was
significantly improved with aeration at long HRT but in case of tramadol, no aeration induced
better removal. Also, efficient removal of the pharmaceuticals during full-scale treatment was
likely to be partly caused by the LECA substrate presenting high adsorption capacity for some
pharmaceuticals.
• Based on these results, active aeration may not be necessary for efficient pharmaceutical removal,
although the presence of both oxic and anoxic conditions is likely to enhance the overall removal.
Hence, the application of hybrid CWs is recommended when enhanced pharmaceutical removal
is targeted. However, active aeration may provide a solution for (urban) locations, such as
hospitals, where space is critical because the intensification of the treatment induces a decrease
in the foot-print.
• In case of high pharmaceutical concentrations, such as hospital wastewater, separate treatment
of this wastewater is recommended. Due to the space constraints CWs may not be suitable as
a sole technology to treat these wastewaters. In such cases aeration is needed to intensify the
treatment although complimentary treatment (e.g. ozonation) is likely to be required.
• In the preliminary toxicity assessment, the effluent of the full-scale CW was not expected to
cause toxicity in the aquatic organisms targeted.
8.3 Perspectives
8.3.1 Engineered nanomaterials
• Based on the conclusion that the release of ENMs can primarily be controlled by the release
of TSS, it is possible that the factors causing the release of TSS also induce the discharge of
(transformed) ENMs. Further research should thus address (temporary) situations where the
TSS concentration of the effluent increases. Such situations could be short-circuiting caused
by clogging, detachment of biofilm due to increased toxicity of the influent or sudden peaks in
influent flow. Also, when active aeration is applied in CWs with a low length-to-width ratio,
influent could escape due to mixing by aeration.
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• This study investigated the toxicity of Ag-NPs on CW microcosm biofilm. However, the exposure
time in this experiment was rather short and hence, further research is needed to illustrate the
effects of long-term exposure to low concentrations. Also, more realistic scenarios where both
bulk metals and ENMs (combined and separately) are applied, are advisable to identify the
contribution of the different metal species on the possible toxicity.
8.3.2 Pharmaceuticals
• The results obtained during the batch experiment on aeration and HRT should be validated in
full-scale experiments. The planned increase in the hydraulic loading of the investigated CW
would offer a possibility for the validation experiments.
• The overall efficient removal of the selected pharmaceuticals was assumed to be partly due to
the presence of LECA substrate as it was in earlier literature shown to adsorb pharmaceuticals
efficiently. The long-term effect of its adsorption capacity should however be investigated since
the biofilm growth on the surface of the LECA granules could hinder the adsorption process.
• Based on the overall high influent concentrations of the selected pharmaceuticals in the influent
of the full-scale CW, it is likely that other non-targeted pharmaceuticals were also present. Final
conclusions on the effluent toxicity can thus be drawn only after a more elaborate screening of
the effluent.
• Despite the large amount of publications on pharmaceutical removal in CWs, only a small
part addresses transformation products. Literature shows that pharmaceuticals are mostly not
completely mineralized and that the transformation products may be even more toxic and/or
persistent in the environment as the mother component. Hence, further research is needed to
obtain extensive data on the fate of these transformation products in CWs. Furthermore, no
data yet exists on the effects of aeration on the removal of these transformation products.
• Efficient removal of pharmaceuticals can be obtained during normal operation in a CW as shown
in the full-scale study (Chapter 7). It should still be investigated how treatment instabilities,
such as fluctuations in the influent composition, loading and flow rate, affect pharmaceutical
removal.
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Summary
Contaminants of emerging concern (CECs), such as pharmaceuticals and metallic engineered nanoma-
terials (ENMs), can pose a risk to the environment even at very low concentrations (ng/L - µg/L). The
human body metabolizes pharmaceuticals usually only partly which results in the excretion of both
the parent compound and its metabolite(s). ENMs are applied in many common household products,
such as textiles, plastics and cosmetics, and are released from these products during washing. ENMs
have extraordinary properties arising from their small size and these properties differentiate ENMs
from larger-sized bulk metals. Wastewater treatment plants are thus potential point sources of CECs
into the environment if efficient removal of these contaminants cannot be achieved. Although the
presence of CECs in surface waters is currently not yet regulated, considerable efforts are made to
gain more insight into the presence of pharmaceuticals in surface waters in the European Union.
Constructed wetlands (CWs) are mostly applied as decentralized wastewater treatment systems
in the rural areas. In general, CW treatment consists of a primary settling of coarse matter and a
subsequent CW or CWs for secondary treatment. The CW is an engineered artificial wetland in which
wastewater is treated by naturally occurring chemical, physical and biological processes. CWs can
be filled with gravel or coarse sand to increase the microbial activities and mostly they are planted
with typical wetland vegetation such as common reed or cattail to improve nutrient removal and
to give them a green appearance. CWs which are located in remote areas discharge their effluent
often in small water ways where low or even negligible dilution occurs. The potential risk on these
streams arising from the pollutant emissions from the wastewater treatment system is the primary
incentive for this PhD research. The main objective of this PhD research was hence to contribute to
the understanding of the fate of (silver) nanoparticles (Ag-NPs) and pharmaceuticals in constructed
wetlands by assessing factors affecting and possibly improving their removal in CWs.
Currently little is known about the processes ENMs undergo in CWs and their removal efficiency
in these systems. Chapter 2 thus aims to predict the possible transformation processes ENMs undergo
in CWs based on literature data in related fields, such as activated sludge treatment. The potential
release of ENMs from CWs with effluent water, harvested plant material and incorporated in sludge
and the possible toxicity in CWs are also discussed. This chapter also reviews the main pharmaceutical
removal mechanisms in CWs and discussed factors affecting the removal. Also, a comprehensive review
on pharmaceutical removal efficiencies in pilot- and full-scale CWs is presented and finally, the aquatic
risks posed by pharmaceuticals are discussed.
Laboratory-scale microcosm experiments simulating CWs treating domestic wastewater were
set up to experimentally analyze the retention of Ag-NPs in CWs (Chapter 3 ). This experiment also
addressed the effect of aging (accumulation of organic matter) and aeration on the fate of Ag-NPs in
the microcosms. The transformations of the Ag-NPs in the microcosms were studied with detailed
microscopy studies (STEM-EDX). The results showed that the Ag-NPs were very efficiently removed
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(80 - 90%) from the wastewater and that the biofilm developed on the gravel bed was the main sink
for the Ag-NPs in the microcosms. The fraction of Ag-NPs that passed the CWs was bound to solids
present in the effluent, suggesting that additional measures to decrease the discharge of suspended
solids with effluent will increase the removal efficiency of (Ag-)NPs. Plants had a minor role in the
retention of Ag-NPs in the microcosms. Results from STEM-EDX analyses suggested that Ag-NPs
were dominantly sulfidized, and low dissolved oxygen concentrations in the microcosms did not prevent
sulfate reduction. Aeration did also not affect the retention efficiency of total Ag in the microcosms
and the distribution of total Ag in the aerated microcosms was similar to that of the positive control.
The aging (i.e. addition of organic matter) resulted in a slightly reduced retention of Ag-NPs in the
microcosms due to increased discharge of suspended solids with the effluent.
In Chapter 4, the effects of plants and different wetland substrates on the removal of Ag-NPs
from the water phase was examined in more detail. Different substrates are applied in CWs and they
may have differing influence on the fate of ENMs in CWs. Also, many plants species have been shown
to accumulate metals and hence, it is logical to assume that they could play a role in the retention
of ENMs in CWs as well. The batch experiments showed that the removal of Ag-NPs from the
water phase was dependent on the type of substrate and whether it was covered with biofilm or not.
The results (gravel¡zeolite¡sand) indicated that the particle size (sand) and cation exchange capacity
(zeolite) could increase the removal efficiency. Biofilm covered gravel increased the removal of Ag-NPs
from the water phase to 67% in comparison to 20% by clean gravel, illustrating the importance of
organic matter at retention of (Ag-)NPs. Ag uptake by plants was low during the 4-week experiment
in a hydroponic culture. Ag-NPs remained mainly in the water phase and were adsorbed in/taken up
by the roots but translocation to the shoots was negligible.
Since the Ag-NPs are mainly retained in the biofilm within the CW substrate, toxicity may
arise. Ag has been shown to be toxic to many organisms even at low concentrations. In Chapter 5, it
was investigated whether the biofilm community function (metabolism) or the structure (species) are
affected by the exposure to Ag-NPs. In this experiment also ionic Ag was incorporated to compare
the toxic effects. Ionic Ag is usually reported to be more toxic than Ag-NPs but ionic Ag can also be
released from Ag-NPs. No alterations in the community function nor structure were observed during
one month of exposure to an increasing Ag concentration (at most 80 µg/kg) and this was proposed
to be caused by the protective effects of the biofilm structure.
Many earlier studies have indicated the potential correlation between oxic conditions and phar-
maceutical removal and hence, the effect of intensified, i.e. aerated, CWs was chosen as the main
topic of the second part of this PhD research. In Chapter 6, the performance of an aerated pilot-scale
CW treating domestic and hospital wastewater was assessed. The pilot CW was able to produce
high-quality effluent even at a high organic loading rate but its pharmaceutical removal efficiency was
inadequate. The removal of certain pharmaceuticals, such as metformin and valsartan, was shown to
be improved during aeration. To be able to treat hospital wastewater in CWs, further optimization of
e.g. the hydraulic retention time (HRT) is necessary and the introduction of complimentary treatment
needs to be analyzed.
In Chapter 7, the removal of pharmaceuticals was studied in a full-scale aerated CW. In addition,
the effect of aeration and HRT on the removal efficiency was assessed in a batch experiment. It was
considered important to evaluate the aquatic risk posed by the emissions from the full-scale CW
because it discharged its effluent in a small forest creek. Excellent overall removal of pharmaceuticals
was observed in the full-scale CW and therefore, the aquatic risk it poses on the forest creek was
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estimated insignificant. The removal efficiency is likely to be caused by a combination of factors, such
as hybrid design, low loading and presence of LECA as substrate. The batch experiment revealed that
the removal of certain pharmaceuticals can be improved by active aeration and/or increased HRT.
InChapter 8, the main results obtained during this PhD research are compiled and discussed
in the view of the latest research. This chapter also contains an overview of the main conclusions
and suggestions are given for future research based on the experience acquired during this research.
In short, silver nanoparticles were shown to be efficiently removed in CWs by attaching to organic
matter. They were shown to undergo further transformations which restricts their dissolution and
subsequently decreases their toxicity. Intensification, i.e. active aeration, of the CW when resulting in
low concentrations of dissolved oxygen, did not increase the discharge of silver from the CW. Proper
maintenance and monitoring of the CWs were recommended as the most suitable methods to control
the discharge of nanomaterials from CWs. The removal of the selected pharmaceuticals was observed
to be highly dependent on the type of pharmaceutical. Based on the experiments on pharmaceutical
removal, active aeration may not be necessary for efficient removal, although the presence of both
oxic and anoxic conditions is likely to enhance the overall removal. Hence, the application of hybrid
CWs is recommended when enhanced pharmaceutical removal is targeted. However, active aeration
may provide a solution for (urban) locations, such as hospitals, where space is critical because the
intensification of the treatment induces a decrease in the foot-print.
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Samenvatting
Afvalwater bevat naast de typische organische stoffen en nutrie¨nten ook andere verontreinigingen.
Deze andere vormen van verontreiniging, zoals geneesmiddelen en metallische nanopartikels (Engels:
engineered nanomaterials (ENMs)), worden collectief opkomende micropolluenten (Engels: contami-
nants of emerging concern (CECs)) genoemd. Ze zijn zelfs in zeer lage concentraties (ng/L - µg/l) een
mogelijk risico voor het milieu. Het menselijk lichaam verwerkt geneesmiddelen slechts gedeeltelijk
waardoor zowel het oorspronkelijk geneesmiddel als eventuele nevenproducten afgescheiden worden.
ENMs komen voor in de meest diverse huishoudproducten, zoals textiel, plastiek en cosmetica. Tij-
dens het wassen kunnen de ENMs tevens vrijkomen. De ENMs hebben, door hun kleine grootte,
buitengewone eigenschappen die afwijken van deze van bulkmetalen.
Waterzuiveringsinstallaties kunnen dus mogelijks een bron van CECs in het milieu zijn als
de verwijdering van CECs niet efficie¨nt is. Hoewel er tot op vandaag nog geen wetgeving is met
betrekking tot CECs in het oppervlaktewater, vinden er wel reeds grote inspanningen plaats in de
Europese Unie om meer inzicht te verkrijgen in de aanwezigheid en concentraties van geneesmiddelen
in oppervlaktewateren.
Rietvelden (Engels: constructed wetlands) zijn waterzuiveringsinstallaties die meestal decen-
traal aangelegd worden in afgelegen gebieden omdat in deze regio’s het aanleggen van riolering niet
kostenefficie¨nt is. In de meeste rietveldsystemen vinden twee processen plaats. Eerst wordt de grove
materie verwijderd door bezinking waarna het water naar een rietveld (of rietvelden in serie) gestuurd
wordt voor secondaire behandeling. Een rietveld is een artificieel moeras waar afvalwater behandeld
wordt door natuurlijk voorkomende chemische, fysische en biologische processen. In bepaalde gevallen
worden rietvelden gevuld met grind of grof zand om de microbie¨le activiteit te verhogen. Ze zijn
meestal beplant met typische helofyten zoals riet en lisdodde om de verwijdering van nutrie¨nten te
verbeteren en het geheel een groene uitstraling te geven. Rietvelden lozen hun effluent vaak in kleine
beken en rivieren. De mogelijke risico’s die het lozen van geneesmiddelen en ENMs in zulke waterlopen
met zich meebrengen, zijn de belangrijkste motivatie voor dit onderzoek geweest. Het hoofddoel van
deze thesis is het gedrag van zilver ENMs en geneesmiddelen in rietvelden beter te begrijpen door de
invloed van verschillende factoren, die de verwijdering mogelijks kunnen verbeteren, te bestuderen.
Momenteel is er weinig gekend over de processen die ENMs ondergaan in rietvelden en hoe
efficie¨nt de verwijdering van ENMs is. In hoofdstuk 2 worden de mogelijke transformatieprocessen in
detail besproken op basis van een literatuurstudie in gerelateerde domeinen zoals actief slib water-
zuivering. De mogelijke lozing van ENMs uit rietvelden (door middel van het effluent, het geoogste
plantenmateriaal of het slib) en de mogelijke toxiciteit van ENMs op micro-organismen in het rietveld
worden ook besproken. In dit hoofdstuk worden ook de voornaamste mechanismen en omgevingsfac-
toren besproken die de verwijdering van geneesmiddelen be¨ınvloeden. De potentie¨le risico’s op het
aquatische milieu door het lozen van geneesmiddelen worden ook overlopen.
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Hoofdstuk 3 beschrijft een labo experiment waar het gedrag van zilver nanopartikels in rietvel-
den werd gesimuleerd met microkosmossen. In dit experiment werd ook onderzocht of veroudering van
het rietveld (accumulatie van organisch materiaal) en beluchting de verwijdering van de ENMs kunnen
be¨ınvloeden. De transformaties van de ENMs in de microkosmos werden bestudeerd door middel van
microscopie (STEM-EDX). De resultaten toonden aan dat de ENMs zeer efficie¨nt verwijderd werden
uit het afvalwater (80 - 90%) en dat het grootste deel van de ENMs zich vasthechten aan de biofilm.
De ENMs die werden geloosd met het effluent waren evenwel geadsorbeerd aan vaste deeltjes. Dit doet
vermoeden dat maatregelen die vaste deeltjes in het effluent verminderen, de verwijderingsefficie¨ntie
van zilver ENMs in het rietveld ook kunnen verhogen. Planten hadden slechts een klein effect op de
verwijdering van de ENMs in de microkosmos. De microscopieresultaten toonden aan dat de ENMs
gesulfideerd waren en dat de toegepaste aeratie de sulfaatreductie niet kon voorkomen. Beluchting
had ook geen effect op de verwijderingsefficie¨ntie of de distributie van de ENMs in de microskos-
mos. Veroudering (het toevoegen van organisch materiaal) resulteerde in een lichte verlaging van de
vewijderingsefficie¨ntie van de ENMs door een daling in de verwijdering van zwevende deeltjes.
Hoofdstuk 4 bestudeert de effecten van planten en verschillende substraatmaterialen op de
verwijdering van zilver ENMs uit de waterfase. Er worden verschillende substraten gebruikt in riet-
velden die mogelijks een verschillend effect hebben op de verwijdering van ENMs. Veel plantensoorten
kunnen metalen accumuleren en dus is het logisch om te veronderstellen dat ze ook een rol kunnen
spelen in het vasthouden van ENMs. Het batch experiment toonde aan dat de verwijdering van de
ENMs uit de waterfase afhankelijk was van het type substraat en de aanwezigheid van een biofilm.
De resultaten (grind ¡ zeoliet ¡ zand) wezen aan dat een kleine partikelgrootte (zand) en een hoge
kationuitwisselingscapaciteit (zeoliet) de verwijderingsefficie¨ntie kunnen verhogen. Grind dat bedekt
was met een biofilm kon 67% van de ENMs van de waterfase verwijderen in vergelijking met 20% met
grind zonder biofilm. Dit toont weer het belang van organische materie aan op de retentie van ENMs.
Ag opname door de planten was laag tijdens het experiment van 4 weken in een hydrocultuur. De
ENMs bleven voornamelijk in de waterfase en werden geadsorbeerd/opgenomen in de wortels van de
planten. Transport naar de bladeren was verwaarloosbaar.
Omdat het merendeel van de zilver ENMs in de biofilm van het rietveld blijft, kunnen ze toxisch
worden voor de micro-organismen. Het is eerder aangetoond dat zilver zelfs in lage concentraties
toxisch kan zijn. In hoofdstuk 5 werd onderzocht of de metabolische capaciteiten en diversiteit aan
soorten in de biofilm be¨ınvloed worden door blootstelling aan zilver ENMs. In dit experiment werden
de effecten van ENMs vergeleken met ionisch Ag die volgens verschillende studies giftiger is dan
zilver nanopartikels. Zilver ENMs kunnen ook wel zilver ionen vrijgeven. De studie toonde geen
veranderingen aan in het metabolisme of soortenrijkdom die veroorzaakt zou zijn door de blootstelling
aan verhoogde Ag concentraties (maximaal 80 µg/kg). Vermoedelijk komt dit door de beschermende
werking van de biofilm.
Eerdere studies wijzen op een mogelijke positieve correlatie tussen aerobe omstandigheden en de
verwijdering van geneesmiddelen. Daarom werd de studie van een ge¨ıntensifieerd rietveld, waar actieve
aeratie is toegepast, in dit deel van het onderzoek besproken. In hoofdstuk 6 werd de verwijdering
van geselecteerde geneesmiddelen onderzocht in een belucht piloot-schaal rietveld die huishoudelijk en
ziekenhuis afvalwater zuiverde. Het gezuiverde water had een goede kwaliteit op basis van organische
stoffen en ammonium, zelfs tijdens hoge organische belasting. Maar de verwijderingsefficie¨ntie van
de geneesmiddelen was onvoldoende. Er werd wel aangetoond dat aeratie een positief effect had
op de verwijdering van sommige farmaceutica zoals metformin en valsartan. Om afvalwater van
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een ziekenhuis goed te kunnen behandelen met een rietveld is er verdere optimalisatie nodig. Dit
kan door optimalisatie van de hydraulische retentietijd en/of met de toevoeging van complementaire
behandelingen.
Hoofdstuk 7 behandelt de verwijdering van geneesmiddelen in een full-scale belucht rietveld.
Het effect van aeratie en HRT op de verwijderingsefficie¨ntie werd daarnaast bestudeerd in een batch
experiment. Het behandelde water van het full-scale rietveld kwam terecht in een kleine beek waardoor
het belangrijk werd geacht om het aquatische risico door de lozing van geneesmiddelen te bestuderen.
Uitstekende verwijdering van geneesmiddelen werd vastgesteld in het full-scale rietveld en daarom werd
het aquatisch risico in de beek als laag beschouwd. De hoge verwijderingsefficie¨ntie is waarschijnlijk
te danken aan een combinatie van factoren zoals designfactoren, de lage belasting en het gebruik van
gee¨xpandeerde kleikorrels als substraat. Het batch experiment toonde aan dat verwijderingsefficie¨ntie
van bepaalde geneesmiddelen verhoogd kan worden door actieve aeratie en/of door een verhoogde
HRT.
Hoofdstuk 8 vat de belangrijkste resultaten van dit onderzoek samen en bespreekt ze in het
licht van de meest recente literatuur. Dit hoofdstuk lijst ook de belangrijkste conclusies op en geeft
aanbevelingen voor verder onderzoek. Er werd aangetoond dat zilver nanopartikels efficient wervijderd
worden door de adhesie aan organisch materiaal zoals biofilm. Deze nanopartikels transformeren ook
waardoor hun oplosbaarheid en toxiciteit verminderen. Beluchting van het rietveld (aangetoond met
redelijk lage zuurstof concentraties) veroorzaakte geen toename in de lozing van zilver van het rietveld.
Regelmatig onderhoud en opvolging van het rietveld werden genoemd als de beste maatregelen om de
lozing van nanopartikels te controleren. De verwijdering van de geselecteerde geneesmiddelen varieerde
sterk afhankelijk van de type geneesmiddel. Gebaseerd op de experimenten is beluchting mogelijks
niet noodzakelijk om efficie¨nte verwijdering van geneesmiddelen te behalen, hoewel de aanwezigheid
van zowel oxische als anoxische zones de algemene verwijderingsefficie¨ntie wel kan verbeteren. Daarom
is de toepassing van hybride CWs aanbevolen als verbeterde verwijdering van geneesmiddelen het doel
is. Beluchte rietvelden kunnen wel een oplossing bieden voor stedelijke locaties zoals ziekenhuizen waar
er plaats te kort is, omdat een belucht systeem maar een derde van de oppervlakte van een gewoon
rietveld nodig heeft.
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Tiivistelma¨
Ja¨tevesissa¨ on tunnettujen epa¨puhtauksien - orgaanisen aineksen ja ravinteiden – lisa¨ksi myo¨s monia
muita saastuttavia aineita. Niita¨ kutsutaan yhteisnimityksella¨ ”contaminants of emerging concern”
(CECs) koska, vaikka ne esiintyva¨t ja¨tevedessa¨ vain hyvin pienina¨ pitoisuuksina (ng/L-µg/L), niiden
epa¨illa¨a¨n aiheuttavan haittaa ympa¨risto¨lle. Ta¨ma¨ va¨ito¨skirja keskittyy la¨a¨keaineisiin ja metallisiin
nanopartikkeleihin. Ihmiselimisto¨ hajottaa ja muuntaa la¨a¨keaineita vain osittain ja siksi ja¨tevedesta¨
lo¨ydeta¨a¨n seka¨ la¨hto¨ainetta etta¨ sen metaboliatuotteita. Metallisia nanopartikkeleita ka¨yteta¨a¨n ta-
vallisissa kodin tavaroissa, kuten muovissa, tekstiileissa¨ ja kauneudenhoitotuotteissa, joista partikke-
lit voivat pesun yhteydessa¨ vapautua. Metallisten nanopartikkelien suosio perustuu niiden erityis-
laatuisiin ominaisuuksiin, jotka johtuvat niiden pienesta¨ koosta ja, jotka erottavat ne tavallisista
metalleista. La¨a¨keja¨a¨mia¨ ja metallisia nanopartikkeleja voi siis pa¨a¨sta¨ ympa¨risto¨o¨n pistekuormana
ja¨tevedenpuhdistamoilta mika¨li na¨ita¨ epa¨puhtauksia ei voida poistaa riitta¨va¨n tehokkaasti. Nykyinen
vesilainsa¨a¨da¨nto¨ ei koske CEC-epa¨puhtauksia, mutta mittavia seurantakampanjoita on ja¨rjestetty ko-
ko EU:n alueella, jotta enemma¨n tietoa la¨a¨keja¨a¨mien esiintyvyydesta¨ ja pitoisuuksista pintavesissa¨
saataisiin.
Keinotekoisia kosteikkoja (engl. constructed wetlands) ka¨yteta¨a¨n Keski- ja Etela¨-Euroopassa
yleisesti hajautetussa ja¨tevedenpuhdistuksessa, koska viema¨ro¨innin rakentaminen haja-asutusalueelle
ei ole kustannustehokasta. Kosteikkoka¨sittelyssa¨ ja¨tevesi puhdistetaan ensin karkeasta aineksesta las-
keuttamalla, minka¨ ja¨lkeen vesi johdetaan varsinaiseen kosteikkoon tai niiden sarjaan. Kosteikossa
ja¨tevesi puhdistuu luonnollisesti tapahtuvien kemiallisten, fysikaalisten ja biologisten prosessien seu-
rauksena. Kosteikoita on eri tapaisia, ja valinta tehda¨a¨n ka¨sitelta¨va¨n veden laatuun, tarvittavaan puh-
distustehoon, puhdistusyksiko¨n sijaintiin ym. tekijo¨ihin perustuen. Kosteikko voi siten olla ta¨ytetty
kiviaineksella biologisen aktiivisuuden lisa¨a¨miseksi ja se on useimmiten istutettu ravinteiden pois-
ton parantamiseksi ja vihrea¨n yleisilmeen luomiseksi. Puhdistettu ja¨tevesi johdetaan jokiin tai ojiin,
joiden vedenlaatuun ja ekologiaan ja¨tevedet saattavat vaikuttaa. Na¨in on erityisesti purkuvesisto¨ssa¨
joissa on va¨ha¨inen virtaus ja sen seurauksena puhdistetun ja¨teveden huono sekoittuminen virtaan.
La¨a¨keaineiden ja metallisten nanopartikkelien mahdolliset haittavaikutukset ta¨lla¨isissa¨ tyypillisissa¨
purkuvesisto¨issa¨ ovat kannustin ta¨lle tutkimukselle. Ta¨ma¨n tutkimustyo¨n pa¨a¨asiallisena tarkoitukse-
na olikin kasvattaa tieta¨mysta¨ la¨a¨keaineiden ja metallisten nanopartikkelien poistamisesta ja¨tevedesta¨
tutkimalla tekijo¨ita¨, jotka niiden mahdollisesti edesauttavat niiden poistamista kosteikkoka¨sittelyssa¨.
Nykya¨a¨n tiedeta¨a¨n hyvin va¨ha¨n siita¨ mita¨ metallisille nanopartikkeleille tapahtuu kosteik-
koka¨sittelyn aikana. Kappaleessa 2 on ka¨yty yksityiskohtaisesti la¨pi miten niiden ennustetaan ka¨ytta¨y-
tyva¨n kosteikkoka¨sittelyssa¨ perustuen tietoon muilta vastaavilta aloilta. Lisa¨ksi kappaleessa ka¨sitella¨a¨n
riskia¨ etta¨ metallisia nanopartikkeleita vapautuisi kosteikosta veden, lietteen tai kasvimateriaalin mu-
kana ja arvioidaan niiden mahdollisesti aiheuttamaa haittaa kosteikon toiminnalle. Ta¨ssa¨ kappaleessa
ka¨sitella¨a¨n myo¨s la¨a¨keaineiden poistamista ja¨tevedesta¨ vertailemalla viimeaikaisia tutkimustuloksia
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eri kosteikoista ja ka¨sittelema¨lla¨ tekijo¨ita¨, jotka mahdollisesti vaikuttavat la¨a¨keaineiden poistamiste-
hokkuuteen kosteikoissa. Lisa¨ksi kappaleessa arvioidaan la¨a¨keaineiden aiheuttamaan ympa¨risto¨riskia¨.
Kappaleessa 3 kuvaillaan laboratoriokokeita, joissa hopea nanopartikkelien ka¨ytta¨ytymista¨ kei-
notekoisessa kosteikossa simuloitiin mikrokosmoksilla. Lisa¨ksi kokeessa tutkittiin kuinka kosteikon
ika¨a¨ntyminen (orgaaninen aines lisa¨a¨ntyy) ja ilmastus vaikuttavat hopea-nanopartikkelien pida¨ttymi-
seen kosteikkoon. Mikroskopialla tutkittiin nanopartikkelien muodonmuutoksia, silla¨ niilla¨ voi olla
vaikutusta partikkelien toksisuuteen. Mikrokosmokset pida¨ttiva¨t hopea-nanopartikkeleita eritta¨in te-
hokkaasti (80 – 90%) ja suurin osa partikkeleista kiinnittyi biofilmiin ja orgaaniseen ainekseen. Veden
mukana poistunut hopea oli myo¨s kiinnittynyt kiintea¨a¨n ainekseen, minka¨ seurauksena voitiin tode-
ta etta¨ lisa¨toimenpiteet, jotka va¨henta¨va¨t kiintoaineksen ma¨a¨ra¨a¨ puhdistetussa vedessa¨, va¨henta¨va¨t
myo¨s (hopea) nanopartikkelien pa¨a¨sto¨ja¨. Kasveilla oli va¨ha¨inen vaikutus hopea-nanopartikkeleiden
pida¨ttymiseen. Mikroskopialla voitiin selvitta¨a¨, etta¨ hopea- nanopartikkelit olivat reagoineet sulfidin
kanssa muodostaen vaikealiukoista hopeasulfidia. Hopeasulfidin muodostuminen on toivottavaa, koska
hopeasulfidin on todettu olevan elio¨ille va¨hemma¨n haitallista kuin hopea-nanopartikkelien. Ilmastus
ei vaikuttanut hopea-nanopartikkelien pida¨ttymiseen eika¨ reaktioon sulfidien kanssa. Orgaanisen ai-
neksen kera¨a¨ntyminen kosteikon ika¨a¨ntyessa¨ edesauttaa hopea-nanopartikkelien pida¨ttymista¨ mika¨li
orgaaninen aines ei pa¨a¨se poistumaan kosteikosta.
Kappaleessa 4 erilaisten kosteikon ta¨ytto¨materiaalien ja kasvien vaikutusta hopea-nanopartik-
kelien pida¨ttyvyyteen tutkittiin tarkemmin. Panoskokeilla selvitettiin onko ta¨ytto¨materiaalin valin-
nalla va¨lia¨ nanopartikkelien poistamisessa ja¨tevedesta¨. Useat kasvilajit kykeneva¨t ottamaan metalleja
vedesta¨ ja varastoimaan niita¨ rakenteisiinsa. Niiden vaikutuksesta nanopartikkeleihin ei kuitenkaan ole
viela¨ paljon tietoa. Ta¨ssa¨ kokeessa hopea-nanopartikkelien poistaminen vedesta¨ oli tehokkainta hiekan
ja zeoliitin la¨sna¨ollessa mutta va¨ha¨isempa¨a¨ sorassa. Mika¨li sora oli pa¨a¨llystetty biofilmilla¨, sen te-
hokkuus poistaa nanopartikkeleita vedesta¨ kasvoi huomattavasti (67% vs. 20%), todistaen orgaanisen
aineksen ta¨rkeyden nanopartikkelien pida¨ttymisessa¨. Tutkimuksessa ka¨ytetty kosteikoissa tyypillinen
kasvilaji, ja¨rviruoko, varastoi hopea- nanopartikkeita la¨hinna¨ juuristoonsa.
Koska hopea-nanopartikkelit varastoituvat la¨hinna¨ biofilmiin, on mahdollista, etta¨ metallipi-
toisuudet nousevat myrkyllisiksi kosteikon mikrobeille. Kappaleessa 5 tutkittiin vaikuttaako kasvava
hopea-nanopartikkelialtistus kosteikkomikrokosmosten mikrobiyhteiso¨n metaboliaan tai rakenteeseen
(altistus max 80 µg/kg). Tutkimuksessa huomioitiin seka¨ nanopartikkelit etta¨ hopeaionit, joita na-
nopartikkeleista voi liueta ja joiden uskotaan aiheuttavan hopea-nanopartikkelien toksisuuden. Kuu-
kauden tutkimusjakson aikana negatiivisia vaikutuksia ei huomattu vertailussa kontrollikosteikkoon.
Biofilmin uskotaan suojelevan kosteikon mikrobiyhteiso¨a¨ epa¨puhtausten haittavaikutuksilta.
Useat aikaisemmat tutkimustulokset ovat na¨ytta¨neet, etta¨ la¨a¨keaineiden poistuminen on yhtey-
dessa¨ liuenneen hapen esiintyvyyteen kosteikossa, ja siksi ilmastetut kosteikot on otettu ta¨ma¨n tutki-
muksen teemaksi. Kappaleessa 6 ka¨sitella¨a¨n pilot-kosteikon kykya¨ poistaa la¨a¨keaineita kotitalouksien
ja sairaalan ja¨tevedesta¨. Vaikka puhdistetun veden laatu olikin hyva¨ mitattuna orgaanisen aineksen ja
ammoniakin pitoisuuksilla, la¨a¨keaineiden poistaminen ei ollut riitta¨va¨n tehokasta. La¨a¨keaineiden puh-
distusteho vaihteli suuresti la¨a¨keaineesta riippuen. Ilmastus paransi tiettyjen la¨a¨keaineiden poistamista
(metformiini ja valsartaani). Jotta kosteikkoka¨sittelya¨ voitaisiin soveltaa sairaalan ja¨tevesien puhdistu-
keen, kosteikon toimintaa ta¨ytyy optimoida esimerkiksi sa¨a¨ta¨ma¨lla¨ hydraulista viipymisaikaa, ja lisa¨ksi
tarvitaan mahdollisesti ta¨ydenta¨via¨ puhdistusprosesseja korkean orgaanisen ja la¨a¨keainekuormituksen
takia.
Kappaleessa 7 ka¨sitella¨a¨n ta¨yden mittakaavan kosteikon toimintaa ja arvioidaan sen la¨a¨keainei-
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den pa¨a¨sto¨jen vaikutusta purkuvesisto¨ssa¨, joka oli pieni metsa¨oja. Lisa¨ksi kappaleessa ka¨sitella¨a¨n la-
boratoriokeiden tuloksia ilmastuksen ja hydraulisen viipyma¨ajan vaikutuksista la¨a¨keaineiden poisto-
tehokkuuteen. Kosteikossa saavutettiin eritta¨in hyva¨ la¨a¨keaineiden poistotehokkuus (>90%), ja sen
vuoksi myo¨s sen ekologinen riski ojan ekologialle arvioitiin alustavasti va¨ha¨iseksi. Erinomaisen te-
hokkuuden epa¨illa¨a¨n johtuneen monista tekijo¨ista¨, kuten kosteikon tyypista¨, pitka¨sta¨ viipyma¨ajasta
ja tehokkaasti adsorboivasta ta¨ytto¨aineesta. Panoskokeen perusteella hydaulista viipyma¨aikaa pi-
denta¨ma¨lla¨ ja ilmastuksella voidaan vaikuttaa joidenkin la¨a¨keaineiden poistamistehokkuuteen. Ylei-
sesti ottaen na¨ma¨ tulokset tukevat sellaisten kosteikoiden valintaa la¨a¨keaineiden poistamiseksi, jois-
sa aerobiset ja anoksiset olosuhteet ovat la¨sna¨. Na¨in on usein ns. hybridikosteikoissa, joissa ja¨tevesi
ka¨sitella¨a¨n useissa eri tyyppisissa¨ kosteikoissa pera¨ja¨lkeen tai osittain ilmastetuissa kosteikoissa.
Kappeessa 8 on koottu yhteen ta¨ma¨n tutkimuken ta¨rkeimma¨t tulokset. Niiden perusteella on
myo¨s annettu tutkimusaiheet, jotka tulevaisuudessa tarvitsevat huomiota. Hopean nanopartikkelei-
den osoitettiin kiinnittyva¨n tehokkaasti orgaanisen ainekseen kosteikossa ja la¨pika¨yva¨n muutoksia,
jotka rajoittavat niiden liukenemista ja toksisuutta. Ilmastuksella ei ollut vaikutusta hopean poistu-
mistehokkuuteen vesifaasista. Asianmukainen kosteikkojen kunnossapito ja seuranta ovat suositelta-
vat toimet nanomateriaalien purkuvesisito¨ihin pa¨a¨syn rajoittamiseksi. La¨a¨keaineiden poistamistehok-
kuuksissa huomatttiin suuria eroja eri la¨a¨keaineiden va¨lilla¨. Tulosten perusteella kosteikon ilmastus
ei mahdollisesti ole va¨ltta¨ma¨to¨nta¨ hyva¨n poisamistehokkuuden saavuttamiseksi, mutta seka¨ hapellis-
ten etta¨ hapettomien olosuhteiden la¨sna¨olo todenna¨ko¨isesti parantaa keskima¨a¨ra¨ista¨ puhdistustehoa,
koska jotkin la¨a¨keaineet poistuvat paremmin hapellisissa kuin hapettomissa olsouhteissa ja toisinpa¨in.
Na¨in ollen on suositeltavaa ka¨ytta¨a¨ hybridi kostikkoja, mika¨li tavoitellaan parannettua la¨a¨keaineiden
poistamistehoa. Ilmastus voi tarjota ratkaisun tihea¨a¨nrakennetuilla alueilla, koska ilmastuksen avulla
kosteikon tarvitsema pinta-ala pienenee noin kolmasosaan.
139

Curriculum vitae
Personal information
Name Hannele Auvinen
Address Kuusisenmutka 7
13210 Ha¨meenlinna
Finland
Telephone +358 44 239 06 51
E-mail Hannele.Auvinen@UGent.be
Hannele.Auvinen@gmail.com
Date of birth 4.5.1984
Place of birth Helsinki, Finland
Nationality Finnish
Education
2013–2017 Doctor (PhD) in Applied Biological Sciences
Ghent University,Faculty of Bioscience Engineering,
Department of Industrial Biological Sciences,
Laboratory of Industrial Water an Ecotechnology
Department of Applied Analytical and Physical Chemistry,
Laboratory of Analytical Chemistry and Ecochemistry,
Topic: ”Assessing and improving the removal of contaminants of emerging concern
in intensified constructed wetlands”
2003-2008 Master of Science (MSc) in Environmental Bioechnology
Tampere University of Technology (TUT), Tampere, Finland
Topic: ”Performance and microbial community profile of a sulfidogenic fluidized-bed
bioreactor treating acid mine drainage at low temperature”
Professional activities during PhD research
Tutoring
Hubau L. (2016). Verwijderen van farmaceutica uit ziekenhuisafvalwater met behulp van een pi-
lootschaal rietveld. Master thesis submitted in partial fulfillment of the requirements for the
141
degree of Master of Science in Industrial Biological Sciences, Ghent University, Ghent.
Vanseveren L. (2016). Pilootschaal rietveld voor verwijdering farmaceutica uit afvalwater. Master
thesis submitted in partial fulfillment of the requirements for the degree of Master of Science in
Industrial Biological Sciences, Ghent University, Ghent.
Havran I. (2015). Impact of aeration on the performance of wastewater treatment wetlands – a
pilot scale study. Master thesis submitted in partial fulfillment of the requirements for the
degree of International Master of Science in Environmental Technology and Engineering, Ghent
University, Ghent.
De Buyck P.-J. (2015). Ozonisatie en rietvelden voor de verwijdering van farmaceutica uit afvalwater.
Master thesis submitted in partial fulfillment of the requirements for the degree of Master of
Science in Industrial Biological Sciences, Ghent University, Ghent.
Espinoza Garc´ıa L.V. (2015). Biogeochemical fate of silver nanoparticles in laboratory-scale con-
structed wetlands. Master thesis submitted in partial fulfillment of the requirements for the
degree of Master of Science in Environmental Sanitation, Ghent University, Ghent.
Va´squez Sepu`lveda V. (2014). Fate of silver nanoparticles in treatment wetlands. Thesis submitted
in partial fulfillment of the requirements for the degree of Master of Science in Environmental
Sanitation, Ghent University, Ghent, Belgium.
Lefevere B. (2014). De verwijdering van geneesmiddelen met rietvelden. Thesis submitted in partial
fulfillment of the requirements for the degree of Master of Science in Bioscience Engineering,
Ghent University, Ghent, Belgium.
De Buyck P.-J. (2014). Verwijdering van micropolluenten uit afvalwater: uitdieping op ozonisatie
en behandeling in rietvelden. Thesis submitted in partial fulfillment of the requirements for the
degree of Bachelor of Science in Bioscience Engineering, Ghent University, Ghent, Belgium.
Lefevere B. (2013). De verwijdering van organische micropolluenten in rietvelden. Thesis submitted
in partial fulfillment of the requirements for the degree of Bachelor of Industrial engineering,
Hogeschool West-Vlaanderen, Kortrijk, Belgium.
Evaluation of theses
De Dobbelaere B.,Detand T., Dhont C., Ponnet N. (2016). Aanwezigheid en transport van technologie-
kritische elementen in het aquatische en terrestrische milieu. Project report submitted in partial
fulfillment of the requirements for the degree of Bachelor of Science in Bioscience Engineering,
Ghent University, Ghent, Belgium.
Jan De Coninck. (2015). Speciatie-analyse en -modellering voor de recuperatie van palladium uit
afvalwater van de spiegelindustrie. Thesis submitted in partial fulfillment of the requirements
forthe degree of Master of Science in Bioscience Engineering, Ghent University, Ghent, Belgium.
Educational activities
Organization and supervision of laboratory courses
Microbie¨le ecologie during academic years 2013-2014 and 2014-2015.
Macro-ecologie en Ecotechniek during academic years 2013-2014 and 2015-2016.
142
Publications
Published articles
Auvinen H., Gagnon V., Rousseau D., Du Laing G. 2017. Fate of metallic nanoparticles in constructed
wetlands: prospection and future research perspectives. Reviews in Environmental Science and
Bio/Technology (in press).
Auvinen H., Kaegi R., Rousseau D., Du Laing G. 2017. Fate of silver nanoparticles in constructed
wetlands – a microcosm study. Water, Air and Soil Pollution 228:97.
Auvinen H., Havran I., Hubau L., Vanseveren L., Gebhardt W., Linnemann V., Du Laing G., Rousseau
D. 2017. Removal of pharmaceuticals by a pilot aerated sub-surface flow constructed wetland
treating municipal and hospital wastewater. Ecological Engineering 100: 157-164.
Auvinen H., Va´squez Sepu´lveda V., Rousseau D., Du Laing, G. 2016. Substrate- and plant-mediated
removal of citrate-coated silver nanoparticles in constructed wetlands. Environmental Science
and Pollution Research. 23(21): 21920-21926.
Button M., Auvinen H., Van Koetsem F., Hosseinkhani B., Rousseau D., Weber K., Du Laing G.
2016. Susceptibility of constructed wetland microbial communities to silver nanoparticles: A
microcosm study. Ecological Engineering 97: 476-485.
Audenaert W., Chys M., Auvinen H., Dumoulin A., Rousseau D., Van Hulle S. 2014. (Future) Regu-
lation of Trace Organic Compounds in WWTP Effluents as a Driver for Advanced Wastewater
Treatment. Ozone News 42 (6):17-23.
Book chapter
Auvinen H., Du Laing G., Meers E., Rousseau D. 2016. Constructed Wetlands Treating Municipal and
Agricultural Wastewater – An Overview for Flanders, Belgium. In: Vymazal J. (ed.) Natural
and constructed wetlands.Springer International Publishing. p. 179-208.
Oral presentations in conferences and workshops
COST ES1205, Final conference Transfer of engineered nanomaterials from wastewater treatment &
stormwater to rivers. Aveiro, Portugal, 7-8 February 2017.
WETPOL 6th International Symposium on Wetland Pollutant Dynamics and Control. York, UK,
13-18 September 2015.
IWA 14th International Conference on Wetland Systems for Water Pollution Control, Shanghai, China,
12-16 October 2014.
COST ES1205 Workshop Transfer of engineered nanomaterials from wastewater treatment & stormwa-
ter to rivers. Pula, Croatia, 2-4 June 2014.
Other activities
Acted as a Belgian delegate at the meetings of the Management Committee of COST Action ES1205,
Pula, Croatia (2-4.6.2014) and Tallinn, Estonia (7-8.2015).
Short Term Scientific Mission (STSM) at Federal Institute of Hydrology, Koblenz, Germany, 1-5
September 2014. Funding by: COST Action ES1205.
143

Appendix A
Table A1: Instrumental parameters and calibration conditions of ICP-MS
Instrumental parameter Setting
Nebulizer gas flow 0.75 L/min
Auxiliary gas flow 1.2 L/min
Plasma gas flow 15 L/min
Lens voltage 7.3 V
Plasma RF power 1300 W
Sweeps/reading 30
Dwell time/AMU 75 ms
Integration time 2250 ms
DRC mode 0.4 mL CH4 /min
RPq 0.7
Calibration range 0, 0.2, 0.5, 1, 2, 4, 8, 20 µg Ag/L
Table A2: Aveage (±SD, minimum (Min) and maximum (Max) values for TOC/TSS (mg/L) for
microcosm effluents, n=15)
Positive control OM Air
TOC (mg/L) TSS (mg/L) TOC (mg/L) TSS (mg/L) TOC (mg/L) TSS (mg/L)
Average 19±11 62±54 80±17 213±56 22±8 92±51
Min 5 4 40 121 11 19
Max 40 179 98 320 35 178
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Appendix B
Table B1: Trace element composition of the studied substrates (average ± SD, n=3; LOD=limit of
detection
Sand Gravel Zeolite
Al (mg/g) 0.47±0.03 0.38±0.22 27.2±2.2
Ca (mg/g) 26.4±5.8 371±4 19.5±1.0
Fe (mg/g) 2.01±0.19 1.31±0.40 3.35±0.38
K (mg/g) 0.18±0.01 0.14±0.09 16.4±1.3
Mg (mg/g) 0.51±0.03 2.62±0.48 4.45±0.11
Na (mg/g) 1.23±0.10 0.12±0.009 1.44±0.06
Ag (µg/g) <LOD <LOD 0.36±0.04
Cd (µg/g) <LOD <LOD <LOD
Cr (µg/g) <LOD <LOD <LOD
Cu (µg/g) <LOD 0.91±0.38 1.63±0.17
Mn (µg/g) 39.6±0.6 85.8±23.2 77.1±29.2
Ni (µg/g) 1.26±0.19 2.34±0.30 2.50±1.16
Pb (µg/g) 2.18±0.63 0.82±0.82 25.9±2.1
Zn (µg/g) 5.26±0.27 6.60±2.92 26.3±3.4
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Appendix C
Figure C1: Loading plots for A) DGGE-based PCA and B) CLPP-based PCA
Table C1: Water quality measurements over the 28 day exposure period. A = control, B = citrate
coated Ag-NPs, C = PVP coated Ag-NPs, D = ionic Ag. SD = 1 standard deviation of the mean
(n=3)
Day 7 Day 14 Day 21 Day 28
A B C D A B C D A B C D A B C D
pH 7.5 7.4 7.3 7.4 8.2 7.9 7.8 8.0 7.7 7.8 7.8 7.8 7.7 7.7 7.7 7.7
SD 0.1 0.0 0.1 0.1 0.1 0.1 0.0 0.0 0.1 0.1 0.0 0.1 0.1 0.0 0.0 0.1
DO (mg/L) 0.1 0.4 0.1 0.3 4.5 2.9 4.0 3.6 5.1 4.4 4.1 2.9 2.2 2.6 1.1 1.8
SD 0.1 0.4 0.2 0.1 0.6 0.5 1.0 0.6 0.3 0.4 0.9 1.1 1.4 1.1 0.7 2.6
TOC (mg/L) 4.5 3.2 3.8 3.4 3.2 3.7 3.5 3.3 3.0 3.8 2.8 3.0 2.9 3.5 2.4 2.8
SD 1.9 0.2 0.6 0.3 0.1 0.4 0.2 0.3 0.3 0.7 0.2 0.2 0.6 1.9 0.1 0.6
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Figure C2: DGGE gel image including all samples. Lane number with sample description shown in
table below image, W indicates the week of sampling. Samples are interstitial waters unless stated
as biofilm. 5:Biofilm W0; 6:Control W0; 7:Control W1; 8:Citrate W1; 9:PVp W1; 10:Ag+ W1;
12:Control W2; 14:Citrate W2; 15:PVP W2; 16:Ag+ W2; 19:Control W4; 21:Citrate W4; 22:Ag+ W4;
23:PVP W4; 24:PVP biofilm W4; 25:Citrate biofilm W4; 27:Control biofilm W4; 28:Ag+ biofilm W4;
30:Control W3; 31:Ag+ W3; 32:PVP W3; 34:Citrate W3
Figure C3: EDX spectra corresponding to Ag-NPs in the STEM images shown in Figure 5.2. For (A)
PVP coated, and (B) Citrate coated Ag-NPs in the simulated wastewater solution.
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